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Pd

1.0 EXECUTIVE SUMMARY

The Savannah River Site (SRS) disposes of low-level radioactive waste (LLW) and stabilizes
high-level radioactive waste (HLW) tanks in the subsurface environment. Calculations used to
establish the radiological limits of these facilities are referred to as Performance Assessments
(PAs), Special Analyses (SAs), and Composite Analyses (CAs). The purpose of this document
is to revise the existing geochemical data package used for these calculations (Kaplan, 2016).
This work builds on earlier compilations of geochemical data, referred to a geochemical data
packages (Kaplan, 2007; Kaplan, 2010; Kaplan, 2016; McDowell-Boyer et al., 2000). This work
is being conducted as part of the on-going maintenance program of the SRS PA programs that
periodically updates calculations and data packages when new information becomes available.

Because application of values without full understanding of their original purpose may lead
to misuse, this document also provides the geochemical conceptual model, the approach used for
selecting the values, the justification for selecting data, and the assumptions made to assure that
the conceptual and numerical geochemical models are reasonably conservative (i.e., bias
recommended input values to reflect conditions that will predict maximum risk to the
hypothetical recipient). This document provides 1,232 input parameters for geochemical
parameters describing transport processes for 64 elements (>740 radioisotopes) potentially
occurring within eight subsurface disposal or tank closure areas: Slit Trenches (ST), Engineered
Trenches (ET), Low Activity Waste Vault (LAWYV), Intermediate Level (ILV) Vaults, Naval
Reactor Component Disposal Areas (NRCDA), Components-in-Grout (CIG) Trenches, Saltstone
Disposal Facility, and Closed Liquid Waste Tanks. The geochemical parameters described here
are the distribution coefficient, Kd value, apparent solubility value, ks value, and the cementitious
leachate impact factor.!

The primary changes included in this revision follow.

e Incorporated results from >60 new published reports or journal articles, including 19
related directly to SRS PAs. High pedigree data has been generated and used here from
the Radionuclide Field Lysimeter Experiment (RadFLEX), a 9-year old field experiment
quantifying radionuclide migration under SRS vadose zone conditions. Research related
to the Hanford’s Integrated Disposal Facility (IDF) PA and the European Joint Program
on Radioactive Waste Management (EURAD) have provided a wealth of new data and
insight into geochemical behavior of radionuclides in cementitious environments. Both
programs have generated high quality experimental data related to reducing cementitious
waste forms, providing insight to geochemical processes application to SRS conditions.
Additionally, the European Union’s program assembled an expert panel that completed a
5-year exhaustive literature review and identified conservative Kd values and their ranges
for cementitious materials (Ochs et al., 2016).

! As will be described in more detail in Sections 4.4.5 and 4.4.6, the cementitious leachate impact factors are
element-specific values used to modify Kd values to account for the influence of leachate from cement structures on
groundwater chemistry that may alter radionuclide partitioning to subsurface sediment.

11
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e New equations were introduced to estimate the log-normal distributions of Kd and £;
values based on “best estimates.” Previous distributions were normally distributed around
the “best estimates.” The log-normal distributions reflect better recent experimental data.
An important outcome of this change is that the lower 95% confidence limits is greater
than previous estimates based on normal distributions.

e Additional sediment and cementitious material Kd values were paired to solubility
concentrations, such that models can use “if-then” statements to use Kd values when the
constituent of concern concentrations are below the apparent solubility value, and the
solubility value, when the constituent of concern concentrations exceed this limit.

e Solute binding to cementitious materials changes as the material ages. Previously there
were three Stages of cement degradation plus a duration when “cementitious leachate
impacted Kd” were used. This latter duration was renamed here as Stage IV, to be
consistent with other data bases. No new values were introduced for Stage I'V.

For the vast majority of the dataset, the new information supported use of the original
recommended input values, thereby reaffirming the pedigree of these values. Among
recommended input values that were changed, those that may have the greatest impact on PA
calculations are shown below.

Sediment Oxidizing Cement Reducing Cement

Data

Package Sandy Clayey | Stagel Stagell Stagelll | Stagel Stagell Stagelll
Element  Version® Kd Kd Kd Kd Kd Kd Kd Kd

(mL/g) (mL/g) | (mL/g) (mL/g) (mL/g) | (mL/g) (mL/g) (mL/g)

As Previous ® 200 200

New 300 300
Ba Previous 20 100

New 8 30
Cs, Fr, Rb  Previous 10 50

New 20 300
Np Previous 3 9

New 4 20
Pu Previous 650

New 1000
Sb Previous 200 200 200 200

New 300 300 300 300
@ Previous = Kaplan (2016)
® Empty cells indicate no change in values recommended in this document.

As part of the PA maintenance plan, future geochemical data-needs were identified,
including: (1) develop cementitious leachate impact factors (used to factor the influence of
cementitious leachate on constituent of concern sorption to sediments), (2) develop a reactive
transport code for certain aspects of the PA, (3) conduct studies to understand '*C and
radioiodine geochemistry in cementitious environments, and (4) develop solubility limits and
paired Kd values (for lower constituent of concern concentration conditions) for Ba, Cr, Np, Pa,
Pb, Pu, Sr, and U under reducing and/or oxidized cementitious conditions.

12
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2.0 OBJECTIVE AND SCOPE

The objectives of this document are to explain the following as they relate to the PA, CA,
and SA (henceforth, collectively referred to simply as PA) calculations conducted at the
Savannah River Site (SRS):

1.

the geochemical conceptual model,

2. the approach used to select values for the numerical parameters of these conceptual

models,

the assumptions made to assure that the conceptual and numerical models are reasonable,
and

the recommended geochemical input values for the PA and justification for their
selection.

The scope of this document includes providing geochemical direction and input values
appropriate for eight SRS facilities and 64 constituents of concern.

1.

SRS Facilities: To provide geochemical input values for PA modeling of the:

e Slit Trenches (ST),

e Engineered Trenches (ET),

e Low Activity Waste Vault (LAWYV),

e Intermediate Level Vault (ILV),

e Naval Reactor Component Disposal Areas (NRCDA),
e Components-in-Grout (CIG) Trenches,

e Saltstone Disposal Facility (SDF), and

e C(Closed Liquid Waste Tanks.

Constituents of Concern: To provide geochemical input values for PA modeling of
isotopes of the following 64 elements: Ac, Ag, Al, Am, Ar, As, At, Ba, Bi, Bk, C, Ca,
Cd, Ce, Cf, Cl, Cm, Co, Cr, Cs, Cu, Es, Eu, F, Fe, Fm, Fr, Gd, H (as *H), Hg, I, K, K,
Lu, Mn, Mo, N (as NO3™ and NOy") Na, Nb, Ni, Np, Pa, Pb, Pd, Po, Pt, Pu, Ra, Rb, Re,
Rn, Sb, Se, Sm, Sn, Sr, Tc, Te, Th, T1, U, Y, Zn, and Zr.

Duration: The duration of interest varies between the various types of calculations, but is
commonly 1,000 years, 10,000 years, or the duration required for the maximum dose to
be manifested. Thus, if geochemical conditions are expected to change during these
periods of interest, then appropriate adjustments to the geochemical conceptual and
numerical models were also made.

Geochemical Conditions: The tendency of constituents of concern to migrate can be

greatly influenced by the geochemical conditions of the subsurface system. The primary
environmental systems include here are:

13
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¢ sandy sediment,

e clayey sediment,

e young (Stage I) cement,

¢ middle aged (Stage II) cement,

e aged (Stage III) cement,

e young (Stage I) reduced cement,

e middle aged (Stage II) reduced cement,

e aged (Stage III) reduced cement,

e cementitious leachate impacted sandy sediment, and
e cementitious leachate impacted clayey sediment.

3.0 PHILOSOPHY AND ASSUMPTIONS

The basic philosophy used to develop and to parameterize the geochemical models originated
from a broad range of basic and applied research. Basic mechanistic studies and first principles
of chemistry and geochemistry were used to provide guidance for the conceptual geochemical
models. Empirical studies, preferably with site-specific materials and conditions, were used to
provide input estimates to help quantify the conceptual models. Solute partitioning between the
aqueous and solid phases was described using the distribution coefficient, Kd value and the
apparent solubility value, ks (defined in Section 3.1). A series of look-up tables were prepared
containing these parameters that vary with the type of porous media (e.g., sandy sediment, clayey
sediment, cementitious material, reducing cementitious material), and in the case of cementitious
materials, the age of the solid and the presence or absence of slag (a strong reducing agent).

Section 3.1 contains a description of the differences between the theoretical and empirical Kd
values and their relation to the retardation factor, a parameter used in reactive transport models
that describes solute interactions with the solid phase. Section 3.1 is followed by a description of
the apparent solubility values and how they differ from Kd values (Section 3.2). Importantly, it
was decided not to employ throughout the PAs more mechanistic surface complexation models,
which are discussed in Section 3.3. While the PA models routinely use such models under
limited conditions to inform the larger PA (Denham, 2006; Denham, 2007, 2009; Denham and
Millings, 2012; Miller et al., 2010; Serkiz and Kaplan, 2006), their widespread application have
not yet been developed, primarily because an extraordinarily large number of model input values
would need to be generated to support the large number of constituents of concern (64 elements)
and wide range of environmental conditions (12 geochemical environments) existing in the
various PA scenarios.

3.1 Distribution Coefficients

Coupled reactive-transport modeling, as the name implies, combines chemical equations to
describe solute interaction with the sediment or waste form with equations to describe the flow
of water through porous or fractured media. The outcome is a prediction of the temporal and
spatial distribution of the solute. The solute-sediment interactions are complex, and include
adsorption, absorption, partitioning into organic matter, complexation, precipitation, and co-

14



SRNL-STI-2021-00017. Rev. 0

precipitation. The magnitude of these interactions for a given solute may vary greatly depending
on solid phase composition or porewater chemical composition. Each type of interaction
between the solute and solid phase has a unique numerical representation. However, the most
common approach used in coupled reactive-transport modeling is to incorporate the effect of all
reactions into one Kd value. The Kd value is the simplest construct describing solute sorption to
sediments. Sorption is used here in a manner consistent with the definition provided by Sposito
(1989), that is, all processes that remove solutes from the aqueous phase. The Kd value (mL/g)
is the ratio of the solute concentration sorbed to the solid phase (Cjoiis (mol/g)) divided by the
solute concentration in the liquid surrounding the solid phase (Ciiguis (mol/mL) (Equation 1):

Csolid
C

Kd = , (1)

liquid

Sorption as expressed by Kd values is normalized by mass and not volume (as transport modelers
use) or surface area (as surface chemist use). First and foremost, it is assumed that steady state is
achieved and that kinetics, the rate that sorption occurs, is not important under the assumed
modeling conditions. Sorption kinetics is typically not an issue for groundwater flow rates that
generally do not exceed a few centimeters per day, thereby providing long aqueous/solid phase
contact times. Kd also assumes that sorption is linear, i.e., changes in aqueous concentrations do
not impact the extent of sorption (Figure 1-Top). As the concentration of a solute on the solid
phase increases, the sorption isotherm becomes non-linear, i.e., it takes on a Freundlich sorption
profile. The non-linearity has been attributed to the number of available sorption sites
diminishing to a point that it becomes less likely for the solute to find an available sorption site.
The aqueous phase concentration where this transition from linear to non-linear sorption occurs
varies with solute. For example, in a carbonate sandy soil, this transition was noted at 10> M Sr,
whereas it occurred at 10°M Cs (Krupka et al., 1999b). Similarly, the apparent solubility of
Pu(IV) in a goethite suspension approaches 10® M (Zhao et al., 2016). Upon adding more
solute to the solubility-controlled system, as may occur near a source term, precipitation occurs
(Figure 1-Top).
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Figure 1. (Top) Idealized sorption isotherm, showing constituent of concern aqueous
concentration, Ciiquia, versus surface-bound, Csolia concentration, identifying the linear sorption
range (Kd sorption), non-linear range (Freundlich sorption), and the apparent solubility
concentration (k). (Bottom) Simplified sorption isotherm, as assumed in the proposed model,
consists of only the linear sorption (Kd) and precipitation (k) ranges.
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3.1.1 Theoretical Distribution Coefficient

The theoretical distribution coefficient is a thermodynamic construct (Kdsmermo) (Sposito,
1989). It is the ratio of the concentration of a species reversibly adsorbed/exchanged to surface
sites divided by the concentration of the species in the surrounding solution. For example, the
species-specific Kd value for uranyl is written as follows:

X=U0;"

Kd =
thermo U022+

2)

where X=UO,*" is the activity of the uranyl species reversibly adsorbed to a specific surface site
X, and UO,*" is the activity of dissolved “free” uranyl species at equilibrium with the surface site
X. There are typically several different types of surface sites on a single mineral. For example,
goethite (FeEOOH) consists of three types of surface sites. Among the many assumptions
underpinning Kdsmermo 1S that adsorption is instantaneous, fully reversible (i.e., the rate of
adsorption is equal to the rate of desorption), linear (i.e., the proportional adsorption of a solute is
not influenced by the aqueous solute concentration; Figure 1) and the presence of adsorbed
species does not influence subsequent adsorption of other dissolved species. Thus, a single
distribution coefficient is used to represent both sorption and desorption of each solute species in
association with each adsorbent site.

Clearly, the Kdmermo construct is overly restrictive for application in the real world where we
are interested in describing solute interactions with sediments consisting of dozens of different
types of surfaces sites, and where there is a multitude of aqueous species for a single constituent
of concern. Therefore, in order to apply the Kd construct to solute transport and PA calculations,
the definition of the construct needs to be relaxed. For this reason, this text differentiates
between Kdimermo and Kd, whereby the latter is the more common usage.

Another practical reason for using Kd instead of Kdimermo 1s that it is very difficult to measure
the activity of individual chemical species on the adsorbents’ surfaces. There are no analytical
methods available that permit measuring the thermodynamic activity,? as opposed to
concentration of a single species bound to a surface. The parameters that can be readily
measured are the total solute concentration and not the concentration of the individual species of
a solute. Thus, the Kduermo construct requires differentiating and quantifying each type of
surface site and each solution species. Additionally, spatial variability of the surface sites and
groundwater chemistry in natural systems cannot practicably be characterized to the degree
necessary for the full implementation of species’ specific sorption models, such as the triple
layer surface complexation model (Jenne, 1998; Kent et al., 1988).

2 The term “activity” is used here to indicate the concentration of the contaminant at the thermodynamic reference
state, a reference state that accounts for, amongst other things, electrostatics. The term is not used here as the
activity resulting from radiological decay.
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3.1.2 Empirical Distribution Coefficient

The empirical definition of the Kd construct is the ratio of the concentration of the complete
suite of species bound to the surface divided by the suite of species in solution. Again, using
uranyl as an example, the definition of the thermodynamic Kd would be for a system containing
three U(VI) species [UO2?", UO2(OH)", and UO2(OH).’]:

Y Adsorbed U Species  X=UO + X=UO, (OH)" + X=UO, (OH)}

Kdthermo = N K - 24 + 0
ZDlssolved U Species Uvo;" +UO,(OH)" +UO, (OH),

3)

where X= is the concentration of an average sorbent site (more than one sorbent site-type is
expected in nature). Rewriting equation 3, the Kd value can be defined as the sum of the sorbed
species, the denominator, divided by the sum of the aqueous species, the numerator:

Kd - total U(VI)on solid @

total U(VI)in solution”

An important limitation of this empirical Kd is that, in theory and in practice, it is not a
robust parameter, i.e., it describes solute sorption under a limited set of aqueous and solid phase
environmental conditions. Changes in either may be expected to alter the Kd value.

Reasons for selecting the Kd construct for the PA (and under limited conditions, the apparent
solubility values, k) include:

1) Most existing sorption literature on radionuclide sorption, especially at SRS can be
classified as empirical Kd values.

2) Under the expected low concentrations of the solutes in the far field, sorption is
expected to be linear, i.e., can be considered to be independent of solute
concentration.

3) Kd can be used directly in all PA transport codes.

4) Presently, there are not any thermodynamically based conceptual models that are
robust enough to predict accurately the degree of constituent of concern adsorption by
multiple natural sediments/environments, as needed for the PA (see below).

By using site-specific materials, namely sediments or cementitious materials and
groundwater from disposal areas, it is possible to gather relevant data and not rely on
extrapolation from other sediment and aqueous systems reported in the literature. The problem
with the rigorous thermodynamic species approach is that there is presently no numerical or
conceptual model developed that is sufficiently robust to predict accurately the degree of
adsorption by natural sediment (Davis et al., 1998; Sposito, 1984; Wang et al., 1997; Westall,
1986, 1994). However, mechanistic models provide the necessary conceptualizations upon
which technically defensible empirical Kd values must be based. For many of the Kd data used
in the PA geochemical data package, sorption experiments have been conducted with site-
specific sediment, cementitious materials, and groundwater. This approach provides additional
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assurance that the correct solid phase and aqueous phase speciation is included in the
measurements, without knowing exactly which species comprise these phases.

Another aspect of the Kd construct that is typically relaxed when used in solute transport
calculations is the strict adherence to the assumption of reversibility. As pointed out earlier,
Equation 2 implies an adsorption or exchange reaction that is reversible. The laboratory Kd
measured with natural sediments and groundwater, often reflect not only adsorption and
exchange reactions, but also absorption, specific or somewhat irreversible adsorption, surface
complexation, and varying degrees of (co)precipitation reactions. In fact, desorption
experiments (described below) have shown that true reversibility is the exception and not the rule
(Krupka et al., 1999a). The desorption process occurs either at the same rate or slower than the
(ad)sorption process. The reason for this is that during desorption, the solute must first break the
bond with the surface, whereas in adsorption, the solute does not need to break a bonding energy.

The importance of first identifying the dominant geochemical process affecting solute
concentrations in the mobile aqueous phase can be illustrated through an experiment conducted
by Powell et al. (2014). In this experiment, as the pH of SRS sediment-groundwater slurries
were increased 1 pH unit, from pH 5.5 to 6.5, Pu(V)-Kd values after one day of contact
systematically increased from 9 to 1100 mL/g. This trend was explained by corresponding
changes in mineral surface charge, and to a smaller extent by changes in the Pu speciation. After
33 days of contact, all the Kd values greatly increased; the pH 5.5 Kd increased from 9 to 4900
mL/g. Speciation measurements of the bound and aqueous Pu indicated that the added Pu(V)
had undergone reduction to Pu(IV), a species that sorbs very strongly to mineral surfaces.
Furthermore, the sorption process had also changed from being primarily controlled by Pu(V)
surface complexation at 1 day to Pu(IV) surface precipitation after 33 days. This study
exemplifies two points. First that Kd values can vary greatly with slight changes in the
chemistry or mineralogy of the system. A pH change of 1 unit within a plume is not uncommon.
Secondly, this example underscores the importance of understanding the sorption process. Once
the sorption process is understood, it is appreciably easier to select the experimental conditions
needed to measure a Kd or select a Kd from the literature. On a practical level, this knowledge
also often permits greatly reduces the range of potential Kd values.

3.1.3 Relation Between Distribution Coefficient and Retardation Factor

In solute transport models, the Kd value is used to define the retardation factor, (Ry, unitless)
which is the ratio of the average linear velocity of water (vw, m/s) divided by the average linear
velocity of the solute (ve, m/s). For water saturated systems, such as aquifer systems, the Kd
value is related to the Ry by the bulk density (pv, g/cm?®) and the porosity (1, cm®*/cm?) as shown
in Equation 5 (Bower, 1991; Valocchi, 1984):

R/.zﬁz(u%j. (5)
v 7

c

The bulk density and porosity terms in Equation 5 convert the mass-normalized Kd value into a
volume-normalized value. Note that for partially saturated sediments, such as in the vadose
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zone, the porosity term, 1), is replaced by the volumetric water content of the vadose zone
sediments.

3.2 Apparent Solubility Values

In addition to the Kd construct, the apparent solubility values, ks, (mol/L or M,) were used to
describe constituent of concern geochemical behavior, especially within disposal sites and within
waste forms (Figure 1). Values of ks were proposed for conditions where the concentrations of
the constituents of concern may exceed the solubility of an assumed solubility-controlling
mineral phase. Identification of controlling solid phases for SRS PA activities was based on
laboratory experiments, calculations, and the literature. Once the solubility-controlling solid
phase was identified, the upper limit (the conservative value for the groundwater pathway)
concentration was calculated with the appropriate background electrolyte composition
(groundwater composition). When constituents of concern concentrations exceed the solubility
concentration for a given mineral, precipitation occurs, and subsequent the constituent of concern
aqueous concentrations cannot exceed the ;. At concentrations below the solubility limit the
constituent of concern concentration is assumed to be controlled by the Kd construct (Figure 1 —
Bottom).

33 Brief Overview of Mechanistic Complexation Models

Mechanistic models explicitly accommodate the dependency of Kd values on: solute
concentration, competing ion concentrations, pH-dependent surface charge, and/or solute species
distribution. Incorporating mechanistic, or semi-mechanistic, concepts into models is advantageous
because the models become more robust and technically more defensible. There are several
mechanistic models that can describe solute adsorption; some are accurate only under limited
environmental conditions (Sposito, 1984). For instance, the Stern model is a better model for
describing adsorption of inner-sphere complexes, whereas the Gouy-Chapman model is a better
model for describing outer-sphere or diffuse-swarm adsorption (Sposito, 1984; Westall, 1986). To
fully employ complexation models in the PA requires an increase in data collection to accommodate
the wide range of elements and experimental conditions of interest. A brief description of the state
of this science is presented below. References to excellent review articles have been included in the
discussion to provide the interested reader with additional information.

Experimental data on interactions at the mineral-electrolyte interface can be represented
mathematically through two different approaches: 1) empirical models and 2) mechanistic models.
An empirical model can be defined as a mathematical description of the experimental data without
ascribing any particular sorption mechanism. For example, the Kd, Freundlich isotherm, Langmuir
isotherm, Langmuir Two-Surface Isotherm, and Competitive Langmuir are considered empirical
models by this definition (Sposito, 1984). Mechanistic models refer to models based on
thermodynamic concepts such as reactions described by mass action laws and material balance
equations. Four of the most commonly used mechanistic models include the Helmholtz, Gouy-
Chapman, Stern, and Triple Layer models (Sposito, 1984). The empirical models are often
mathematically simpler than mechanistic models and are suitable for characterizing sets of
experimental data with a few adjustable parameters or for interpolating between data points.
Conversely, mechanistic models contribute to an understanding of the chemistry at the interface and
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are often used for describing data from complex multi-component systems for which the
mathematical formulation (i.e., functional relations) for an empirical model might not be obvious.
Mechanistic models can also be used for interpolation and characterization of data sets using
adjustable parameters. Adjustable parameters are required for both mechanistic and empirical
models, but not for the Kd model.

Several mechanistic models have been proposed; however, their application to complex
natural sediments is not resolved (Davis and Kent, 1990; Schindler and Sposito, 1991; Sposito,
1984; Westall and Hohl, 1980; Westall, 1986). Any complete mechanistic description of
chemical reactions at the mineral-electrolyte interface must include a description of the electrical
double layer. While this fact has been recognized for years, a satisfactory description of the
double layer at the mineral-electrolyte interface still does not exist.

Part of the difficulty of characterizing this interface stems from the fact that natural mineral
surfaces are very irregular and non-homogeneous. They consist of many different micro-crystalline
structures that exhibit quite different chemical properties when exposed to solutions. Thus,
examination of the surface by virtually any experimental method yields only averaged characteristics
of the surface and the interface. Parson (1982) discussed the surface chemistry of single crystals of
pure metals and showed that the potential of zero charge (the electrical potential where the surface
charge is zero mV) of different crystal faces of the same pure metal can differ by over 400 mV. For
an oxide surface, this difference was calculated by Westall (1986) to be energetically equivalent to a
variation in the zero-point-of-charge of more than six pH units. This example indicated that a
measurable macroscopic property, such as pH, might be the result of a combination of widely
different microscopic properties. Another fundamental problem encountered in characterizing
reactions at the mineral-electrolyte interface is the coupling between electrostatic and chemical
interactions, which makes it difficult to distinguish between their effects. Westall and Hohl (1980)
showed that many models for reactions at the mineral-electrolyte interface are indeterminate in this
regard.

Mechanistic or surface-complexation models are designed to describe well-defined systems
with little or no heterogeneity, unlike natural sediments. One method of addressing
heterogeneous systems is an empirical approach that Davis et al. (1998) and Davis et al. (2004)
refer to as the generalized composite approach. In this approach, data from experimental soil
sorption studies are fitted to various stoichiometric sorption reactions and model formulations
based on reaction scheme simplicity and goodness-of-fit (Herbelin and Westall, 1999). This
avoids the necessity of detailed mineralogical characterization required in the more general
approach that Davis et al. (1998) and Davis et al. (2004) called the “component additivity”
approach. It is also important to note that the authors of this approach do not assign specific
binding sites (e.g., Fe-oxide “B” sites or planar kaolinite sites) to the solid phases, instead they
state that the solid phase has a series of “types of binding sites” that have a similar tendency to
bind the constituent of concern. A given soil or mineral, may have two or three such “types of
binding sites,” the number is dictated by fitting algorithms, and not by a priori assumptions.

Data collection to support the generalized composite approach requires experimental

determination of surface complexation under all mineralogical and chemical conditions expected
within a plume. The resulting data permits calculating semi-empirical geochemical sorption

21



SRNL-STI-2021-00017. Rev. 0

parameters that can then be used to describe solute sorption for a wide range of environmental
conditions at the study site. Less site-specific data is required to support the component
additivity approach and this approach can simulate changing conditions more realistically than
the generalized composite approach. For example, if a phase is predicted to precipitate (or
disappear) in the future it cannot be accounted for in the generalized composite approach,
whereas this can be incorporated into the component additivity approach. The inclusion of these
geochemical models into the PA is an eventual goal. One recent successful application of this
modeling approach has been with Eu (an analogue for trivalent radionuclides), natural organic
matter, and SRS sediment (Kaplan et al., 2010b). The attribute of this approach, albeit still quite
limited in application, is that the sorption behavior of a solute can be described in a wide range
of environmental conditions, a far more robust description of the system than would be available
using a single Kd value.

3.4 Colloid-Facilitated Transport of Contaminants

Introduction: Contaminant transport is traditionally modeled in a two-phase system: a
mobile aqueous phase and an immobile solid phase. There has been an increasing awareness of
a third phase, a mobile solid phase, or colloidal phase. Mobile colloids consist of organic and/or
inorganic submicron-particles that move with groundwater flow. When constituents of concern
are associated with the mobile colloids, the net effect is that the constituents of concern can
move faster through the subsurface system than would be predicted by transport models that do
not include mobile colloids. The earliest review of colloid-facilitated transport of contaminants
was presented by McDowell-Boyer et al. (1986), and many of their conclusions and most of their
references were repeated in a second review by McCarthy and Degueldre (1993). A recent
review including the role of nanoparticles was provided by Kretzschmar and Schafer (2006).
There have been four locations where subsurface colloid facilitated transport has been observed:
1) Pu at the Nevada Test Site (Kersting et al., 1999), 2) Pu and Am at the Los Alamos National
Laboratory (Penrose, 1990), 3) Pu at the Mayak Production Association in Russia (Novikov et
al., 2006), and 4) Pu and Am in F-Area, SRS (Buesseler et al., 2009; Dai et al., 2002; Kaplan et
al., 1994).

Mobile colloid formation is commonly described as a three-step process: genesis,
stabilization, and transport. Colloid genesis describes how the submicron particles are formed in
groundwater. Stabilization describes how the colloids are brought into suspension, which is a
function of the colloid and groundwater composition and water flow forces. Transport describes
how the suspended colloids move through the porous media or are retained by physical forces
(such as diffusion, straining, or gravitational settling) or physicochemical attraction to the matrix.

Regarding the first step, colloid genesis, there is little doubt that radionuclide-bearing
colloids will be generated at the SRS disposal facilities. Ramsay (1988) presented strong
evidence for the existence of colloid particles in glass and cement leachate and provided an in-
depth review of the various types of colloids that can/may exist (e.g., glass fragments,
precipitation products, geological materials, secondary phases formed from glass leachate).
However, it is not clear whether environmental conditions at the SRS are conducive for colloid
stabilization and subsequent transport.
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Kaplan (2006) conducted a series of colloid dispersion experiments using a series of SRS
sediments as a function of ionic strength (the amount of salts in solution), pH, and soil type. pH
values had a significant effect on the dispersion of five SRS sediments. At background sediment
pH values (pH 4.2 to 5.9), there was minimal or no tendency for clays to disperse. As the pH
was increased, there was generally a critical pH value, above which significant dispersion
occurred. These critical pH values (between 5.7 and 6.2) were only about half a pH unit higher
than corresponding background pH levels. These findings have implications to the PA systems
where cementitious materials are present. Cementitious materials will likely elevate pH
conditions above ambient levels. However, cementitious materials also create leachates that
have chemical properties that promote colloid flocculation, namely they have higher ionic
strengths and greater divalent cation concentrations than typical SRS groundwater. (Divalent
cations tend to flocculate or agglomerate colloidal particles in suspensions than monovalent
cations, because divalent cations reduce more the thickness of the double electric layers and thus
the surface potential of the colloidal particles than monovalent cations.)

In a study designed to evaluate the effect of a high-pH cementitious leachate on colloid
mobilization, columns studies were conducted with SRS subsurface sediments (Li et al., 2012).
The extreme alkaline pH environments of the cementitious leachate resulted in a sharp spike in
leachate turbidity, demonstrating that the leachate temporarily promoted the formation of mobile
colloids. The mobile colloids consisted primarily of goethite, but they were formed only in the
alkaline front as it penetrated through the sediment column. Turbidity sharply decreased, even
though the groundwater chemistry did not change. Experiments to evaluate the conditions away
from the cementitious source indicated that there were essentially no mobile colloids present.

In a second set of column studies, Li et al. (2013) tested whether the presence of organic
matter could promote the formation of mobile colloids. They reported that increases in natural
organic matter concentrations resulted in a systematic increase in colloid charge. However, even
when chemical conditions favored colloid dispersion (e.g., elevated pH values or organic matter
concentrations) subsequent colloid transport was almost completely eliminated due to the SRS
sediments’ innate capacity to filter out dispersed colloids from moving freely through the pore
spaces.

Field studies of colloid facilitated transport of Pu have been studied on the SRS by two
groups, the University of Georgia/SRNL (Kaplan et al., 1994; Seaman et al., 1995; Seaman et al.,
1997)* and Woods Hole Oceanographic Institution (Buesseler et al., 2009; Dai et al., 2002).
Together their results detected the presence of Pu on mobile colloids about 700 m from the
source (F-Area Seepage Basin). Kaplan et al. (1994) measured Pu associated with a filterable
fraction in groundwater recovered in F-Area, which is near the E-Area burial grounds and the
Saltstone disposal facility. Very little Pu was found in association with colloids, 0.003 pCi/L
2392240py. To put this concentration in perspective, the Maximum Contaminant Level (MCL) for
239240pyy s 15 pCi/L (Federal Register, Vol. 65, No. 236, December 2, 2000); thus, the amount
found associated with colloids was 5000 time less than the MCL. However, it does demonstrate
that Pu-bound to colloids can move considerable distances, much faster than if described by the
conventional two-phase model.

3 Kaplan et al. (1994) also detected Th, U, Am, Cm and Ra on colloids, and the fraction of radionuclides associated
with colloids increased as: Pu> Th > U > Am = Cm > Ra.
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The percentage of Pu retained by filters, increased as the pH of the plume increased, which
was also concomitant with distance from the point source. Inversely, the percentage of Pu that
passed through the smallest membrane, 500 molecular weight cut off (MWCO; ~0.5 nm)
decreased with distance from the point source. The ratio between the Pu concentration of
colloids in well water and liquid in the source zone did not change in a systematic manner with
distance from the source (or pH) (Kaplan et al. 1994).

Dai et al. (2002) also conducted a colloid study in F-Area and concluded that colloids were
not involved in Pu transport. The difference between these two results, Kaplan et al. (1994)
reporting 28 to 100% colloidal Pu and Dai et al. (2002) reporting no colloidal Pu, may be
attributed to significant differences in sampling and analytical techniques. Dai et al. (2002) used
more sensitive analytical methods but larger molecular weight cut-off membranes (permitted
larger particles to pass through (1000 MWCO (~1 nm)) to separate colloidal from the dissolved
fractions than those used by Kaplan et al. (1994; 500 MWCO, (~0.7nm)).

Woods Hole Oceanographic Institution and SRNL returned to F-Area in 2004 to characterize
changes in Pu oxidation states and Pu association with colloids in groundwater samples collected
six years earlier (Buesseler et al., 2009). They reported small concentrations of Pu associated
with colloids. The percentage of Pu associated with colloids, 1 to 23%, was less than that
reported by Kaplan et al. (1994), 28 to 100%, but was more than that reported by Dai et al.
(2002), 0 to 10%. They concluded that Pu moved primarily in the dissolved state (and in the
higher Pu oxidation states). They reported that colloidal Pu increased systematically with
decreases in redox conditions. They observed greater dynamic shifts in Pu speciation, colloid
association, and transport in groundwater on both seasonal and decadal time scales and over
short field spatial scales than commonly believed.

Colloid Models: Accurate colloid-facilitated contaminant transport models are important to
estimate the role this mode of transport may contribute. Models have always been more
advanced than the ability of scientists to measure accurate input values for these models. They
serve an important role as a tool for helping to understand what cannot be measured accurately.
But because the input to these models is still lacking, the results from modeling studies are not
quantitative. As discussed above, most models described colloid facilitated contaminant transport
as an equilibrium partitioning of contaminants between the solution phase, colloid surfaces, and
media surfaces (Grindrod, 1993; Hwang et al., 1989; Smith, 1993). The equilibrium assumptions
can be simplified considerably, permitting analytical or semi-analytical solutions to be
implemented (Grindrod, 1993; Hwang et al., 1989). Corapcioglu and Jiang (1993) included
numerical models with first-order reversible rate expressions to describe contaminant sorption
onto both colloid and media surfaces, as well as first-order expressions describing colloid
attachment and detachment to media surfaces. Noell et al. (1998) used the model of Corapcioglu
and Jiang (1993) to describe a '*’Cs silica colloid transport model through a glass bead column.
Ibaraki and Sudicky (1995b) and Ibaraki and Sudicky (1995a) and Oswald and Ibaraki (2001)
incorporated kinetic expressions to explicitly describe colloid-facilitated contaminant transport in
fractures and matrix diffusion.
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Thermodynamic databases are employed to estimate the formation of facilitated transport
species, whether they are complexed species, precipitated colloidal species, or strongly sorbed
species on minerals. Thermodynamic properties or stability constants for 246 lanthanide
complexes with chloride, fluoride, hydroxide, carbonate, sulfate, bicarbonate, nitrate, and
orthophosphate were calculated at pressures of 1 to 5,000 bars and 0 to 1,000 °C (Haas et al.,
1995). This database of stability constants can be used to predict colloid formation under
different environmental conditions. An especially useful review of how to treat natural and
anthropogenic organics in numerical and conceptual models and a large number of constants is
provided by Schwarzenbach et al. (2005). EQ3/EQ6 is a reaction path code, which describes the
evolution of a water/rock system as reaction progress over (Wolery, 1992). This is especially
important in waste packages as the solid phase changes properties, such as glass and its binding
properties to radionuclide changes. EQ3/EQ6 also has a large radionuclide database and Pitzer
input. MINTEQAZ2 (http://www.epa.gov/ceampubl/mmedia/minteq/) is an EPA equilibrium
speciation model that can be used to calculate the equilibrium composition of dilute aqueous
solutions in the laboratory or in natural aqueous systems. Its database, PRODEFA2, includes
numerous radionuclides, but few of the actinides of concern for facilitated transport are included.
Also, radiological decay is not included as a subroutine. Geochemist’s Workbench
(http://www.rockware.com) (Bethke and Yeakel, 2009) is commonly used software because of
its ease of use, graphics capability, large existing thermodynamic database, and ability to import
new thermodynamic data. Like EQ3/EQ6, Geochemist’s Workbench is a reaction path code. An
important caveat with the use of each of these thermodynamic codes is that it is incumbent upon
the user to make sure that the appropriate constants are present within the database for the
conditions being modeled. For example, if EDTA is present in a reducing plutonium
contaminated system, it is necessary to ensure that, at a minimum, there are constants for EDTA
with Pu(IV) in the database.

Modeling colloid facilitated transport of radionuclides in the SRS subsurface environment is
greatly hindered by the paucity of data on the subject. Measurements presented by Kaplan et al.
(1994), Dai et al. (2002), and Buesseler et al. (2009) were conducted in the F-Area Seepage
Basin plume, which is very acidic, pH 3 to 5.5 (background). As such, it does not reflect
conditions expected in any of the PA scenarios. In fact, if anything, plumes of interest to SRS
PAs will likely have a background pH of ~5.5 or an alkaline pH due to the common use of
cementitious engineered barriers (Section 5.0). Given this important caveat, the Pu
concentration carried by colloids, based on F-Area results, were thousands of times below the
MCL (15 pCi/L), even though an estimated 7,000,000,000 pCi of ****°Pu was disposed in the
seepage basins. At higher pH systems than that of F-Area, it is likely that colloids would play a
greater role in transporting contaminants. It is difficult to determine to what extent more mobile
colloids would exist in the various plumes of interest to the PA. If the number of colloids
increases by a couple orders of magnitude above that detected in F-Area, it is likely that the
groundwater concentration of strongly sorbing contaminants, such as Pu, Ac, Am, Cm, Eu, or
Th, would increase due to the rise of their association with colloids. It is not clear that this
increase would necessarily produce conditions that would lead to these radionuclides exceeding
the MCL limits.
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4.0 CONCEPTUAL GEOCHEMICAL MODEL

As discussed in Section 3.0, a simplified geochemical model with respect to the state-of-the-
science is required for SRS PA calculations because of the large number of constants and
supporting characterization necessary for 64 constituents of interest and because of the wide
range of SRS geochemical conditions expected in the near and far fields over the thousands of
years of interest. The simplified conceptual model includes two types of parameters, the
empirical Kd and apparent solubility value, ks (Figure 1 — Bottom). In the conceptual model, we
assume that aqueous solute concentrations are controlled primarily by the Kd construct, but in
limited geochemical conditions, both the Kd and the &, terms will be used, the former for
conditions below the critical solubility concentration, and the latter for conditions above the
critical solubility concentration. Furthermore, we assume that the Kd and k; of the 64
constituents of interest may vary between 12 Conceptual Environments, which are generalized
geochemical conditions (discussed immediately below in Section 4.1). For each constituent of
concern and Conceptual Environment a “best,” “minimum,” and “maximum” estimate of the Kd
values and k;, are provided. The “best” estimates are provided as guidance for the most likely Kd
values and apparent solubility values for a given Conceptual Environment (the approach to
selecting these “best” estimates is provided in Section 4.2). These values are based primarily on
the literature, SRS site-specific experimental data, or on expert judgment. Assignment of Kd
value and apparent solubility value ranges are presented below in Section 4.8.

4.1 Conceptual Environments

To facilitate modeling the wide range of chemical conditions needed for PAs and CAs on the
SRS, 12 Conceptual Environments were established. These Conceptual Environments account
for important geochemical parameters influencing constituent of concern sorption within a
setting. As such, the Conceptual Environments are operationally defined by their aqueous and
mineralogical environmental properties. Following is a list of each Conceptual Environment and
the section in which they are described:

Clayey Sediment (described in more detail in Section 4.3.1),
Sandy Sediment (Section 4.3.2),

Young Cementitious Materials (Section 4.4.1),

Moderately Aged Cementitious Materials (Section 4.4.2),

Aged Cementitious Materials (Section 4.4.3),
Cementitious-Leachate Impacted Sandy Sediment (Section 4.4.5),
Cementitious-Leachate Impacted Clayey Sediment (Section 4.4.6),
Young Reducing Cementitious Materials (Section 4.5.3),
Moderately Aged Reducing Cementitious Materials (Section 4.5.4),
10 Aged Reducing Cementitious Materials (Section 4.5.5),

11. General Waste Forms (Section 4.6), and

12. Special Waste Forms (Section 4.7).

00N LA W
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4.2 Approach to Selecting Geochemical Values

Ideally, all input data would be derived from experiments conducted using site-specific
materials and under the appropriate Conceptual Environmental conditions. For example, much
of the Clayey Sediment and Sandy Sediment Kd data were, in fact, derived from sorption
experiments conducted with site-specific sediments and site-specific groundwater. A major
recent effort has been directed at understanding and quantifying constituents of concern transport
through SRS vadose zone sediments at longer durations (years), and larger scales (kg) than is
typically provided through laboratory experiments. These experiments are housed in the
Radionuclide Field Lysimeter Experiment, or RadFLEx. This facility was initiated in July 2012
and will continue through July 2032. A summary of recent technical RadFLEx accomplishments
were presented by Kaplan et al. (2018).

Where site-specific data was not available, literature Kd values using non-SRS solid and
aqueous phases were used. Careful selection of these literature values was required to ensure
that the experimental conditions used to generate the Kd values were appropriate for SRS
conditions. For example, literature Kd values were used for the selection of K, Mn, and Fe
recommended “best” clayey and “best” sandy sediment Conceptual Environments. Finally,
when site-specific and literature values were not available, expert judgement was used to
estimate values based on chemical analogue information. For example, no site-specific sorption
data is available for Fr (francium) and Rb (rubidium), however, a great deal of SRS sediment
sorption data is available for Cs. Cesium has many chemical characteristics that are similar to Fr
and Rb; all three elements: are in Group 1A in the periodic chart, have a +1 valence, form weak
complexes to anions, and exist in groundwater primarily as an uncomplexed monovalent free ion
(Greenwood and Earnshaw, 1998). For these reasons, Fr and Rb Kd values were assumed to be
approximated by measured Cs Kd values on SRS sediments.

In summary, a ranking of the priority for selecting Kd and apparent solubility values (k) is:

1. site-specific measured data,
2. literature experimental data, and
3. technical judgment based on analogue.

Uncertainty in the selected “best” values was bounded by “minimum” and “maximum”
estimates based on experimental work (Grogan, 2008; Grogan et al., 2010; Kaplan et al., 2008c),
and are included to provide ranges of potential values needed for stochastic modeling. The
experimental data provided the distributions of the sample mean Kd and the 95% confidence
levels from hundreds of Kd value measurements made from 27 E-Area subsurface sediments
using monovalent, divalent, trivalent and tetravalent radionuclides. These “minimum” and the
“maximum” estimates were based on the 95% confidence limits of the mean Kd (discussed in
Section 4.8).
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4.3 Sediment Conceptual Environments

The subsurface environments beneath the waste units in the SRS are assumed to consist of
two primary geological strata. This simplification of the subsurface is taken from Phifer et al.
(2006 ) and was based on particle-size distribution data and observations of several borehole
specimens made in the E-Area subsurface environment. Phifer et al. (2006 ) described the upper
strata as extending about 7 m below the surface and having a finer texture than the underlying
strata, which may extend some 27 m below ground surface, depending on the specifics of the site
lithology. The upper layer was referred to as the Upper Vadose Zone, whereas the lower zone
included both the Lower Vadose Zone and the Aquifer Zone. The water table in E- and Z-Area
is approximately 15 to 25 m below the ground surface. An example of the sediment texture and
the delineation of the Upper and Lower Vadose Zone and the Aquifer Zone is presented in
Figure 2.

There were unique sorption values for Clayey Sediment and Sandy Sediment Conceptual
Environments, meant to represent the Upper Vadose Zone and Lower Vadose/Aquifer Zones,
respectively. Also important to note is that the data provided in the data look-up table in Section
5.0 are assigned to each of the 12 Conceptual Environments. The extent that environmental
conditions deviate from their “ideal” descriptions in this section, compromise the applicability of
the selected data values. For example, the Kd values provided for a Sandy Sediment
Environment or a Clay Sediment Environment would not be especially applicable for a wetland
because the “ideal” description is for a subsurface sediment with a much lower organic matter
content than for a typical wetland.
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Depth Core % Fines
(m) Description (SiO, mud)

Upper
Vadose Zone

Lower
VVadose Zone

A 4 Water table

Aquifer

} Tan Clay Confining Zone
(TCCZ)

Figure 2. Example of a borehole profile in E-Area demonstrating the tendency for sediments
with a more clayey texture to exist in the Upper Vadose Zone, whereas sediments with a sandier
texture to exist in the Lower Vadose and Aquifer Zones (Well BGO-3A) (Grogan et al., 2010;
Grogan et al., 2008).
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4.3.1 Clayey Sediment Conceptual Environment

The Clayey Sediment Conceptual Environment represents a subsurface sediment
environment that contains:

e aclay and silt content greater than about 25 wt-%,

e amineralogy composed primarily of kaolinite, hydroxyl-interlayered vermiculite, quartz,
gibbsite, goethite, and hematite (most notable about its mineralogy is that it contains
very low concentrations of 2:1 clays, such as smectites and vermiculites),

¢ alow organic matter concentration (<0.01 wt-%),

e apH ofabout5.5, and

e iron-oxide surface coatings, giving it a reddish color.

4.3.2 Sandy Sediment Conceptual Environment

The Sandy Sediment Conceptual Environment represents a subsurface environment that is
similar to that of the Clayey Sediment Conceptual Environment except the clay and silt content
was <25 wt-%. Most of the sorption experiments considered for the look-up tables came from
sandy sediments with clay and silt concentrations appreciably <25 wt-%, closer to 2 to 8 wt-%.
This Conceptual Environment has a pH of 5.5, very low organic matter concentrations, and the
sediment tends to have a yellowish color derived from Fe-oxide coatings (most noticeably,
goethite).

4.4 Cementitious Materials Conceptual Environments

The conceptual model used to describe constituent of concern geochemistry in cementitious
environments was taken largely from Bradbury and Sarott (1995) and has since been used in PA
modeling in several countries in Europe, Yucca Mountain, Idaho National Laboratory, Hanford
Site, and SRS. They described three Conceptual Environments, or stages, that all cementitious
materials progress through as they age (Figure 3). The duration of each stage is controlled by
how much water passes through them, measured in units of pore volumes or exchange cycles (X-
axis of Figure 3). The advantage of using Figure 3 and the concept of exchange cycles is that it
is generic to a wide range of cementitious material configurations. Once flow models have been
established for a specific facility, the exchange cycles for that facility can be quantified.
Facilities with more concrete will have longer exchange cycles (larger pore volumes) than those
with less concrete.

Development of this conceptual model was based on laboratory studies as well as on natural
analogue and ancient cement/concrete characterization studies. One of the key aqueous
parameters used to identify when one stage ends and the next one begins is pH (Figure 3). The
pH changes are the result of mineralogical transformations that occur as the cement ages. The
cement solids present in each stage are assumed to have unique sorption properties and for this
reason, unique Kd values and apparent solubility values were assigned to the cement solids in
each stage. A brief description of each of the three stages is provided in Sections 4.4.1 through
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4.4.3, while a more detailed discussion is presented in Ochs et al. (2016). Unique Kd values and
apparent solubility values for oxidizing and reducing cementitious materials are provided in
Section 5.0.

pH
128 [ S B i o
- \ e - -
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<
120 al
116 .
112 o
108k * Experimental data 2l
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Figure 3. (Top) Experimental data describing the influence of exchange cycles (X-axis) on pH
and the designated Stages (Atkinson et al., 1988), and (Bottom) Four Stages identified by (Ochs
et al., 2016; Wang et al., 2009). Exchange cycles and time, X-axes, can be converted to each
other with knowledge of flow rate (L/yr).

A fourth stage has recently been suggested for the European Union PA (Ochs et al., 2016;
Wang et al., 2009). This added stage is in equilibrium with calcite and is experimentally
equivalent to our cementitious-leachate impacted sediment environment (Sections 4.4.5 and
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4.4.6). This fourth stage was slightly modified for use in the SRS system. Unlike most
European sediments, the background sediment at SRS (pH 5.5) is not in equilibrium with calcite
(pH ~8.2). While Stage IV in Ochs et al. (2016) system is continuously in equilibrium with
calcite (note the flat line in Figure 3 for Stage IV), the Stage IV is defined here as that region that
progresses from one being in equilibrium with calcite and once the calcite is dissolved approach
the background pH of 5.5, as experimentally captured by Atkinson et al. (1988).

4.4.1 Young Cementitious Materials Conceptual Environment (Stage I)

The Young Cementitious Solids Environment, referred to as Stage I, occurs immediately
after the cementitious material hardens and water infiltrates it. The cementitious material
porewater is characterized as having a high pH (>12.5), high ionic strength, and high
concentrations of potassium and sodium. The high concentrations of these monovalent cations
result from the dissolution of alkali impurities in the various constituents comprising the solids
(e.g., Portland cement, fly ash, aggregate and sometimes slag). Hydration continues during
Stage [ with the formation of calcium-silicate-hydrate gels (a common shorthand for this gel is
CSH, which is a CaO-Si02-H20 amorphous material that hardens and constitutes “cement’) and
portlandite [Ca(OH)2]. The composition of the cement pore fluid is at equilibrium with
portlandite during this time.

Based on the modeling estimates provided by Berner (1992), Stage I may last between 1 and
100 exchange cycles. An exchange cycle, or cycle, is a unitless parameter that represents the
length of time it takes for a pore volume to pass through a cementitious structure. This
parameter in turn can be quickly converted into units of time once the water travel rate through a
specific cementitious facility is established. Unfortunately, assuming a low exchange cycle
value for this stage may be conservative for some constituents of concern, such as Pb, but not
conservative for other constituents of concern that tend to form precipitates at high pH values
(i.e., constituents of concern that have low solubility values). Therefore, it was assumed that the
Stage I lasts 50 exchange cycles for SRS relevant scenarios.*

4.4.2 Moderately Aged Cementitious Materials Conceptual Environment (Stage II)

During this stage, the soluble salts of the alkali metals are all dissolved and washed out of the
cement solids. The pH value of the cement pore water stabilizes at about pH ~12.5, controlled
by the solubility of portlandite. The calcium-silicate-hydrate gel and portlandite are the major
solid phases present. Stage II may last for a long time, and its duration depends on how much
water percolates through the system and the mass of cement present in the concrete structure.
The total dissolved calcium is 20 mM, the pH is strongly buffered at pH ~12.5, and the silica

4 This value of 50 exchange cycles or pore volumes is a recommended value if a project-specific value is not
calculated using a reactive transport model. For example, for calculations associated with the SRS Liquid Waste
Tanks Closure PA, a reactive transport model was used based a site-specific data to estimate transitions between
Stages 1, 2 and 3 (Denham 2007; Denham 2008). Based on pH and Eh transformations estimated by Geochemist’s
Workbench calculations, the first stage ended after about 30 pore volumes through the tank grout.
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concentration is very low, <0.03 mM/L. The flux of water must dissolve all the slightly soluble
portlandite before the leachate chemistry changes.

Berner (1992) determined that Stage II lasts between 100 and 1000 cycles. According to
Ochs et al. (2016) and adopted here, most constituents of concern have higher Kd values and
solubility concentration limits in Stage II than in Stage III. Therefore, a shorter Stage II lifespan
is generally a conservative estimate because it yields greater estimated risk. The Stage II Kd
values and apparent solubility values are generally higher than those in the Stage I. Notable
exceptions include when cation (Sr) or anion (I, Tc, Se) adsorption are expected to be the
dominant mode of solid phase uptake, in which case the Kd in Stage I will be lower than in Stage
IT due to high salt concentrations in the porewater. Taking into consideration the dissolving
attributes of the low-carbonate SRS groundwater when in contact with cementitious solids, an
exchange cycle of 500 cycles was assumed.

4.4.3 Aged Cementitious Materials Conceptual Environment (Stage I1I)

In Stage III, the portlandite has been fully dissolved/reacted and the solubility or reactions of
calcium-silicate-hydrate (CSH) gel with the infiltrating water control the pH of the cement
porewater/leachate (Figure 3). The CSH gel starts to dissolve incongruently® with a continual
decrease in pH until it reaches the pH controlled by calcite, the only Ca-bearing mineral
remaining, which is pH ~8.2. The CSH at the start of Stage III has a calcium-silicate ratio of
about 1.7; by the end of this stage, only silicate (Si0>) is left as the solubility control for the pore
water pH. The ionic strength of the cement leachate during this period is relatively low. Solution
calcium concentrations decrease to 1 to 5 mM and silica concentrations increases to 2- to 6-mM.
At very high cycle numbers, other sparingly soluble solids, such as brucite [Mg(OH):], may
buffer the solution pH and dissolved cation concentrations.

Berner (1992) suggested that the duration of the 3™ Stage is between 1000 and 10,000 cycles.
Because SRS groundwater is low in carbonate concentrations, a shorter duration for this stage
would be appropriate; a “lifetime” of 4000 cycles was selected for the SRS PA calculations. A
discussion of estimating the longevity of concrete in the subsurface is presented in Kaplan
(2010).

4.4.4 Near-Completely Degraded Cementitious Materials Conceptual Environment (Stage
V)

This stage is defined as progressing from a system in equilibrium calcite (pH ~8.2) to one in
which the calcite is totally dissolved and the pH of the system returns to background levels (pH
5.5). This system is experimentally equivalent to our cementitious-leachate impacted sediment
environment (Sections 4.4.5 and 4.4.6). This fourth stage was slightly modified from that posed
by Ochs et al. (2016) to represent better the SRS system. Unlike most European sediments, the
background sediments at SRS are not naturally in equilibrium with calcite.

5 Incongruent dissolution is the non-stoichiometric dissolution to a solid, resulting in the release of dissolved
materials into the aqueous that have different proportionalities than the existed in the solid phase.
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Berner (1992) suggested that the duration of the 3™ Stage is between 1000 and 10,000 cycles.
Berner’s 3™ Stage includes Stage I1I and IV in this model, which is based on the model proposed
by Och et al. (2016). Because SRS groundwater is low in carbonate concentrations, a shorter
duration for Stage III was selected, 4000 cycles. Based on these considerations, it was
recommended that 6000 cycles be used in the 4™ Stage of the SRS PA calculations (10,000 —
4000 = 6000 cycles).

4.4.5 Cementitious Leachate Impacted Clayey Sediment Environment

Cementitious porewater contains moderate levels of ionic strength (a measure of the total salt
content), perhaps 150 times greater than ionic strength concentrations of unimpacted
groundwater (Table 1). When it enters the underlying sediment, it alters the porewater
chemistry, which in turn may alter the tendency of mobile aqueous constituents of concern to
sorb onto the sediment. Demonstrating this point under SRS conditions, thermodynamic
simulations were conducted of the porewater chemistry during each of the three idealized stages
of cement aging (Denham 2007). During Stage I, Stage II, Stage I1I, and Stage 1V, alkali
impurities, portlandite, CSH gel, and calcite were assumed to be the dominant phase controlling
aqueous composition, respectively (Table 1). The most important point to take away from this
table is that the pH and ionic strength during the two early stages of cement aging, Stages I and
I1, are very different from the background SRS groundwater. The leachates have a much higher
pH and ionic strength. Such solutions can increase sorption by promoting precipitation, e.g.,
UO2** (Kaplan et al. 1998), and in other cases decrease sorption by promoting competition for
sorption sites (Kaplan et al. 1998; Cantrell et al. 2007). For example, using Hanford sediments,
Kaplan et al. (1998) showed that Se had Kd values of 6 mL/g under natural groundwater
conditions (pH 8.1). When the ionic strength was increased, the Kd values decreased (Kd =4.11
mL/g at 1 M NaClO4) and when the pH was increased the Se Kd values decreased (Kd = 0.04
mL/g at pH 11.9), suggesting that anionic competition, likely hydroxide or carbonate, and/or
anion exchange capacity was involved in the desorption process. Neither I" nor TcO4™ sorption
was measurable (i.e., Kd = 0 mL/g) in the Hanford sediment under natural conditions or when
the pH was increased to pH 12.
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Table 1. Calculated leachate chemical compositions during the three stages of cement
degradation. For comparison, the chemical composition of an SRS groundwater (Denham,

2007).
Cementitious Cementitious Cementitious SRS
Leachate — Stage | Leachate — Stage | Leachate — Stage | Groundwater@
e m® v©

pH 12.37 11.14 9.56 5.79
Eh (V) 0.49 0.56 0.66 0.33
Ionic Strength 4.6E-2 8.2E-3 7.0E-4 3.0E-4
AP (mol/L) 2.19E-5 1.05E-7 1.32E-5 3.33E-5
Ca?" (mol/L) 1.83E -2 2.92E-3 1.43E-4 1.01E-5
CI' (mol/L) 2.64E-4 2.65E-4 2.65E-4 7.65E-5
Fe’ (mol/L) 6.87E-10 3.63E-11 1.70E-12 9.93E-7
HCO3™ (mol/L) 4.59E-6 6.90E-6 1.81E-4 ~0
Mg?" (mol/L) 1.04E-8 2.16E-5 4.99E-5 2.92E-5
Na' (mol/L) 1.33E-4 1.33E-4 1.33E-4 1.20E-4
SO4*" (mol/L) 5.16E-5 2.08E-6 2.08E-6 6.41E-5
SiO2” (mol/L) 1.29E-3 2.95E-3 ~0 1.69E-4

@ Stage II solid phase (portlandite dominant) was modeled consisting of 50-g hematite, 176-g
ettringite, 669-g Ca-silica-hydride phase, 13-g hydrotalcite, 171-g C4AH13 phase, 138-g

portlandite, and 1-g calcite; 110 pore volumes.
® Stage I1I solid phase (CSH dominant) was modeled consisting of 51-g hematite, 366-g CSH,
17-g hydrotalcite, and 6-g calcite; 1143 pore volumes.
(©) Stage IV solid phase (Calcite dominant) was modeled consisting of 52-g hematite, 19-g
hydrotalcite and 7-g calcite; 2380 pore volumes.
@ Uncontaminated groundwater on the SRS, Well No P19D.

The influence of cementitious-leachates on uranyl sorption to Hanford sediment was found to
gradually increase from 1.07 to 2.22 mL/g as the pH increased from 8.3 to 9.3 (Kaplan et al.,
1998). At pH >10.3, precipitation occurred and the apparent Kd value increased sharply to >400
mL/g; the precipitation did not occur unless the sediment was present, suggesting the mechanism
was heterogeneous precipitation.® Thus, at the Hanford Site they use much higher Kd values to
describe U sorption to sediments in a cementitious leachate impacted environment, 100 mL/g,
than they use to describe U sorption under ambient conditions, Kd = 0.2 mL/g (Cantrell et al.,
2007) (Cementitious Leachate Sediment Value came from “Waste Chemistry/Source Category 6:
IDF Cementitious Waste High Impact, Table 3.2, Page 3.10;” and Ambient value came from
“Waste Chemistry/Source Category 4: Low Organic/Low Salt/Near Neutral, Table 3.2, page
3.9”).

¢ Heterogeneous precipitation requires a mineral surface present for precipitation to occur. Homogenous
precipitation can occur in the absence of a surface.
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Kaplan (2010) presented calculations that demonstrated that the hydroxides emanating from
the cementitious leachate during Stages I and II of concrete degradation (pH 11 and ionic
strength of 20 mM) will likely overwhelm the buffering capacity of SRS subsurface vadose zone
sediments. The hypothetical high ionic strength plume was dominated by hydroxides and Ca?*
(Table 1). In this calculation, a 1-m thick cementitious slab overwhelmed the sediment buffering
capacity in a 30-m thick vadose zone. Once this high pH front reached the aquifer it would be
rapidly diluted and likely have negligible influence on subsequent solute sorption.

Cementitious Leachate-Impacted Clayey Sediment Environment is defined as a Clayey
Sediment Conceptual Environment between a cementitious waste form and the aquifer. This
Conceptual Environment has a nominal pH of 10.5 and an elevated ionic strength >20 mM
dominated by hydroxide and Ca®" ions. Early guidance will rely on measured differences
between cementitious-leachate impacted and non-impacted Kd values for the Hanford PAs
(Cantrell et al. 2007). Cementitious Leachate Impact Factors, fcementeach, are used to convert
traditional Kd values into Kdcemenizeach Values that are more representative of a cementitious
impacted sediment:

Kd

_ CementLeadh ( 6)

fCementLeach - Kd

where Kdcemenizeach and Kd are the Kd values measured under cementitious-leachate and natural
groundwater conditions, respectively. To calculate SRS Kdcemenireach Values to use in SRS PAs,
Eq. 6 is reorganized:

KdCementLeach =fCementLeach x Kd (7)

Equations 6 and 7 are practical but lack geochemical rigor. They are intended to provide
provisional guidance until a more robust sorption model can be created that incorporates the
changing chemistry (especially pH and ionic strength) of cementitious leachate as it evolves
through the various cement aging stages. It is important to note that the fcemenizeacn 18 @ simplified
construct of a dynamic PA environment; one that can readily be made more robust with
additional measurements. The complexity of estimating geochemical parameters in a
cementitious leachate sediment environment stems from: 1) there being several different types of
cementitious materials of interest to PAs (reducing grout, Saltstone, CLSM, traditional concrete,
high strength concrete, etc.), 2) the leachate chemistry is expected to change over time, and 3)
the impact cementitious leachate on traditional Kd values will vary with sediment properties. As
measurements continue to be made, it is expected that this simplified conceptual model will be
replaced with a more robust model, one that explicitly accounts for changes in pH, ionic strength,
and sediment type.

A discussion of the basis for selecting Cementitious Leachate Impact Factors is presented in
an earlier versions of this data package (Kaplan, 2016). As noted above, most of these factors
are based on data compiled by Cantrell et al. (2007) for the Hanford Site’s PA. There was some
confirmation of these estimates based on testing conducted by Seaman and Chang (2013) using
site specific sediments and groundwater (Table 2). Additional work is needed to quantify Kd
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values appropriate for these environmental conditions (a list of recommended research needs is
provided in Section 7.0).

Table 2. Literature-based Cementitious Leachate Impact Factors (Eq. 6).

Hanford IDF | Cementitious
Hanford | Cementitious Leachate S ted
Radio- | Ground Waste® Impact uggeste @
nuclide | water® | Intermediate Factor, f Sm‘i;tlLMh Comments
Best Kd | Impact Sand fCeme,,,Le,,,_,h(C) (Unitless)
— Best Kd (Unitless)

H 0 0 NA 1

Tc 0 0 NA 0.1 High pH will greatly reduce anion exchange
capacity. Furthermore, high ionic strength will
promote desorption of ion that are weakly
sorbed. Unlike Hanford sediment, SRS
sediments tend to sorb small quantities of TcOy,
but only under low pH environments (Kaplan,
2002; Kaplan et al., 2008¢)

Cl 0 0 NA 0.1 Similar chemistry as Tec.

I 0.2 0.2 1 0.1 Using Hanford sediment, Kaplan et al. (1998)
showed that I Kd decreased from 0.22 mL/g at
pH 8.1 t0 0.01 mL/g at pH 9.9.

U 0.8 1 1.25 5 The Hanford recommended value (3™ column)
suggests the authors Cantrell et al. (2007)
believe that sorption and not precipitation
occurs under these conditions. Kaplan et al.
(1998) reported uranyl precipitation under
mildly cementitious environments, at pH >10.3.
pH will be >10.3 in this plume and therefore
much larger Kd values are recommended here.

Se 5 7 1.4 1.4

Np 10 15 1.5 1.5

C 0 5 NA 5

Sr 2.2 14 6.4 3 Cantrell et al. (2007) did not comment on why
the Sr Kd increased. Co-precipitation as Sr, Ca-
carbonate is not expected, but perhaps some
have occurred in microenvironments. A4 prior it
was anticipated that Sr exchange would occur
resulting in lower Kd values.

Cs 2000 2000 1 1

Pu 600 150 0.25 2 In cementitious environments, pH 7 solubility of
Pu is 107, Above the pH of 9, the solubility of
Pu drops to 10! M (Ewart et al., 1992).

Eu 200 300 1.5 1.5

@ Taken from page 3.9, Table 3.2 in Cantrell et al. (2007).

®) Taken from Table 3.10, Table 3.2 Cantrell et al. (2007) . Selected “Intermediate Impact” and not “High Impact”
because the former is more conservative with respect to the groundwater scenario (lower Kd values, and over the
course of multiple ages (Stage I, Stage II, and Stage III). It was thought that “intermediate impact” would be more
representative than “high impact” over the entire age of the facility. IDF = Intergraded Disposal Facility

© Equation 6.

@ Additional discussion of the assumptions and limitations of the Cementitious Leachate Impact Factor is presented in
previous version of this geochemical data package (Kaplan, 2010; Kaplan, 2016).
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4.4.6 Cementitious Leachate Impacted Sandy Sediment Environment

The Cementitious Leachate Impacted Sandy Sediment Environment is similar to the
Cementitious Leachate Impacted Clayey Sediment Environment discussed in Section 4.4.5
except it is for the lower Sandy Sediment Environment that exists between cementitious waste
forms and the aquifer. Kdcemenizeachare Values for this Environment are created in the same
manner as above, namely, using Equation 6, Equation 7, and Table 2.

4.5 Reducing Cementitious Materials

4.5.1 Chemistry Associated with Reducing Cementitious Wasteforms

Some cementitious materials have blast-furnace slag (BFS) included in their formulations to
promote stabilizing radionuclides by reductive precipitation, thus decreasing the tendency of
some redox-sensitive radionuclides (e.g., Np, Pu, and Tc¢) to leach from the solid waste form.
There have been several recent reviews evaluating the effect of reducing cementitious materials
on Tc immobilization, the key risk drivers in several DOE PAs (Cantrell et al., 2016; Chung et
al., 2012; Icenhower et al., 2010; Kaplan et al., 2011; Pearce et al., 2018; Pierce et al., 2010;
Serne et al., 2015; Um et al., 2013; Um et al., 2011; Westsik Jr et al., 2014).

4.5.2 Porewater Pathway of Redox-sensitive Radionuclides from Reduced-Cementitious
Materials — Shrinking Core Model

The reductive capacity of the BFS-cementitious material is expected to decrease over time.
As the waste form ages and becomes increasingly oxidized, it is expected that the capacity of the
waste form to immobilize redox-sensitive radionuclides will decrease. One geochemical
approach to model the advancement of the oxidation front within reducing cementitious
materials is the Shrinking Core Model (Smith and Walton, 1993). This model describes the
advancement of the oxidized front as resulting from oxidized water diffusing into cement and
then chemically consuming (oxidizing) the unspecified reductant in the cementitious material.
Application of this model in cementitious waste forms has been described previously (Kaplan
and Hang, 2003; SRR, 2013).

Electron milli-equivalents (meq/L) are the units used to describe the concentration (more
precisely, the activity) of free electrons that can participate in an oxidation-reduction, or redox,
reaction. The generalized redox equation is

O+e =R (8)

where:
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(0] oxidizing agent, meq/L,
R reducing agent, meq/L, and
e electron.

The greatest concentration of reductant existed in the waste form when it is initially placed in the
ground. Over time, the concentration of reductant will slowly decrease as more dissolved oxygen
in the groundwater, O2wq), migrates into the grout and reacts (consumes) the grout reductant.
Once the reduction capacity is exhausted, the reducing cementitious waste form will no longer
sequester the targeted constituent of concern, such as *°Tc.

The total oxidizing capacity should be set equal to the amount of dissolved oxygen
introduced into the system by infiltrating water. The concentration of reductant present in the
slag will decrease over time as more dissolved oxygen in groundwater consumes the grout’s
reduction capacity. The consumption of the reduction capacity is presented in the following
reaction.

O2(aq) + Rgrouty = RO2(grour) )]
where:
O2(aq) O, dissolved in water (meq/cm? of the fluid),
Rgrout) reduction capacity of the grout (meq/gram of solid),
RO2(grout) gigena‘[ed grout (megq/gram of solid; shown in

traditional stoichiometric chemistry as a product of
the two reactants, rather than as an oxidized
species).

The expression used to calculate the rate of oxidation (Ro; (meg/gram of solid)/yr) for the above
reaction is:

RO = kCOZCR (10)

where k is the oxidation rate coefficient in units of 1/(yr-meg/cm?), Co2 is the concentration of
O2(aq) (meg/cm?) and Ck is the concentration of reductant in the grout (meq/g).

Previous data indicates that oxidation of slag is a fast reaction once the O> comes in contact
with the reductant in the grout (Cantrell and Williams, 2012; Estes et al., 2012; Lukens et al.,
2005; Shuh et al., 2000). Kaplan and Hang (2003) showed that the k value of 1.0 x 10° (1/(yr -
meq/cm?)) adequately represents a fast reaction.

Perhaps one of the key attributes of this model is that it can be parameterized and as such, it
has immediate appeal from a practical point of view. While models based on thermodynamic and
reactive transport used to describe this process in SRS disposal systems (Denham, 2007; Denham
and Millings, 2012) are theoretically more acceptable, they require more assumptions and many
more input values that are often not available for cementitious waste form conditions. As an
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example of the type of information needed in these more theoretically acceptable calculations, it
is not only necessary to know what the reduction capacity is, you must also know what phases
(i.e., the composition of the reductant) are responsible for redox status and the kinetic
information about how they change to other phases as a result of oxidation. These more
theoretical models have an important role in understanding the geochemistry in the system and
can, if needed, provide necessary ancillary information to the broader PA type calculations.

There are several simplifying assumptions about the geochemistry that are associated with
the shrinking core model (Table 3). As with any model, it is important to identify them so that
we can direct efforts to substantiate, dismiss, or improve upon them. They also provide direction
towards future research needs. Some of the assumptions exist because experimental data is not
presently available to offer alternative guidance. For instance, there are conflicting results about
the merits of the Ce(IV) method for measuring reduction capacity, yet an alternative method has
not been identified (Assumption 2 in Table 3). Similarly, the potential role of waste form
oxidation directly by air intrusion has not been validated or quantified (Assumption 1 in (Table
3).
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Table 3. Key geochemical assumptions associated with the use of the porewater pathway to
describe the oxidation of a reducing cementitious waste form.

The only oxidant in the porewater pathway is O»(ag) that enters the reducing cementitious waste form
with recharge water. Because it is assumed that the cementitious waste form pore space is saturated with
moisture, there is no air pathway by which O»(g) would enter the system. Based on X-ray Absorption
Spectroscopy (XAS) measurements, Shuh et al. (2000) concluded that nitrate and nitrite do not oxidize
Tc(IV) at any appreciable rate in reducing cementitious materials. After 9 months, saltstone samples

1 amended with nitrate and nitrite had a greater proportion of Tc in the +4 state than saltstone samples
amended with Cl” (a non-redox active anion) without nitrate or nitrite. They note that while NO3™ and
NO;" are capable of oxidizing reduced Tc species at low pH environments, the oxidizing species, NO»*
and HNO,, respectively, were not formed in high pH systems. The authors concluded, “The results
clearly implicate oxygen as the species responsible for the oxidation of Tc(IV) to TcO4. In addition, these
results strongly suggest that nitrate and nitrite do not appreciably oxidize Tc(IV) in the cement.”

The Ce(IV) method of measuring reduction capacity is representative of the available reduction capacity.
It is believed that this method measures essentially all the reduction capacity in the system. The
assumption is that over time, all of the reductant is eventually consumed and that grain rimes do not stop
the electrons from coming into contact with the dissolved solute (e.g., Tc and Cr). By way of analogy to

2 another reducing system, it has been shown that when Fe(0) forms oxidized coatings when placed in
oxygenated water, the rusted-Fe(0) particle continues to be effective at promoting solute reduction
(Henderson and Demond, 2007). This was attributed to semi-conductor properties of the iron system
and/or cracks in the coatings that permitted underlying electrons from the Fe(0) to enter the aqueous
phase. No research supports the idea that a similar process occurs with reducing cementitious waste forms.

The source of the reduction capacity does not change with time (i.e., there is no loss of sulfides or ferrous
iron as water moves through the waste form. Cantrell and Williams (2012) in a flow through test with
saltstone measured loss of S in the leachate, contrary to this assumption. However, many potential forms
3 and sources of sulfur exist in reducing cementitious waste forms (e.g., Harbour et al. (2006) reported that
OPC and BFS can each contain a few percent of S while fly ash has an order of magnitude less). It is not
clear whether all of these sources of S contribute to the reduction capacity. Furthermore, it is not clear
whether just the oxidized S species were selectively washed out during the early part of the study, and as
such would not necessarily adversely affect the reduction capacity.

The potential oxidizing agents in simulant liquid waste do not lower the reduction capacity to a
4 measurable extent. This assumption was supported by recent measurements by Um et al. (2015) and
calculations by Kaplan and Hang (2003).

Porewater is fully saturated with O»(ag). This assumption is based on measurements made at the SRS and
calculations based on Henry’s Law (Kaplan and Hang, 2003). It is expected that the Hanford recharge
water O2(aq) concentration will be much lower. O»(ag) concentrations are expected to decrease upon
contact with soil due to microbial activity and abiotic reduction by the relatively high concentrations of
Fe(IT) in Hanford clay fractions (Fredrickson et al., 2004). For example, the SRS subsurface sediment has
5 a reduction capacity of 5.1 meq/kg (Kaplan and Hang, 2003). A SRS simulation of saltstone disposal
revealed that the overlying horizontal moisture barrier accounts for 14% of the reduction capacity of the
disposal system (Kaplan and Hang 2003; page v, Table 2). The Hanford subsurface sediment is expected
to have a greater reduction capacity than SRS sediment. SRS vadose zone sediment clay-fraction has <1%
Fe(II), Hanford vadose zone sediment clay-fraction can be >10% Fe(Il) (Dong et al., 2003; Fredrickson et
al., 2004).

There is a 100% efficiency in the reaction of O»(aq) oxidizing the reduction capacity of the reducing
6 cementitious waste form (i.e., for each equivalent of O, there are 4 equivalents of reduction potential
consumed (i.e., 4 e per Ox(ag) molecule). 100% efficiency of Ox(aq) oxidizing the BFS will not happen.

Lukens et al. (2005) presented experimental data that was largely in agreement with
calculations based on the shrinking core model (Kaplan and Hang, 2003). Lukens et al. (2005)
provided an estimate of the rate that the oxidation front moved through saltstone based on
spectroscopy considerations. Using a simulant saltstone sample that was cured under reducing
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conditions for about two years, followed by 120 days of exposure to air, they measured Tc(VII)
concentrations using XANES measurements and estimated that the oxidized front had moved
0.28-mm during the 120 days (or 0.85 mm/yr). They went on to evaluate this estimate by
comparing it to estimates based on reduction capacity consumption as a result of O diffusion
during the 120-day exposure period. They concluded that their spectroscopy-based estimate was
reasonable (specifically, assuming that the molecular diffusion, Dmo2) =2 % 10~ cm?/s, sample
density of 1.7 g/cm?, O2(aq) concentration of 2.7 x 107" mol/cm?, and reduction capacity of 0.82
meq/g; and knowledge of Tc total concentration in their sample). It is important to note, that the
spectroscopic measurement and the diffusion-based calculation they used to compare the results
have categorically different assumptions, providing additional credence to the estimate.

The oxidation-front rate value generated by Lukens et al. (2005) was compared with
calculations made regarding the Saltstone Disposal Facility (Kaplan and Hang 2003) (Figure 4).
A comparison was made by using the facility geometry, time of exposure, and the 0.85 mm/yr
oxidation front value generated by Lukens et al. (2005). Both the shrinking core model
calculations based on Kaplan and Hang (2003) and Lukens et al. (2005) data indicate about
~16% of the saltstone reduction capacity would be consumed after 213,000 years. (Importantly,
this value of ~16% is very dependent on the dimensions of the facility, and therefore is not
applicable to other disposal systems).
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Figure 4. Estimate consumption of slag reduction potential by permitting dissolved oxygen to
diffuse into the Saltstone Disposal Facility, and at the same time oxidizing/consuming the slag
reduction potential (Kaplan and Hang, 2003). The single point based on spectroscopic
measurements by Lukens et al. (2005) is also presented.

There are also laboratory results that contradict aspects of the shrinking core model (Langton
et al., 2014). Langton et al. (2014) noted that the oxidation front of saltstone cores left exposed to
air for 118 days moved faster than expected based on O2(aq) diffusion calculations (additional
details related to the saltstone experiments are provided by Almond et al. (2012a)). While the
authors did not explain the observed contradiction, it may in part be because they used partially
desiccated saltstone samples in their experiment. The shrinking core model assumes that
oxidation of the reducing cementitious material occurs only by O2(aq) entering through the
porewater pathway. In desiccated samples, the air pathway would also be expected to promote
oxidation. O diffusion through air is 10* times faster (not accounting for tortuosity) than through
water and would explain the unpredicted rapid oxidation reported by Langton et al. (2014). The
saltstone samples used in Langton et al. (2014) were collected from a container left outside with
neither temperature nor humidity controls (they reported that temperatures ranged from 14 to
41°C and relative humidity ranged from 26 to 100% during two spring months). Almond et al.
(2012a) noted color changes between the exterior and interior of the sample that they attributed
to oxidation and/or sample desiccation. Cracks were also noted in the sample. These studies
support the need to develop an alternative pathway, such as the air pathway, to describe the
oxidation of partially saturated reducing cementitious materials, such as exists at the Hanford’s
IDF (Flach et al., 2016). Furthermore, it demonstrates the need for more moisture-controlled and
redox-controlled studies, permitting the distinction and the quantification of the two pathways.
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Unsaturated cementitious waste form conditions are less of a concern at SRS because of its semi-
tropical climate.

4.5.3 Young Reducing Cementitious Solids Conceptual Environment (Stage I)

This Environment is conceptually identical to that of the Young Cementitious Solids (Stage
I) Environment (Section 4.4.1) except that it contains reducing slag. The reducing slag, as
discussed above creates a reducing environment that promotes the reduction of several
radionuclides, including Pu and Tec. It has its own set of Kd and solubility concentration values
in look up tables (discussed in 6.0).

4.5.4 Moderately aged Reducing Cementitious Solids Conceptual Environment (Stage II)

This Environment is conceptually identical to that of the Moderately Aged Cementitious
Solids (Stage 1) Environment (Section 4.4.2) except it contains reducing slag. It has its own set
of Kd and solubility concentration values in look up tables (discussed in 6.0).

4.5.5 Aged Reducing Cementitious Solids Conceptual Environment (Stage I1I)

This Environment is conceptually identical to that of the Moderately Aged Cementitious
Solids (Stage IIT) Environment (Section 4.4.3) except it contains reducing slag. It has its own set
of Kd and solubility concentration values in look up tables (discussed in 6.0).

4.5.6 Example Application of Conceptual Model to a Reducing Cementitious System

To model the release of redox sensitive radionuclides from a reducing cementitious system, it
is sometimes necessary to first conduct a flow model to assign durations to the three cement
stages. Based on these assigned cement stages, appropriate geochemical parameters are selected.
Also, calculations are conducted to determine when to consider the wasteform in the reducing or
oxidized state (described in Section 4.5.2). One recent example of this is presented in the
Saltstone Disposal Facility (SDF) PA (SRR, 2013: SRR-CWDA-2013-00062, Rev. 2) as
described in the following paragraphs and summarized in Table 4. The Saltstone Disposal
Facility is described in Section 5.6.

There are six possible cementitious environments: Oxidized Stage I, Reduced Stage I,
Oxidized Stage II, Reduced Stage I1, Oxidized Stage III, and Reduced Stage III (again, the stage
number increases as the cement ages). The total volume of pore water within a modeled stage of
cementitious material is referred to as the stage’s pore volume, and the amount of fluid moving
through that region is measured by the count of its pore volumes (Denham, 2009). The number
of pore volumes for each stage was based on thermodynamic calculations of pH and Eh of
successive pore volumes coming to equilibrium with “aging grout”. The hypothetical infiltrating
water used in these calculations was groundwater equilibrated with calcium-silicate-hydrate
(CSH) gel associated with Oxidized Stage 2 cementitious materials. The saltstone was assumed
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to have a reduction capacity based on measured values, 0.6 meq/g (Roberts and Kaplan, 2009).
Initial calculations of the SDF, using the Geochemist’s Workbench® thermodynamic model,
indicated that the Stage I (young cement) was not important because it was extremely short lived,
on the order of 30 pore volumes (Denham, 2009). All the reductant in the Saltstone Disposal
Facility was estimated to be consumed after 1220 pore volumes. These results also indicate that
Stage I plays a negligible role in saltstone aging. The point of 1220 pore volumes in the
simulation also identified when the Reduced Stage II system transitioned to the Oxidized Stage
II. Additional modeling indicated that the next transition, between Oxidized Stage II to Oxidized
Stage III occurred by estimating when all the CSH had dissolved. This transition occurred after
11,213 pore volumes (SRR, 2013). Therefore, there were three different Conceptual
Environments in this SDF PA: Reduced Stage 11, Oxidized Stage II, and Oxidized Stage III.

In addition to assigned transitions times (pore volumes) from one stage to the next, it was
also necessary to assign geochemical parameters to represent Tc interactions in the three
Conceptual Environments. Technetium release in saltstone was modeled as a shrinking core.
The release of Tc from the saltstone during the Reduced Stage II was assumed to be solubility
controlled (ks = 10 M; Li and Kaplan (2012)). In addition to evaluating likely solid phases, this
study also evaluated different thermodynamic databases. Once the system became oxidized,
generally anticipated to occur during the 2" stage of cement aging, then solubility no longer
controlled aqueous Tc concentrations. Under oxidizing conditions, Tc adsorption to solid phases
becomes the predominant mechanisms controlling the concentration of Tc in pore water, and
thus the Kd construct was used to predict aqueous Tc concentrations. Similarly, once sufficient
pore water had leached through the saltstone to advance the modeling into the 3™ and final stage
of aged cement, a Tc Kd for an oxidized system was use. Finally, beneath the Saltstone Disposal
Facility, cementitious-leachate impacted Kd values were used to describe the interaction of Tc
with the vadose zone sediments. Different facilities will have different points of transition
between the Conceptual Environments in the reducing cement, mainly because of differences in
the size and duration for a pore volume to pass through a specific facility and the amount of total
reduction capacity in the facility.
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Table 4. Tc geochemical input values used in an example demonstrating modeling spatial and
temporal transitions of plume moving through a Saltstone Disposal Facility into the underlying
aquifer (SRR 2013; Table 4.1-1).

System Conceptual Environment Geochemical Parameter
Saltstone Cementitious Reduced Stage 11® ks=10%M

Saltstone Cementitious Oxidized Stage 11 Kd =0.5 mL/g

Saltstone Cementitious Oxidized Stage III Kd =0.5 mL/g

Upper Vadose Zone Cementitious Impact Clayey Sediment  Kdcementzeach = 0.2 mL/g®
Lower Vadose Cementitious Impact Sandy Sediment  Kdcementreach = 0.1 mL/g®
Zone

Aquifer Zone Cementitious Impact Sandy Sediment Kdcemenireach = 0.1 mL/g®

@ The transition between the Reduced Stage II to the Oxidized Stage II was estimated based
on thermodynamic calculations to occur after 1220 pore volumes of oxygenated, CSH-
equilibrated groundwater passed through the facility. Similarly, transition from Oxidized
Stage 2 to Oxidized Stage III occurred after 11,213, pore volumes.

® Calculated using Equation 6; fcementeacn = 0.1 (Table 2); Clayey Tc Kd = 1.8 mL/g (Table
16; Sandy Tc Kd = 0.6 mL/g (Table 16)

4.6 Constituents of Concern Leaching from Waste Materials

Radioactive waste is disposed on the SRS in several different forms. How radionuclides sorb
and desorb from these materials, once disposed in the subsurface, is important because they are
source terms for radionuclides entering the environment. A great deal of research has been
directed at understanding how radionuclides interact with various cementitious materials
(Section 6.0), but much less is known about how radionuclides interact with the large number of
other buried solid phases. Therefore, the following simplified assumptions were made. Unless
waste-form specific data are available (Section 4.7), the extent that a radionuclide sorbs to the
waste material is assumed to be similar to the extent that the radionuclide sorbs to the sediment
immediately in contact with the waste. For example, the leaching rate of Th associated with
lumber disposed in the Slit Trench Facility will be calculated using the Th Kd value reported in
the Clayey Sediment look-up table (discussed in more detail below in relation to Table 16). The
Clayey Sediment (Section 4.3.1) is the solid phase in contact with the waste.

4.7 Constituent of Concern Leaching from Special Waste Forms

There are some, not many, waste-specific Kd values and apparent solubility values,
especially for anions sorbing to anionic resins (Kaplan and Serkiz, 2000a; Kaplan et al., 1999 ).
The extent that constituents of concern desorb from waste can be estimated using Kd values and
solubility concentration values. The use of these parameters to estimate desorption is simply the
reverse of adsorption. One of the assumptions of the Kd construct is that it is fully reversible,
meaning that adsorption occurs at the same rate as desorption. The list of special waste form Kd

46



SRNL-STI-2021-00017. Rev. 0

values (Table 15) is not complete, but rather provides desorption Kd values that have been
measured previously.

4.8 Geochemical Parameters’ Ranges and Distributions

Associated with the “best” Kd and apparent solubility values are parameters that address the
expected variability associated with these parameters. The distribution and range of geochemical
parameters are especially important for stochastic modeling. Additionally, the lower 95% value
also provides a likely minimum or conservative estimate for the groundwater pathway. The
range and distribution of Am, Cd, Cs, Ce, Co, Hg, Sr, Sn, Tc, and Y Kd values were measured in
27 sediment (triplicate measurements resulting in 81 Kd measurements per element; 810 Kd
measurements in total) collected from the subsurface vadose and aquifer zones of E-Area
(Grogan, 2008; Grogan et al., 2010; Kaplan et al., 2008¢c). Similar tests with grout were
conducted (Almond et al., 2012b).

Based on these studies, the 95-percentile range and type of distributions assigned to
constituent of concern Kd values should be assigned as follows:

¢ Distributions of Kd values were most closely log-normally distributed in sediments and
grout.

e The width of 95% confidence interval for the estimated mean Kd was twice the mean in
the Aquifer Zone (Sandy Sediment Environment), equal to the mean for the Upper
Vadose Zone (Clayey Sediment Environment), and half the mean for the Lower Vadose
Zone (Sandy Sediment Environment).

e The distribution of Kd values in grout was log normal and the 95% confidence interval
for the estimated mean Kd was twice the mean.

Based on these findings, the Kd distributions and ranges were estimated for each of the various
Environments.

47



SRNL-STI-2021-00017. Rev. 0

4.8.1 Distribution and Ranges for Mean Kd values in Sandy Sediment Environments

For the Sandy Sediment Environments (and the Cementitious Leachate Impacted), which is
the dominant type of Environment in the Aquifer and Lower Vadose Zones, it was assumed that
the range between the 95% confidence levels above and below the mean Kd value was 1.5 times
the mean, which is a combination of the recommended multiplying factors for the Aquifer Zone
and the Lower Vadose Zone. This would result in a calculation for the minimum (“Min”) and
maximum (“Max”) Kd values defining the limits of the range with a log-normal distribution as
follows:

Sandy Sediment Kdyin = Kd +2 7 (Eq. 11)
Sandy Sediment Kdyax = Kd % 2 (Eq. 12)

4.8.1 Distribution and Ranges for Mean Kd Values in Clayey Sediment Environments

For the Clayey Sediment Environments (and the Cementitious Leachate Impacted), which is
the dominant type of Environment in the Upper Vadose Zone, it was assumed that the range
between the 95% confidence levels above and below the mean Kd value was 1.0 times the mean,
which corresponds to the value recommended by Grogan et al. (2008) for the Upper Vadose
Zone. This would result in a calculation for the minimum (“Min”) and maximum (“Max”) Kd
values defining the limits of the range with a log-normal distribution as follows:

Clayey Sediment Kdyin = Kd x 0.618 (Eq. 13)
Clayey Sediment Kduax = Kd + 0.618 (Eq. 14)

4.8.2 Distribution and Ranges for Mean Kd Values in Cementitious Environments

For cementitious Conceptual Environments, the range was assumed to be the same as for
Sandy Sediment Environments (Equations 11 and 12). The distributions were assumed to be
log-normal (Almond et al., 2012b).

4.8.3 Distribution and Ranges for Apparent Solubility Values in Cementitious
Environments

Apparent solubility values were assumed to have a range of 2 orders of magnitude and to be
log-normally distributed. For example, a constituent of interest with a k; value of 10 M would
have a ks(min) of 10"'° M and a ky(max) of 10 M.

7 The multiplier reported in Equations 11 - 14, are different from those reported in Grogan et al. (2009); they yield
the same Kd range but better represent the log-normal distributions observed in the data. The original multipliers

placed the 95% confidence levels eqi-distanced from the mean Kd value, contrary to log-normal distributions that
have a smaller range below the mean than above the mean.
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5.0 WASTE FACILITIES DESCRIPTIONS: ASSIGNMENT OF
GEOCHEMICAL ENVIRONMENTS AND TYPES OF CONSTANTS TO
USE IN SIMULATIONS

The purpose of this section is to describe the key features of the waste units and facilities and
to assign geochemical Conceptual Environments. More specifically, this section describes the
geochemical conceptual model of each waste facility in terms of the various solid phases and
aqueous chemistry comprising each facility and recommends assignment of geochemical
parameters to these material zones

For each facility, there are a schematic and photograph(s), followed by a table containing the
conceptual geochemical materials (e.g., concrete, reducing concrete, sandy sediment) of the
facility and the associated geochemical parameters needed to describe the geochemistry of the
constituent of concern interaction with these features. The schematic is a nominal representation
of the disposal unit cross-section with dimensionality and facility-specific details being applied
in the numerical model. Section 6.0 has the various look-up tables containing the Kd and
solubility concentration values associated with the assigned Conceptual Environments. The
disposal facilities described in this section are:

e Slit and Engineered Trenches (Figure 5, Figure 6, Figure 7, and Table 5),

e Low Activity Waste (LAW) Vault (Figure 8, Figure 9, and Table 6),
Components-in-Grout Trenches (Figure 10, Figure 11, and Table 7),
Intermediate Level (ILV)Vault (Figure 12, Figure 13, and Table 8),

Naval Reactor Component Disposal Areas (Figure 14, Figure 15, and Table 9),
Saltstone Disposal Facility (Figure 16, Figure 17, and Table 10), and

High Level Waste Tank (Figure 18, Figure 19, and Table 11).

49



SRNL-STI-2021-00017. Rev. 0

5.1 Slit Trenches (STs) and Engineered Trenches (ETs)

Slit Trench Engineered Trench

Clayey Sediment

Sandy Sediment La

Figure 5. Schematic representation of the geochemical conceptual model of a Slit and
Engineered Trench Unit. Not shown is a multilayered-closure cap that will be added above these
units at the end of Institutional Control.

Figure 6. E-Area Slit Trench Facility showing a range of waste materials. Also note the red
clayey sediment, characteristic of the upper sediment strata.

50



SRNL-STI-2021-00017. Rev.

Figure 7. Engineered Trench: (top) aerial view and (bottom) close up of metal containers
holding low level waste (WSRC 2008).
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Table 5. Slit Trenches (STs) and Engineered Trenches (ETs): conceptual geochemical model of
features and parameters (see Figure 5).

Solid Phases

Aqueous Phase

Geochemical Parameter

Waste Zone: Active components
are iron metal and corrosion
products. Metal containers will rust
to form Fe-oxides. Cellulosic
materials are also present but do not
degrade to form CDP’s in sufficient
quantity to affect sorption. @-®

Same as SRS ground water: pH 5.5,
ionic strength 0.01, except for trace
levels of radionuclides

Use Clayey Sediment Kd.

Fe-oxide content will control the
sorption chemistry of this zone.

It is assumed that the geochemistry
of the Clayey Sediment will
approximate that of the rusted metal
waste form. The rusted waste form
will contain much greater Fe-oxide
content than the typical clayey SRS
sediment. Thus, the use of clayey
sediment Kd is a conservative
assumption. No cementitious
materials are included as engineered
barriers.

Clayey Sediment: Upper Vadose As above. Use Clayey Sediment Kd.
Zone

Sandy Sediment: Lower Vadose As above. Use Sandy Sediment Kd.
Zone

Sandy Sediment: Aquifer Zone As above As above.

@ A Slit Trench disposal unit nominally consists of a series of five narrow (7-m wide) parallel trench segments not
accessible by personnel or vehicles. Waste is typically dumped at the top on one end and pushed by dozer into the
trench or crane lifted into place. Slit Trenches receive a wide variety of materials containing very low
concentrations of radioactivity including soil, rubble, wood debris, large components, tanks and job control waste.
The Engineered Trench disposal unit is a vehicle-accessible, open trench design that allows stacking of
containerized waste by forklift. The Engineered Trenches typically receive job control waste and small equipment
packaged in B-25 boxes, B-12 boxes and Sealand containers. Filled Slit Trenches and completed section of the
Engineered Trenches are filled with stacked boxes to grade with a minimum of 1.3 m of clean sediment.

® In Kaplan (2012), it was determined that cellulose degradation products (CDP) were not present in sufficient
concentrations in the groundwater beneath the ORWBG (a closed solid-waste burial ground) to warrant application
of a CDP correction factor to any Kd values for E-Area. The 2016 update of the geochemistry data package
reflected the elimination of CDP effects on all categories of Kd values.
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5.2 Low-Activity Waste (LAW) Vaults

LAW Vaults
Upon aging, the SO
facility will S aE i
collapse
leaving waste in
an iron-rich
cementitious
environment.

Sandy Sedi

Figure 8. Schematic representation of the geochemical conceptual model of the Low-Activity
Waste Vault. Not shown is a multi-layered closure cap that will be added above the vault at the
end of Institutional Control.
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Exterior View

Intenior View

Figure 9. Low Activity Waste (LAW) Vaults: (top) exterior view and (bottom) interior of a
disposal cell (WSRC, 2008).
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Table 6. Low Activity Waste Vaults (LAWV): conceptual geochemical model of features and

parameters (See Figure 8).

Solid Phases

Aqueous Phase

Geochemical Parameter

Waste Zone: Active components
are iron metal, corrosion products
and surrounding concrete barrier.
Metal containers will rust to form
Fe-oxides. Eventually the concrete
vault structure and B-25 boxes
collapse leaving waste in an iron-
rich cementitious environment.
Celluosic materials are also present
but do not degrade to form
cellulose degradation products in
sufficient quantity to affect
sorption. @

Cementitious leachate comes in
contact with metal boxes or
collapsed rusted iron rubble,
entering through joints, cracks and
ultimate collapse of the concrete
vault. This is a cementitious
leachate impacted aqueous phase
(elevated pH and ionic strength).

Use cementitious leachate impacted
Clayey Sediment Kd,
Kdcementeach'®. Fe-oxide content
will control the sorption chemistry
of this zone. It is assumed that the
geochemistry of the Clayey
Sediment will approximate that of
the rusted metal waste form. In
reality the rusted waste form will
contain much greater Fe-oxide
content than the typical clayey SRS
sediment. Also, applying Clayey
Sediment Kd values (which have an
assumed pH of 5.5) to a system
with a higher pH (concrete pH is
typically >10) will be conservative
because metal sorption (Kd values)
will be greater in high pH than in
low pH systems.

Reducing Concrete Vault: Active
components are cement and slag
added to concrete in roof, walls and
floor. @

Cementitious Impacted Leachate:
Three general types of reducing
concrete leachate chemistries are
controlled by different aged cement
phases characterized by elevated
pH and ionic strength relative to
SRS groundwater. Leachate will
contain sulfides released from slag.

Use Reducing Cement Kd or
apparent solubility values for the
three cement ages.

Crushed Stone: Layer beneath
LAWYV facility.®

Fe-oxide impacted cementitious
leachate: Cement leachate
chemistry altered by passing
through Fe-oxide controlled
environment. Still characterized by
elevated pH and ionic strength
relative to SRS groundwater.

Use cementitious leachate impacted
Clayey Sediment Kd .©© See
footnote (e).

Clayey Sediment: Upper Vadose
Zone

As above.

Use cementitious leachate impacted
Clayey Sediment Kd|
KdCementLeach-(C)

Sandy Sediment: Lower Vadose
Zone

As above.

Use cementitious leachate impacted
Sandy Sediment Kd; KdcementLeach."

Sandy Sediment: Aquifer Zone

Cementitious leachate pore water
gets diluted with typical SRS
groundwater and the aqueous phase
takes on the properties of the latter:
pH 5.8 and ionic strength 0.01,
except for trace levels of
radionuclides.

Use Sandy Sediment Kd.

@ Waste designated for the LAW Vault contains greater radioactivity than the waste disposed in the Slit &
Engineered Trenches. Waste is packaged in standard metal boxes (B-25 and B-12 boxes) which are stacked
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within twelve individual disposal cells in the vault. Some cellulosic materials will be disposed in the LAW
Vault.

® In Kaplan (2012), it was determined that cellulose degradation products (CDP) were not present in sufficient
concentrations in the groundwater beneath the ORWBG (a closed solid-waste burial ground) to warrant
application of a CDP correction factor to any Kd values for E-Area. The 2016 update of the geochemistry data
package reflected the elimination of CDP effects on all categories of Kd values; this data package continues
elimination of CDP effects.

© The 2010 geochemical data package (Kaplan 2010) introduced the concept of a cementitious leachate
impacted zone beneath concrete/grout disposal units. This change specifically affected the Components in Grout
Trenches, Low Activity Waste Vaults, and Intermediate Level Vault models, but has never been formally
evaluated through the Unreviewed Disposal Question Evaluation (UDQE) process for inclusion in the PA
baseline. This update of the geochemistry data package maintains this concept which will be evaluated in the
next Solid Waste PA revision.

@ Reducing cementitious materials are those that contain slag and change the pore water chemistry sufficiently
to require unique geochemical parameters (Section 4.5). The LAWYV is constructed with a 40-cm thick concrete
roof, 60-cm thick interior and exterior concrete walls, and 30-cm thick concrete floor.

© A 114-cm thick layer of crushed stone exists immediately beneath the concrete floor of the LAWYV. It has not
been included in previous PA modeling efforts, because it was believed that this layer would become “silted in”
within a relatively short period of time. For this same reason, it is not included in the conceptual geochemical
model of this disposal unit and will be modeled as behaving like the cementitious leachate impacted Clayey
Sediment: Upper Vadose Zone.
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Sandy Sedime

Components-in-Grout
Trenches

Figure 10. Schematic representation of the geochemical conceptual model of a Components-in-
Grout Trench. Not shown is a multi-layered closure cap that will be added above the vault at the

end of Institutional Control.

57




SRNL-STI-2021-00017. Rev.

) Il_i_ Eﬂl’p].ﬂt"E-‘DlE]lt

Top I}fﬂ'll'[

Figure 11. Sequence of steps in the disposing of waste as Components in Grout (WSRC 2008).
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Table 7. Components-in-Grout (CIG) Trenches: conceptual geochemical model of features and

parameters (Figure 10).

Solid Phases

Waste Zone: Active components
are grout, iron metal and corrosion
products. Because of intimate
contact between encapsulating
grout and waste form, cement
phases are considered to be
controlling sorption chemistry. The
impact of Fe-oxides is ignored.
Celluosic materials are also present
but do not degrade to form CDP’s
in sufficient quantity to affect
sorption. ®-®)

Aqueous Phase

Cementitious Impacted Leachate:
Three general types of oxidizing
grout leachate chemistries
controlled by different aged cement
phases characterized by elevated
pH and ionic strength relative to
SRS groundwater.

Geochemical Parameter

Use Oxidizing Cement Kd or
apparent solubility values for the
three cement ages.

Grout / Concrete: Active
components are cement phases. ®

As above.

Use Oxidizing Cement Kd or
apparent solubility values for the
three cement ages.

Clayey Sediment: Upper Vadose
Zone

Fe-oxide impacted cementitious
leachate: Cement leachate
chemistry altered by passing
through Fe-oxide controlled
environment. Still characterized by
elevated pH and ionic strength
relative to SRS groundwater.

Use cementitious leachate impacted

Clayey Sediment Kd|

KdCementLeach-(c)

Sandy Sediment: Lower Vadose
Zone

As above.

Use cementitious leachate impacted
Sandy Sediment Kd; KdcementLeach."

Sandy Sediment: Aquifer Zone

Cementitious leachate pore water
gets diluted with typical SRS
groundwater and the aqueous phase
takes on the properties of the latter:
pH 5.8, ionic strength 0.01, trace
levels of radionuclides.

Use Sandy Sediment Kd.

elimination of CDP effects.

@ CIG Trench waste typically consists of equipment (components) too bulky and too large to place in the Low-
Activity Waste Vault or the Intermediate Level Vault but containing more radioactivity than allowed for Slit and
Engineered Trenches. A section of trench is excavated to act as a form and a 30-cm thick grout floor is poured
and cured. The waste component is placed on the floor and grout is pumped into the trench to encapsulate the
component with a minimum one foot of grout. If needed, a 45-cm thick reinforced concrete slab is installed
directly on top of the grout layer above the newly installed waste component for long term (300-year) structural
support of the final closure cap. Soil backfill is added to bring the trench to grade and to promote positive
drainage. It is expected that some cellulosic material is included in this waste.

® In Kaplan (2012), it was determined that cellulose degradation products (CDP) were not present in sufficient
concentrations in the groundwater beneath the ORWBG (a closed solid-waste burial ground) to warrant
application of a CDP correction factor to any Kd values for E-Area. The 2016 update of the geochemistry data
package reflected the elimination of CDP effects on all categories of Kd values; this data package continues

© The 2010 geochemical data package (Kaplan 2010) introduced the concept of a cementitious leachate impacted
zone beneath concrete/grout disposal units. This change specifically affected the Components in Grout Trenches,
Low Activity Waste Vaults, and Intermediate Level Vault models, but was never formally evaluated through the
Unreviewed Disposal Question Evaluation (UDQE) process for inclusion in the PA baseline. This update of the
geochemistry data package maintains this concept which will be evaluated in the next Solid Waste PA revision.
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5.4 Intermediate-Level Vault (ILV)

Intermediate-Level Vault

Sandy Sediment

Figure 12. Schematic representation of the geochemical conceptual model of the Intermediate-
Level Vault. Not shown is a multi-layered closure cap that will be added above the vault at the
end of Institutional Control.
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Figure 13. Intermediate-Level Vault: (top left) aerial photograph with roof removed from one
cell; (top right) waste components cemented within a partially filled cell; (bottom) cross-
sectional diagram of unit (WSRC 2008).
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Table 8. Intermediate-Level Vault: conceptual geochemical model of features and parameters

(Figure 12).®

Solid Phases

Aqueous Phase

Geochemical Parameter

Waste Zone: Active components
are grout, iron metal and corrosion
products. Because of intimate
contact between encapsulating
grout and waste form, cement
phases are considered to be
controlling sorption chemistry. The
impact of Fe-oxides is ignored. ®

Cementitious Impacted Leachate:
Three general types of oxidizing
grout leachate chemistries
controlled by different aged cement
phases characterized by elevated
pH and ionic strength relative to
SRS groundwater.

Use Oxidizing Cement Kd or
apparent solubility values for the
three cement ages. ®

Reducing Concrete Vault: Active
components are cement and slag
added to concrete in roof, walls and
floor. ©

Cementitious Impacted Leachate:
Three general types of reducing
concrete leachate chemistries
controlled by different aged cement
phases characterized by elevated
pH and ionic strength relative to
SRS groundwater. Leachate will
contain sulfides released from slag.

Use Reducing Cement Kd or
apparent solubility values for the
three cement ages. ©

Clayey Sediment: Upper Vadose
Zone

Fe-oxide impacted cementitious
leachate: Cement leachate
chemistry altered by passing
through Fe-oxide controlled
environment. Still characterized by
elevated pH and ionic strength
relative to SRS groundwater.

Use cementitious leachate impacted
Clayey Sediment Kd values;
KdCementLeach~ @

Sandy Sediment: Lower Vadose
Zone

As above.

Use cementitious leachate impacted
Sandy Sediment Kd values;
KdCementLeach- @

Sandy Sediment: Aquifer Zone

Cementitious leachate pore water
gets diluted with typical SRS
groundwater and the aqueous phase
takes on the properties of the latter:
pH 5.8, ionic strength 0.01, trace
levels of radionuclides.

Use Sandy Sediment Kd.

at time of operational closure.

@ Waste designated for the Intermediate Level Vaults (ILV) contains greater radioactivity than the waste
disposed in the Low Activity Waste Vaults. The ILV consists of two modules containing eight bulk waste cells
and one cell constructed with 144 silos. Waste is packaged in a variety of metal or concrete containers. Within
each bulk waste cell, the first layer of waste is placed directly on top of the graded stone drainage layer. The first
layer of waste is encapsulated in grout which forms the surface for the placement of the next layer. Subsequent
layers of waste are placed directly on top of the previously encapsulated waste. Subsequent layers may be
encapsulated with CLSM rather than grout. The cell with silos is used for disposal and storage of tritium-bearing
waste packed in 38-L drums, spent tritium extraction crucibles, and tritium job control waste.

® Oxidizing grout or Controlled low strength material (CLSM) used to encapsulate waste containers is assumed
to control the chemistry of the waste layer rather than the surrounding reducing concrete vault.

© Reducing cementitious materials are those that contain slag and change the pore water chemistry sufficiently to
require unique geochemical parameters. The ILV is constructed with a 70 — 140 cm thick concrete roof, 45 to 76
-cm thick interior and exterior concrete walls, and 76-cm thick base slab. Reducing concrete roof will be added
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@ The 2010 geochemical data package (Kaplan 2010) introduced the concept of a cementitious leachate impacted
zone beneath concrete/grout disposal units. This change specifically affected the Components in Grout Trenches,
Low Activity Waste Vaults, and Intermediate Level Vault models, but has never been formally evaluated through
the Unreviewed Disposal Question Evaluation (UDQE) process for inclusion in the PA baseline. This update of
the geochemistry data package maintains this concept which will be evaluated in the next PA revision.
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5.5 Naval Reactor Component Disposal Areas (NRCDAs)

Naval Reactor Component Disposal Area

Clayey Sec

Sandy ¢

Figure 14. Schematic representation of the geochemical conceptual model of the Naval Reactor
Component Disposal Areas. Not shown is a multi-layered closure cap that will be added above
the pads at the end of Institutional Control. See Table 9 for facility description and Figure 15 for
photographs of the facility.
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Figure 15. (Top) Photo showing partially covered naval reactor components of various sizes.
Earth and a clay cap will be mounded over naval reactor waste prior to final closure. There are
two such facilities, the “old” (two top photos) and “new” (bottom photo) facilities. (Bottom)
Naval reactor component before it is placed in the disposal area (WSRC, 2008).
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Table 9. Naval Reactor Component Disposal Areas (NRCDAs): conceptual geochemical model
of features and parameters (see Figure 14).

Solid Phases Aqueous Phase Geochemical Parameter

Waste Zone: Active components Same as SRS ground water: | Use Clayey Sediment Kd. Fe-oxide content
are activated metal and corrosion pH 5.5, ionic strength 0.01, | will control the sorption chemistry of this
products. It is assumed that the except for trace levels of zone. It is assumed that the geochemistry
activated metal waste will rust to radionuclides. of the Clayey Sediment will approximate
form Fe-oxides (crud) and that that of the rusted metal waste form. In
radionuclides will sorb to these reality the rusted waste form will contain
Fe-oxides. @ much greater Fe-oxide content than the

typical clayey SRS sediment. Thus, the use
of clayey sediment Kd is a conservative
assumption. ®©

Clayey Sediment: Upper Vadose As above. Use Clayey Sediment Kd. ®©
Zone

Sandy Sediment: Lower Vadose As above. Use Sandy Sediment Kd. ®©
Zone

Sandy Sediment: Aquifer Zone As above Use Sandy Sediment Kd.

@ Naval Reactor wastes are highly radioactive components consisting of activated corrosion-resistant metal alloy
(Inconel and Zircaloy) contained within thick steel welded casks, and auxiliary equipment primarily
contaminated with activated corrosion products (crud) at low levels and contained within thinner-walled bolted
casks. The crud component is assumed to be instantaneously released when the container is breached (750 years
after placement on the pad). The activation product component is released based on the corrosion rate of the steel
and radioactive decay of the radionuclides. The waste zone consists of these welded casks and bolted containers
placed on an above-grade gravel pad. The casks are assumed to be structurally stable well past the 1,000-year
period of performance. Two separate areas within the E-Area Low Level Waste Facility (ELLWF) have been
used for NRCDA's.

® As part of final closure, the casks will be surrounded with a structurally suitable material. This backfill may be
emplaced sooner if radiation shielding is required for personnel protection during the operational or institutional-
control period. The solid could be sand, aggregate, onsite soil, or a flowable cementitious material (ELLWF PA
Closure Plan, (Phifer et al., 2009)). It is assumed that Fe-oxide content from the rusted waste form will control
radionuclide sorption in the Waste Zone irrespective of whether clay, sand or aggregate is used as the backfill. If
a flowable cementitious fill is used, then cementitious-leachate impacted Kd values should be used in the Waste
Zone and Upper and Lower Vadose Zone. In the Aquifer Zone, cementitious leachate pore water gets diluted
with typical SRS groundwater and the aqueous phase takes on the properties of SRS groundwater, i.e., pH 5.8
and ionic strength 0.01 M, except for trace levels of radionuclides.

© Note that a simple GoldSim model was used to represent the NRCDA in the 2008 PA (WSRC, 2008). As a
conservative measure, this model placed the NRCDA source term in the saturated zone and instantaneously
released the entire inventory into the aquifer, thus ignoring the Waste Zone and Vadose Zone geochemical
properties.
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5.6 Saltstone Disposal Facility

altstone Disposal Facility

Sandy Sediment

Figure 16. Schematic representation of the geochemical conceptual model of the Saltstone
Disposal Facility. Not shown is a multi-layered closure cap that will be added above the
Saltstone Disposal Facility at the start of Institutional Control.
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Figure 17. Aerial photographs of the Z-Area Saltstone Production and Disposal Facilities. The
Saltstone Disposal Units (SDUs) reflect multiple design changes and improvements since the
original rectangular SDU 1 and SDU 4 that were constructed in the 1980s. Since 2010, SDUs 2,
3,5,6,7,8, and 9 have been built or are under construction and circular and are based on a
commercial water tank design that has been adapted for waste grout disposal.
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Table 10. Saltstone Disposal Facility: conceptual geochemical model of features and parameters

(see Figures 16 and 17).

Solid Phases

Aqueous Phase

Geochemical Parameter

Waste Zone @

Reducing Cementitious®: Three
types of concrete leachate
chemistries controlled by different
aged solid phases: young concrete
leachate pH ~12, then pH 10.5,
final pH 5.5 (Figure 3); generally
higher in ionic strength than SRS
groundwater. Leachate will contain
sulfides released from slag (Angus
and Glasser 1985).

Reducing Concrete Kd or
Reducing Concrete solubility
values

Reducing Concrete®™: walls, roof,
and floors are made of reducing
concrete

Reducing Concrete (as immediately
above)

Reducing Concrete Kd or
Reducing Concrete solubility
concentration limits®

Clayey Sediment: Upper Vadose
Zone

Cementitious (as above).

Use cementitious leachate impacted
clayey Kd values; Kdcementeach-

Sandy Sediment: Lower Vadose
Zone

Cementitious (as above).

Use cementitious leachate impacted
sandy Kd values; Kdcementeach for
sandy sediment.

Sandy Sediment: Aquifer Zone

Cementitious leachate pore water
gets diluted with typical SRS
groundwater and the aqueous phase
takes on the properties of the latter:
pH 5.8, ionic strength 10 M, trace
levels of radionuclide
concentrations and CDPs.

Initially use Sandy Sediment Kdcpp
until all the CDP@ has leached
from the Waste Zone. Then use
Sandy Sediment Kd.

@ The Saltstone contains blast-furnace slag (a strong reducing agent). The dimensions of the Saltstone Disposal
Units vary; some are rectangular, while others are cylindrical.
® Reducing cementitious materials are those that contain slag and change the pore water chemistry sufficiently
to require unique geochemical parameters (see Section 4.5).
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5.7 Closed Liquid Waste Tanks

Liquid Waste Tank

Clayey Sedimen

Sandy Sediment

Figure 18. Schematic representation of the geochemical conceptual model of the Closed Liquid
Waste Tanks Closure Concept. In some instances the Liquid Waste Tank rests within the aquifer
layer. See Table 11 for facility description.
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Figure 19. (Top) Photographs taken while waste tanks were under construction. (Bottom)

dimensions of the Type IV tanks.
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Table 11. Closed Liquid Waste Tanks: conceptual geochemical model of typical features and
parameters (see Figure 18 and Figure 19).

Solid Phases

Aqueous Phase

Geochemical Parameter

Waste Zone @

Reducing Cementitious Leachate®:
The rad waste consists typically of
a thin layer (averaging 1.2 to 2 cm
thick) existing on bottom of tank,
ranging from ~0.3 cm for most of
the bottom to ~4.5 cm along the
edges. It is covered with reducing
grout. Three types of concrete
leachate chemistries controlled by
different aged solid phases: young
concrete leachate pH ~12, then pH
10.5, final pH 5.5; generally higher
in ionic strength than SRS
groundwater. Leachate will contain
sulfides released from slag (Angus
and Glasser, 1985).

Reducing Concrete Kd or
Reducing Concrete solubility
concentration limits® ©

Basemat Concrete: Reducing
concrete basemat

Reducing Cementitious Leachate:
we model as if the aqueous phase is
a reducing leachate because
essentially all the water will
originate from the closed tank
above

Reducing Concrete Kd or
Reducing Concrete solubility
concentration limits®

Clayey Sediment: Upper Vadose
Zone

Oxidized Cementitious Leachate:
Oxidized cementitious leachate
with three types of water
chemistries, as described above.

Use cementitious leachate impacted
clayey Kd values; Kdcementreach.

Sandy Sediment: Lower Vadose
Zone

Oxidized Cementitious Leachate:

Use cementitious leachate impacted
sandy Kd values; KdcementLeach. fOr
sandy sediment.

Sandy Sediment: Aquifer Zone

Cementitious leachate pore water
gets diluted with typical SRS
groundwater and the aqueous phase
takes on the properties of the latter:
pH 5.8, ionic strength 10, trace
levels of radionuclide
concentrations.

Use Sandy Sediment Kd.

grout.

@ Release of radionuclides from the Contamination Zone is described by Denham (2009). In this model,
radionuclides are solubility controlled.

®) Reducing cementitious materials are those that contain slag and change the pore water chemistry sufficiently to
require unique geochemical parameters (see Section 4.5).
(© This table is not applicable for all tanks. The intruder barrier would not have to be treated differently than the
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6.0 DATA TABLES

Data tables are presented in this section based on the conceptual models presented in Section
4.0. Table 12 provides a list of the assumed oxidation states or speciation under the various
Conceptual Environments. Table 13 is a look-up table of Kd values for Sandy Sediment, Clayey
Sediment, and Cementitious Leachate Impacted Sediment Environments. Table 14 is a look-up
table of Kd values for oxidizing and reducing cementitious Environments. The remaining tables
in this section provide references and justification for the selection of the recommended values
(Table 15 - Table 21).

e Table 15. Special waste form distribution coefficients (Kd values) under ambient and
cementitious leachate environments.

e Table 16. Distribution coefficients (Kd values, mL/g): Sandy Sediment Environment and
Clay Sediment Environment.

e Table 17. Distribution coefficients (Kd values, mL/g): Oxidizing Cementitious
Environment.

e Table 18. Distribution coefficients (Kd values, mL/g): Reducing Cementitious
Environment.

e Table 19. Distribution coefficients (Kd values, mL/g): Reoxidizing cementitious
materials (i.e., oxidized BFS-cementitious materials).

e Table 20. Apparent solubility values (ks, mol/L) for the Oxidizing Cementitious
Environment.Error! Reference source not found.

e Table 21. Apparent solubility values (ks; mol/L) for the Reducing Cementitious
Environment.

6.1 Paired Apparent Solubility (k) and Distribution Coefficients (Kd)

By definition, when constituents of concern concentrations exceed the solubility concentration
for a given mineral, precipitation occurs, and subsequently the constituent of concern aqueous
concentrations cannot exceed the k;. At concentrations below the solubility limit the constituent
of concern concentration is assumed to be controlled by the Kd construct (Figure 1 — Bottom).
Aqueous concentrations generally only exceed solubility limits in cementitious waste forms,
such as in saltstone and tank closure (these facilities are discussed below in sections 5.6 and 5.7,
respectively). The pairing of Kd and &, values adhere to the following rules.

- ks values assigned to reducing cementitious environments Table 21 are paired with Kd

values for reducing cementitious environments Table 18.

- ks values assigned to oxidizing cementitious environments Error! Reference source

not found.are paired with Kd values for oxidizing cementitious environments (Table 17),
- Except for Ba, Sr, and Ra in cementitious environments that have undergone
reoxidation, in which case the ks values are paired with Kd values for reducing
cementitious environments. This exception is in place to address the specific
conditions of an aged reducing cementitious system that has undergone re-
oxidation, as may occur with saltstone or for tank closure.
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Table 12. Constituents of concern and their assumed oxidation states or speciation under
varying environments.

Sandy Sediment, Clayey

Chemical Sediment, Cementitious Oxidizing Reducing
Grouping(a) Leachate Impacted Cement Cement
Sandy/Clayey Sediment
Tritium (T) HTO HTO, OH HTO, OH
Inorganic C COs%, HCO5” COs*, HCO5 COs%, HCO5”
Ag, Tl Monovalent soft +1 11 1
metal
Al Trivalent metal +3 +3 +3
As, Sb Divalent Oxyanion XO4* +5 +3
Co, Cd, Ni, Pt Divalent Transition +2 +2 +2
Cr CrO4> +6 +3
Cu +2 +1
Fe Fe*3 +3 +2
Mn +4 +2
Mo +6 +4
N NO3;/NOy +5/+3 -3
Se, Te VIB Elements X042, X032 © X042, XO3> XOs3*
Kr, Rn, Ar Noble Gas 0 0 0
Sr, Ra, Ba, Ca Alkali-earth metals +2 +2 +2
Zr, Th Group VI Elements +4 +4 +4
Nb Nb(OH)s Egggg;jz/_ Nb(OH)s ®
Tc, Re X04© XOy4 XOy4 X+
Sn +4 +4 +4
CLF, I, At VIIB, Halides -1 -1 -1
Cs, Fr, K, Na, Alkali metal 1 1 1
Rb
Bl?cb/:lél’f]élfﬁ Trivalent Actinides
7 j & Rare Earth +3 +3 +3
Es, Eu, Fm, Gd, Elements
Lu, Sm,Y
Hg, Pb, Po, Soft, divalent cation +2 +2 +2
U UO0** U0 U
Np, Pa X053 © X053 /\/Z‘Jr
Vi 2+ VA 4 . PuV1022+, Pu4+,
Pu Put0:7, Put0y, colloid | b vgy + colloid colloid

@ These groupings of radionuclides will be used in the following Kd and solubility limit value tables in the
absence of experimental data. These groupings are based on basic chemical considerations including periodicity
and basic aqueous chemical properties.
®) Nb likely exists as Nb(III) under reducing conditions, but little sorption data is available for this species (Baes
and Mesmer, 1976). Nb speciation for sediment and oxidizing cement taken from Soderlund et al. (2015).

(© X = generic metal
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Table 13. Look-up table of various sediment distribution coefficients (Kd values) and cement
leachate impact factors (Equations 6 and 7).

Comteto | povsmans | noncmne_| Ot
(mL/g) (mL/g) (unitless)

Ac 1E+03 9E+03 15
Ag 1E+01 3E+01 32
Al 1E+03 1E+03 15
Am 1E+03 9E+03 15
Ar 0E+00 OE-+00 1
As 1E+02 2E+02 1.4
At 1E+00 3E+00 01
Ba 8E+00 3E+01 3
Bi 1E+03 9E+03 15
Bk 1E+03 9E+03 15
C 1E+01 4E+02 5
Ca SE+00 2E+01 3
Cd 2E+01 3E+01 3
Ce 1E+03 9E+03 15
cf 1E+03 9E+03 15
c 1E+00 8E+00 01
Cm 1E+03 9E+03 15
Co 4E+01 1E+02 )
Cr 4E+02 1E+03 1.4
Cs 2E+01 3E+02 1
Cu 5E+01 7E+01 32
Es 1E+03 9E+03 15
Eu 1E+03 9E+03 15
Ll 1E+00 8E+00 0.1
Fe 2E+02 4E+02 15
Fm 1E+03 9E+03 s
Fr 2E+01 3E+02 1
Gd 1E+03 9E+03 15
H 0E+00 0E+00 1
Heg BE+02 1E+03 32
! 1E+00 3E+00 ol
K SE+00 3E+01 1
Kr 0E+00 0E+00 N
Lu 1E+03 9E+03 15
Mn 2E+01 2E+02 4
Mo 1E+03 1E+03 14
N 1E+00 8E+00 ol
Na SE+00 3E+01 1
Nb 1E+03 1E+03 14
Ni 7E+00 3E+01 32
Np 4E+00 2E+01 s
Pa 4E+00 2E+01 15
Ll 2E+03 5E+03 32
Pd TE+00 3E+01 32
Po 2E+03 SE+03 2
Pt TE+00 3E+01 32
Pu 1E+03 6.0E+03

Ra 3E+01 2E+02

Rb 2E+01 3E+02 1

75



SRNL-STI-2021-00017. Rev. 0

gggii‘:ﬁe“t of Best Sand Kd Best Clay Kd Ce?;ﬁf,ﬁeﬁf;'éiﬂiﬂ}ﬂm
(mL/g) (mL/g) (unitless)

Re 6E-01 2E+00 0.1
Rn 0E+00 0E+00 1

Sb 3E+03 3E+03 1.4

Se 1E+03 1E+03 1.4
Sm 1E+03 9E+03 1.5

Sn 2E+03 5SE+03 3

Sr SE+00 2E+01 3

Te 6.0E-01 1.8E+00 0.1
Te 1E+03 1E+03 1.4
Th 9E+02 2E+03 2

Tl 3E+01 7E+01 1

U 3E+02 4E+02 3

Y 1E+03 9E+03 1.5
Zn 2E+01 3E+01 3

Zr 9E+02 2E+03 2
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oxidizing and reducing conditions.
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Best Best Best Best Best Best Oxidizing Oxidizing Oxidizing Reducing Reducing Reducing
Rad Oxidizing Oxidizing Oxidizing Reducing Reducing Reducing Apparent Apparent Apparent Apparent Apparent Apparent
Cement Kd | Cement Kd | Cement Kd | Cement Kd | Cement Kd | Cement Kd Solubility Solubility Solubility Solubility Solubility Solubility
Stage 1 Stage 11 Stage 111 Stage 1 Stage 11 Stage 111 Stage 1 Stage 11 Stage 111 Stage 1 Stage 11 Stage 111
(ml/g) (mLig) | (mLig) (mLig) | (mLig) mi | Yo | N | e | e | el | Yoo
Ac 6E+03 6E+03 6E+02 7E+03 7E+03 1E+03 -11 -8 -7 -11 -8 -7
Ag 4E+03 4E+03 4E+02 SE+03 5E+03 1E+03 -7 -7 -6 -7 -7 -6
Al 6E+03 6E+03 6E+02 7E+03 7E+03 1E+03 -11 -8 -7 -11 -8 -7
Am 6E+03 6E+03 6E+02 7E+03 7TE+03 1E+03 -11 -8 -7 -11 -8 -7
Ar 0E+00 0E+00 0E+00 0E+00 0E+00 0E+00 NA NA NA NA NA NA
As 3E+02 3E+02 1E+02 3E+02 3E+02 1E+02 NA NA NA NA NA NA
At 8E+00 1E+01 4E+00 0E+00 2E+00 0E+00 NA NA NA NA NA NA
Ba 2E+02® 1E+02® 2E+02® 6E+03 6E+03 6E+02 -5 -5 NA -7 -7 -7
Bi 6E+03 6E+03 6E+02 7E+03 7E+03 1E+03 -11 -8 -7 -11 -8 -7
Bk 6E+03 6E+03 6E+02 7E+03 7TE+03 1E+03 -11 -8 -7 -11 -8 -7
C 2E+03 SE+03 S5E+01 2E+03 5E+03 SE+01 -5 -6 -5 -5 -6 -5
Ca 9E+01 2E+01 9E+01 9E+01 2E+01 9E+01 -5 -5 NA -5 -5 NA
Cd 4E+03 4E+03 4E+02 5E+03 SE+03 1E+03 -7 -7 -6 -7 -7 -6
Ce 6E+03 6E+03 6E+02 7E+03 7TE+03 1E+03 -11 -8 -7 -11 -8 -7
Cf 6E+03 6E+03 6E+02 7E+03 7E+03 1E+03 -11 -8 -7 -11 -8 -7
Cl 0E+00 1E+01 1E+00 0E+00 1E+01 1E+00 NA NA NA NA NA NA
Cm 6E+03 6E+03 6E+02 7E+03 7E+03 1E+03 -11 -8 -7 -11 -8 -7
Co 4E+03 4E+03 4E+02 SE+03 5E+03 1E+03 -7 -7 -6 -7 -7 -6
Cr 1E+01 1E+01 1E+00 1E+03 1E+03 1E+03 NA NA NA -7 -7 -6
Cs 2E+00 2E+01 1E+01 2E+00 2E+01 1E+01 NA NA NA NA NA NA
Cu 4E+03 4E+03 4E+02 SE+03 SE+03 1E+03 -7 -7 -6 -7 -7 -6
Es 6E+03 6E+03 6E+02 7E+03 7TE+03 1E+03 -11 -8 -7 -11 -8 -7
Eu 6E+03 6E+03 6E+02 7E+03 7TE+03 1E+03 -11 -8 -7 -11 -8 -7
F 0E+00 1E+01 1E+00 0E+00 1E+01 1E+00 NA NA NA NA NA NA
Fe 6E+03 6E+03 6E+02 7E+03 7TE+03 1E+03 -11 -8 -7 -11 -8 -7
Fm 6E+03 6E+03 6E+02 7E+03 7E+03 1E+03 -11 -8 -7 -11 -8 -7
Fr 2E+00 2E+01 1E+01 2E+00 2E+01 1E+01 NA NA NA NA NA NA
Gd 6E+03 6E+03 6E+02 7E+03 7TE+03 1E+03 -11 -8 -7 -11 -8 -7
H 0E+00 0E+00 0E+00 0E+00 0E+00 0E+00 NA NA NA NA NA NA
Hg 3E+02 3E+02 1E+02 SE+02 SE+02 1E+02 -7 -7 -6 -7 -7 -6
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Best Best Best Best Best Best Oxidizing Oxidizing Oxidizing Reducing Reducing Reducing
Rad Oxidizing Oxidizing Oxidizing Reducing Reducing Reducing Apparent Apparent Apparent Apparent Apparent Apparent
Cement Kd | Cement Kd | Cement Kd | Cement Kd | Cement Kd | Cement Kd Solubility Solubility Solubility Solubility Solubility Solubility
Stage I Stage 11 Stage I11 Stage I Stage 11 Stage I11 Stage 1 Stage 11 Stage 111 Stage 1 Stage 11 Stage I11
(mL/g) mug | @i | mip [ @un | o@un | NN | Yl | Yaees | dey | e | oy
I 8E+00 1E+01 4E+00 0E+00 2E+00 0E+00 NA NA NA NA NA NA
K 2E+00 2E+01 1E+01 2E+00 2E+01 1E+01 NA NA NA NA NA NA
Kr 0E+00 0E+00 0E+00 0E+00 0E+00 0E+00 NA NA NA NA NA NA
Lu 6E+03 6E+03 6E+02 7E+03 7TE+03 1E+03 -11 -8 -7 -11 -8 -7
Mn 1E+02 1E+02 1E+01 1E+02 1E+02 1E+01 NA NA NA NA NA NA
Mo 3E+00 3E+00 3E+00 3E+02 3E+02 2E+02 NA NA NA NA NA NA
N 0E+00 0E+00 0E+00 0E+00 0E+00 0E+00 NA NA NA NA NA NA
Na 0E+00 0E+00 0E+00 0E+00 0E+00 0E+00 NA NA NA NA NA NA
Nb 1E+03 1E+03 SE+02 1E+03 1E+03 SE+02 NA NA NA NA NA NA
Ni 7TE+01 4E+02 4E+02 7E+01 4E+02 4E+02 -7 -7 -6 -7 -7 -6
Np 1E+04 1E+04 SE+03 1E+04 1E+04 SE+03 -13 -13 -7 -13 -13 -5
Pa 1E+04 1E+04 SE+03 1E+04 1E+04 SE+03 -13 -13 -7 -13 -13 -5
Pb 3E+02 3E+02 1E+02 SE+03 5E+03 1E+03 -7 -7 -6 -7 -7 -6
Pd 4E+03 4E+03 4E+02 SE+03 SE+03 1E+03 -7 -7 -6 -7 -7 -6
Po 3E+02 3E+02 1E+02 3E+02 3E+02 1E+02 -7 -7 -6 -7 -7 -6
Pt 4E+03 4E+03 4E+02 SE+03 5E+03 1E+03 -7 -7 -6 -7 -7 -6
Pu 1E+04 1E+04 2E+03 1E+04 1E+04 2E+03 -12 -12 -7 -12 -12 -9
Ra 2E+02@ 1E+02® 2E+02@ 6E+03 6E+03 6E+02 -6 -6 -6 -7 -7 -7
Rb 2E+00 2E+01 1E+01 2E+00 2E+01 1E+01 NA NA NA NA NA NA
Re 8E-01 8E-01 SE-01 1E+03 1E+03 1E+03 NA NA NA -9 -9 -6
Rn 0E+00 0E+00 0E+00 0E+00 0E+00 0E+00 NA NA NA NA NA NA
Sb 3E+02 3E+02 1E+02 3E+02 3E+02 1E+02 NA NA NA NA NA NA
Se 3E+00 3E+00 3E+00 3E+02 3E+02 2E+02 NA NA NA NA NA NA
Sm 6E+03 6E+03 6E+02 7E+03 7TE+03 1E+03 -11 -8 -7 -11 -8 -7
Sn 4E+03 4E+03 2E+03 4E+03 4E+03 2E+03 -7 -7 -6 -7 -7 -6
Sr 9E+01® 2E+01® 9E+01® 1E+03 1E+03 1E+02 -5 -5 NA -6 -6 -6
Tc 8E-01 8E-01 SE-01 1E+03 1E+03 1E+03 NA NA NA -9 -9 -6
Te 3E+00 3E+00 3E+00 3E+02 3E+02 2E+02 NA NA NA NA NA NA
Th 1E+04 1E+04 2E+03 1E+04 1E+04 2E+03 -12 -12 -7 -12 -12 -7
Tl 2E+02 2E+02 8E+01 2E+02 2E+02 8E+01 NA NA NA NA NA NA
U 1E+03 SE+03 5E+03 SE+03 5E+03 SE+03 -6 -5 -6 -6 -7 -7
Y 6E+03 6E+03 6E+02 7E+03 7E+03 1E+03 -11 -8 -7 -11 -8 -7
Zn 4E+03 4E+03 4E+02 SE+03 5E+03 1E+03 -7 -7 -6 -7 -7 -6
Zr 1E+04 1E+04 2E+03 1E+04 1E+04 2E+03 -12 -12 -7 -12 -12 -7

@ These values differ for reoxidized cementitious materials, i.e., BFS-containing materials that have aged to the point that all their reduction capacity has been consumed (See Table 20).
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Table 15. Special waste form distribution coefficients (Kd values) under ambient and cementitious leachate environments.

. Kd When Kd When
Constit- Waste is Waste is
uent of Waste Form . . . . References SRS Document No.
Concern Dlsp?sed in Disposed in
Sediment Concrete
(mL/g) (mL/g)
1-129 F-Area Activated C 1E+05 9E+02 (Kaplan and Serkiz, 2000b) WSRC-TR-2000-00308
1-129 H-Area Activated C 6E-+04 3E+02 (Kaplan and Serkiz, 2000b) | WSRC-TR-2000-00308
1-129 F-Area CG-8 5E+01 3E+00 (Kaplan and Serkiz, 2000b) | WSRC-TR-2000-00308
1-129 H-Area CG-8 4E+02 1E+02 (Kaplan and Serkiz, 2000b) | WSRC-TR-2000-00308
1-129 H-Area Filtercake 7E+02 6E+02 (Kaplan and Serkiz, 2000b) | WSRC-TR-2000-00308
1-129 H-Area Dowex 21K 2E+04 2E+03 (Kaplan and Serkiz, 2000b) WSRC-TR-2000-00308
1-129 F-WTU Dowex 21K 7E+03 3E+03 (Kaplan et al., 1999 ) WSRC-TR-1999-00270
1-129 ETF Carbon 7E+03 6E+02 (Kaplan et al., 1999 ) WSRC-TR-1999-00270
1-129 EDF GT-73 1E+04 3E+03 (Kaplan et al., 1999 ) WSRC-TR-1999-00270
1-129 K&L Disassembly Basin Facilities Resins @ 4E+03® 4E+03® (Kaplan and Coffey, 2002) WSRC-TR-2002-00349
1-129 SIR-1200 6E+03 6E+03 (Kaplan, 2001) WSRC-TR-2001-00346
I-129 F-Area Ground Water Treatment Unit Filtercake 6E+01 1E+01 (Kaplan and Iverson, 2001) WSRC-TR-2001-00253
C-14 K&L Disassembly Basin Facilities Resins @ 2E+02 1E+02 (Kaplan and Coffey, 2002) WSRC-TR-2002-00349
Tc-99 K&L Disassembly Basin Facilities Resins @ 7E+02® 8E+02® (Kaplan and Coffey, 2002) WSRC-TR-2002-00349
@ This is a mixed bed of resins, including a 42:58 cation:anion mass ratio of the cation resin CG-8, and the anion resin SBG-1. The tests were conducted, as
was the case with the other measurements in this table, with spent resin, i.e., resin that had been used in production, actual waste resin that would be disposed.
® These were originally measured as “greater than” values.
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Table 16. Distribution coefficients (Kd values, mL/g): Sandy Sediment Environment and Clay Sediment Environment.

Constit- | Sandy | Clayey | Comments/References®
uent of Sedi- Sedi-

Concern ment ment
Ar,*H, 0 0 Tritium & Noble Gases: No sorption experiments have been conducted on SRS sediments or other sediments with noble
Kr, Rn, gases. Tritium is assumed to be primarily incorporated into water and the noble gases are assumed to be inert and not to

interact with sediments.
Cl, N 1 8 Monovalent anions: Site-specific measurements of Cl Kd values were recently made (Seaman and Kaplan, 2010): sandy

(nitrate, sediment Kd = 1.8 £ 1.1 mL/g and for a clayey sediment, the Kd was 8.5 + 0.5 mL/g.

nitrite), F

Cr 400 1000 Seaman and Kaplan (2010) measured Cr(VI) Kd values of 411 + 84 mL/g in a sandy subsurface sediment and 1214 + 149
mL/g in a clayey sediment (both soils had a pH of ~5). Using batch and column studies, Seaman et al. (1999) reported that
Cr(VI) was strongly attenuated by SRS subsurface sediments. Fe-oxides within the soils used in the study were responsible
for sorption because natural pH levels of ~5.5 were below the zero point of charge (pH ~8), giving the soils a net positive
charge to attract the CrO4* anions.

Ac, Am, 1000 9000 Trivalent Cations: Kaplan and Serkiz (2004) reported that SRS sandy sediment Ce(IIl) Kd = 1220 = 1040 mL/g at pH 5.3;
Bi, Bk, SRS clayey sediment Ce(I1l) Kd = 8697 + 4980 mL/g at pH 5.3. Kaplan and Serkiz (2004) reported SRS sandy sediment
Ce Cf, Eu(Ill) Kd = 1168 + 1159 mL/g at pH 5.3; SRS clayey sediment Eu(III) Kd = 9020 + 3526 mL/g at pH 5.3. Both trivalent
Cm, Es, cations had very similar Kd values for a given sediment. Grogan (2008) measured Y Kd values in 27 SRS sediments
Eu, Fm, collected from the E-Area SRS subsurface. Most of the Kd values were “greater-than values,” that exceeded 3000 mL/g.
Gd, Lu, Coutelot et al. (2020) conducted Kdesorpiion measurements (10 mM NaCl, 1/10 sediment-to-solution ratios, 30 days
Sm, Y equilibration) using lysimeter samples (clayey sediment) that had been amended with '32Eu (Lysimeter L26). The !3?Eu had

been in contact with sediment for 4 yr and had an average (n = 10) Kdesorprion = 4293 £2896 mL/g.

Al 1000 1000 Crapse et al. (2004) (Figure 33 and Table 4) made in situ measurements of Al solubility in a wide pH range from sediments
collected from D-Area. At pH 3.18, Al porewater concentrations were at a maximum of 276,300 ppb, and then the
concentration decreased to ~10 ppb at pH 7, and then at higher pH levels the Al concentrations started to rise again. At the
pH of interest for the Sandy and Clayey sediment, pH 5.5, the Al concentrations (apparent solubility) were ~300 ppb. A
comparable Kd value was 1300 mL/g (Al-solid = 402 ppm [Table 25 in Crapse et al. (2004) Al-liquid = 0.3ppm [Fig. 33 in
Crapse et al. (2004) and Table 5). Theoretically, Al sorption is actually quite large in alkaline environments. Assumed
species: Low pH: AI**, AI(OH)**, and Al(OH);% High pH: AI(OH)4, and AI(OH)4>.

Fe 200 400 Knox and Kaplan (2003) measured Fe Kavalues of a subsurface sediment collected from TNX on the SRS. They conducted a

sorption isotherm using one SRS loamy-textured sediment (K« as a function of dissolved Fe(II) concentrations at ambient pH
levels, pH 5.8). They did not take any precaution to exclude oxygen from their study, therefore the Fe(II) amendments
almost certainly oxidized to Fe(IIl). They noted a rather flat response of Kato Feaq concentrations from 0.1 to 0.21 pg/L with
Kd values that were generally ~400 mL/g. Above 21 pg/L, Fe precipitation causing the apparent K« values to increase
precipitously to >2000 mL/g. Because of the minimal amount of relevant data. The observation of precipitation at pg/L Fe
concentrations is indicative that the Fe(II) converting to Fe(III). But because the PA is interested in radio-Fe isotopes, sub-

80




SRNL-STI-2021-00017. Rev. 0

Constit- | Sandy | Clayey | Comments/References®
uent of Sedi- Sedi-
Concern ment ment
ng/L Fe concentrations, then Kd and not & are appropriate. The Fe Kavalue assignments used this single measurement as
an upper boundary for both sediment types.
Inorganic 10 400 14C is assumed to exist in the SRS subsurface primarily as HCO5". Little carbonate minerals exists in the upper aquifers of
C the SRS due to the low pH and therefore HCOs™ concentrations are not expected to be solubility controlled. Roberts and
Kaplan (2008) found that '*C-carbonate sorption to sediments had very slow kinetics; after 6 months, *C-carbonate sorption
to SRS sediments had not come to steady state. Kd values in a sandy sediment were 1.5 £ 1.2 mL/g after 1 day and 8.6 = 1.9
mL/g after 6 months. Similarly, Kd values in a subsurface clayey sediment were 27.6 = 3.9 mL/g after 1 day and >372 after
6 months. While the sorption mechanism is not known, it may be attributed to the net positive charge of the pH ~5.5 SRS
sediments (more specifically the Fe-oxide coatings on these sediments.
Cs, Fr, 20 300 Monovalent (Group 1A): To develop better understanding of the underlying mechanisms responsible for the observed
Rb transport of Cs in the lysimeter experiments, a series of laboratory batch and column sorption experiments were conducted

using conditions simulating RadFLEX, including identical sediment (clayey sediment) (Barber, 2017). In laboratory studies
using lysimeter clayey sediments, he systematically evaluated effects on Cs sorption. Varying pH between 4 and 6
(background pH is 5.5) and ionic strength between 10 and 100 mM (background ionic strength is 0.1 mM) had minimal
effect on Cs Kd values. Using sediments that had been in contact for 30 days with a five orders-of-magnitude '33Cs
concentration range, Barber (2017) detected minimal change in (ad)sorption Kd values when **Cs concentrations were <1.5
ng/L (Kd = 410.2, 352.0, 440.4, and 459.6 mL/g). But when **Cs concentration ranged between >1.5 and <134 pg/L '33Cs,
the Kd values progressively decreased from 459.6 to 39 mL/g. SRS PA conditions are expected to typically be <1.5 ng/L.
Not surprisingly, desorption Kd value of the same samples followed similar trends, but the values were 2 orders-of-
magnitude greater than the (ad)sorption Kd values. For the sediments amended with **Cs <1.5 ug/L, the Kdesorprion Were
27,200, 27,200, 26,700, 24,400 mL/g. When the sediments amended with '3*Cs concentrations ranging between >1.5 and
<134 ug/L, the Kdgesorpiion values progressively decreased from 24,400 to 18,400 mL/g. Using the same sediment, Barber
(2017) conducted column studies and noted that after 128 pore-volumes effluent, the Cs center of mass in the column had
migrated only 0.708 cm down the column. He concluded that: 1) Kd values of 200 mL/g grossly overestimated transport
(meaning this Kd underestimated true (ad)sorption), 2) the desorption values of 27,000 mL/g were likely closer to the correct
Kd value reflecting transport, and 3) that the soil Cs concentrations indicated that transport was controlled by more than the
simple equilibrium Kd construct, included hysteresis with desorption and the presence of high-energy (“irreversible”)
sorption site. Additional modeling is planned to quantify these additional processes. Using the same clayey lysimeter
sediment as Barber (2017), Montgomery et al. (2017) conducted a series of batch adsorption tests in support of the lysimeter
program (clayey sediment) to provide insight into the role of organic ligands amendments on radionuclide Kd values. They
measure Cs Kd values ranging from 4 to 245 mL/g, with an average of 108 mL/g. Finally, Coutelot et al. (2020) conducted
some Kddesorption measurements (10 mM NacCl, 1/10 sediment-to-solution ratios, 30 days equilibration) from lysimeter (clayey
sediment) samples that had been amended with '3’Cs (Lysimeter 1.26) and a second core that had been amended with a
simulant Defense Waste Processing Facility (DWPF) glass contained Tank 50 waste, including '3’Cs. (The 10-cm? DWPF
glass was buried 30-cm deep within a 60 cm long sediment core.) The former had been in contact with sediment for 4 yr and
had an average (n = 10) Kdesorpiion = 2262 + 390 mL/g, and the latter had been in contact with sediment for 26 years and had
a Kddesmption (n = 1) of 2051 mL/g
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Constit-
uent of
Concern

Sandy
Sedi-
ment

Clayey
Sedi-
ment

Comments/References@

Hoeffner (1985) reported that Cs sorption to SRS sediments is very pH dependent. Under ambient conditions (pH ~5.5),
Kd values =410 mL/g. Johnson (1995) (Figure 5-18 in citation) reported Cs Kd values of 800 mL/g in aged field samples
recovered from F-Area, SRS (an acidic radionuclide plume) with initial Cs concentrations of 1E-8 M Cs at pH 5. In field
observations (squeezed porewater out of aquifer sediment), he measured a Kd of 29 mL/g at pH 5. Johnson (1995; Figure 5-
17 in citation), using subsurface F-area sediments, showed that the Cs sorption to SRS sediments was very pH dependent and
that there was a steep increase in sorption as pH increased from 4.2 to 6.4, between which the Kd increased from about 5 to
95 mL/g. AtpH 5.5 the Kd values ranged from 20 to 35 mL/g. Such field-desorption Kd values provide useful trends, but
are difficult to extract quantitative information because of inherent problems in defining the solid phase “exchangeable
fraction” of Cs used in the numerator of the Kd measurement (Krupka et al., 1999b). Findley (1998) conducted sequential
extraction studies and reported that field contaminated sediments did not desorb Cs until extremely harsh acids were used,
whereas in lab tests where Cs was added during adsorption (followed by desorption) tests, a majority of the Cs desorbed
using relatively mild extractants. This suggests that Cs may become more strongly bound by SRS sediment with time. More
recently, Barber (2017) noted significant increases in adsorption and desorption Kd values as contact time increased. This
same finding has been reported for Hanford and Chernobyl sediments. In distilled water, Cs Kd values were as high as 1500
mL/g, underscoring the importance of using appropriate background electrolytes when conducting sorption experiments.
Grogan et al. (2008) measured Cs Kd values in 27 sediments collected from E-Area SRS. They used SRS groundwater as a
background solution. Mean was 13 + 3.8 mL/g, ranging from 3.5 to 97 mL/g. The Upper Vadose Zone (dominated by
clayey sediment) had a mean of 11.3 + 3.0 mL/g; the Lower Vadose Zone (dominated by sandy sediment) had a mean of 5.6
+ 0.5 mL/g (In a zone containing mixed textured sediments, the Aquifer Zone, the mean Kd value was 21.2 + 9.2 mL/g).

Goto (2001) conducted >200 Cs sorption experiments with five SRS sediments of varying clay content. She showed a
strong Cs-Kd dependency on Cs concentrations at environmental-relevant concentrations. The Kd values ranged from 226 +
51 to 21 + 7 mL/g at ambient pH levels; varying directly with clay content (Goto 2001; Table 5-3). Sediments with clay
content of >10% had Cs Kd values >139 mL/g. Those with clay content <10% had Kd values of 73 to 15 mL/g. This series
of studies provides the highest quality data, both in terms of providing understanding of how Cs binds to SRS soils and for
providing quantitative information relative for the selection of best estimate Kd values.

Based in part on the extensive desorption Kd values results conducted by Barber (2017) and Coutelot et al. (2020), which
observed generally greater (ad)sorption Kd values than Goto (2001) and Montgomery et al. (2017), the recommended Cs Kd
values previous reported by Kaplan (2016) of 10 mL/g for sandy sediment and 50 mL/g for clayey sediment were increased
here to 20 mL/g for sandy sediment and 300 mL/g for clayey sediments. As noted above, these increases are supported by
the renewed discovery of the much greater desorption vs. (ad)sorption Kd values and the presence of high-energy
(“irreversible”) sorption sites in our sediment, albeit there is a low concentration of these sites, perhaps <5% (Goto, 2001).
Also, it is expected that dissolved radiocesium concentrations will be extremely low in most circumstances, thereby further
supporting the need to increase sediment Cs Kd values from the previous recommended values. There has not been any
recent research conducted with sandy sediments, only clayey sediments, therefore relatively smaller increases in
recommended Kd values are reported here.

Tl

30

70

Seaman and Kaplan (2010) measured T1(I) Kd values using SRS site specific sediments and simulated groundwater. T1Kd
values in the sandy sediment were 35 mL/g at pH 5.5 (background pH) and decreased to 20 mL/g as the pH decreased to 3
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and increased to >120 mL/g when the pH was increased above pH 7. In a clayey sediment, the T1 Kd value was about 90
mL/g at pH 5.5, and did not change greatly as the pH was decreased to 3, but increased sharply as the pH increased >7 to Kd
=>120 mL/g. Together these results indicate that Tl does not behave geochemically like K.

Na, K

30

There has not been any Na or K sorption studies conducted with SRS sediments. Estimates were set lower than Cs sorption
values because Na and K are also monovalent cations in the Group 1A in the Periodic Table, but they are strongly hydrated,
weakening their outer-sphere sorption bonds to sediments. No studies showing the quantitative differences between Cs and
Na/K were found in the literature to estimate better Na and K Kd values based on the large amount SRS Cs values.

Co

40

100

Hoeftner (1985) reported that: (1) a SRS sandy sediment (9% clay, pH ~4.7) had a Co Kd = 4.6 mL/g, (2) a SRS clayey
sediment (23% clay, pH ~4.7) had a Co Kd = 29 mL/g; (3) Co Kd values in SRS sediments were independent of Co
concentration between 1E-12 to 1E-6 M Co; (4) Co Kd values in SRS sediments decreased in the presence of high divalent
cation concentrations but not in presence of high monovalent cation concentrations; (5) Co sorption had a strong pH
dependency with a slight increase in Kd from pH 2 to 4.8 (background) then sharp increase in Kd between pH values of 4.8
to 7 (Kd = 20,000 mL/g), and then as pH increased to 9.5 the Kd steadily decreased to ~20 mL/g (thus concrete Kd values
should be appreciably higher than background sediment Kd values (background pH Kd = 7 and cement pH Kd = 30) (2).
Oblath et al. (1983) estimated Kd values of 10 to 20 mL/g based on SRS field lysimeters leachate ®°Co concentrations over a
two-year period. Grogan et al (2008) measured Co Kd values in 27 sediments collected from E-Area SRS. Mean was 306 +
117 mL/g, ranging from 33 to 2710 mL/g. The Upper Vadose Zone (dominated by clayey sediment) had a mean of 154 + 37
mL/g; the Lower Vadose Zone (dominated by sandy sediment) had a mean of 54 = 3 mL/g; Aquifer Zone (containing a mix
of sandy and clayey sediments, including some of the Tan Clay layer, which has a high binding affinity for cations) had a
mean of 535 + 264 mL/g. Coutelot et al. (2020) conducted some Kddesorption measurements (10 mM NaCl, 1/10 sediment-to-
solution ratios, 30 days equilibration) using lysimeter samples (clayey sediment) that had been amended with ®Co
(Lysimeter 1.26). The *°Co had been in contact with sediment for 4 yr as part of the field lysimeter program (RadFLEx) and
had an average (n = 15) Kdaesorpiion = 29.0 £ 9.2 mL/g.

A review of iodine Kd values was recently conducted because a large number of recent studies had been completed to study
not only the magnitude of iodine partitioning between groundwater and subsurface SRS sediment, but also what were the
factors responsible for its geochemical behavior (Kaplan et al., 2013). In the report they recommend best estimate values of 1
mL/g for sandy sediments and 3 mL/g for clayey sediments, which are ~3x greater than best estimates reported in the
previous Kd database (Kaplan 2010). These proposed Kd values reflect a much better understanding of iodine geochemistry
in the SRS subsurface environment, which permits reducing the associated conservatism included in the original estimates to
account for uncertainty. Among the key contributing discoveries supporting the contention that the Kd values should be
increased are that: 1) not only iodide (I-), but also the more strongly sorbing iodate (IO5") species exists in SRS groundwater
(average total iodine = 15% iodide, 42% iodate, and 43% organo-iodine), 2) when iodine was added as iodate, the measured
Kd values were 2 to 6 times greater than when the iodine was added as iodide, and perhaps most importantly, 3) higher
desorption (10 to 20 mL/g) than (ad)sorption (all previous studies) Kd values were measured. The implications of this latter
point is that the iodine desorption process would be appreciably slower than the (ad)sorption process, and as such would
control the rate (and the PA Kd value) that iodine sorbed to and therefore migrated through the subsurface sediment. High
desorption Kd values would result in the “effective Kd” for a reactive transport model being closer to the desorption Kd value
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(the rate limiting value) than the (ad)sorption Kd value. In summary, our understanding of '*’I geochemistry has greatly
improved, reducing the uncertainty associated with the PA’s conceptual model, thereby permitting us to reduce the
conservatism presently incorporated in PA input values to describe '?°I fate and transport in the SRS subsurface environment.
For iodide, the subsurface sediments had Kd values ranging from 1.1 to 33.7 mL/g; for iodate, the Kd values ranged from 2.4
to 60.9 mL/g (Emerson et al., 2014). Stone et al. (1985) reported iodide (I') Kd values based on column studies to be 0.6
mL/g, which was in the low range of Kd values they measured by the batch method, which ranged from 0.5 to 6.6 mL/g
(texture of sediment is unknown). The column studies likely reflect non-equilibrium conditions and thus did not provide
sufficient time for the iodide to sorb. Kaplan (2002) reported a similar Kd of 0.6 mL/g at pH ~5 in an upland sandy sediment
and 1.2 mL/g in a wetland sediment at pH 5. Hoeffner (1985) reported appreciably higher Kd values in a sediment that
contained 31% silt + clay content of 10, 5.35, and 3.62, mL/g for initial I concentration of 5, 50 and 500 pg/L I'. Iodide
sorption to a clayey subsurface SRS sediment (no fulvic acid added) and SRS uncontaminated groundwater was (units of
mL/g): Kd=-0.2+0.2atpH 3.9, Kd=0.1 £0.4 at pH 5.3, and 0.2 = 0.1 at pH 6.7 (Kaplan and Serkiz 2006). Similar
experimental setup, except to a sandy subsurface SRS sediment Kd values were always ~0 mL/g between pH 3.9 and 6.7
(Kaplan and Serkiz 2006). These latter studies had too much variability, making it impossible to discern whether the Kd
values were significantly different than 0 mL/g. Powell et al. (2010) reported Kd values of SRS subsurface sandy soils after
8 days of contact; for iodide in contact with sandy sediment the Kd values were 8 mL/g and for clayey sediment, they were 9
mL/g. Similarly, iodate Kd values were 5 mL/g for sandy sediments and 40 mL/g for clayey sediments. Using three loamy
sediments (texture that is in between a sand or a clay), iodide Kd values for three sediments ranged from 0.5 to 33.7 mL/g,
and iodate Kd values ranged from 3.5 to 60.9 mL/g (Kaplan et al., 2010a).

Ag

10

30

Site-specific measurements of Ag Kd values were made (Seaman and Kaplan 2010): sandy sediment Kd = 10.6 =2.5 mL/g
and for a clayey sediment, the Kd was 33.8 £ 13 mL/g.

Ni, Pd, Pt

30

Kaplan and Serkiz (2004) reported that SRS sandy sediment Ni Kd = 7 + 2 mL/g at pH 5.3; SRS clayey sediment Ni Kd = 30
+ 1 mL/g at pH 5.3. Using 3 clayey sands (>19% clay) from the SRS, Neiheisel (1983) reported Ni Kd values of 115, 116,
and 120 mL/g. The results from these two studies vary greatly. The lower, more conservative values will be used until
additional work warrants using larger values.

Cu

50

70

Cu exists primarily in the +2 state through pH/Eh region of interest. Cu+ exists only under reducing & pH >6. CuS formed
under reducing conditions. In oxidizing conditions, above pH 7, Cu(OH), dominates; below pH 7, Cu?>" dominates. There
have not been any Kd values measured in SRS subsurface sediments. In a fine sand (pH 8.3; OM. = 1.4%) had a Cu Kd
value of 206 mL/g (Wong et al., 1993); this value is probably the upper limit of the Kd we may expect in the SRS
subsurface due to the elevated organic matter concentrations and pH. Buchter et al. (1989) in a survey of 11 soils, reported
that a soil (“Windsor”: pH = 5.8, OM = 0.67%, silt + clay = 25%) like that of a clayey SRS sediment had a Cu Kd value of
77.1 mL/g. In the same study, the sediment most like a “sandy SRS sediment” (“Spodosal”: pH 4.3; OM = 1.98%, silt + clay
=10%) had a Cu Kd value of 56 mL/g.

Cd, Zn

20

30

Grogan et al. (2008) measured Cd Kd values in 27 sediments collected from E-Area SRS; the mean was 89 + 36 mL/g,
ranging from 9 to 927 mL/g. The Upper Vadose Zone (dominated by clayey sediment) had a mean of 37 + 8§ mL/g; the
Lower Vadose Zone (dominated by sandy sediment) had a mean of 16 + 0.9 mL/g (Aquifer Zone 131 4+ 53 mL/g, but it
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included some clay lenses from the semi-permeable Tan Clay layer and bias the Kd values to be larger). The best estimates
were largely based on the data of Grogan et al. (2008) rounded to one significant figure.
Np, Pa 4 20 Np will exist primarily as NpO," (EPA, 2004). It has been shown that Np: (1) sorbs moderately to iron oxides and clays, (2)

does not compete favorably with dissolved Ca or other divalent ions, and (3) sorption is strongly pH dependent (EPA, 2004).
Extensive Np geochemical research has been conducted recently as part of the Radionuclide Field Lysimeter Experiment
(RadFLEXx) and associated laboratory experiments (Maloubier et al., 2017; Parker et al., 2020; Peruski et al., 2017a; Peruski
et al., 2018a; Peruski et al., 2018c; Peruski et al., 2018d). Np from Np(V) sources at the RadFLEx facility readily leached
from the vadose clayey sediments, whereas the amount of Np from Np(IV) leached orders of magnitude less (Peruski et al.,
2018d). Parker et al. (2020) concluded that Np released into the effluent from field lysimeters amended with Np(IV)O, had
oxidation of to the more mobile Np(V) aqueous species (Parker et al., 2020; Peruski et al., 2017a; Peruski et al., 2018a;
Peruski et al., 2017c¢; Peruski et al., 2018d). From core samples recovered from a field lysimeter experiment, desorption Kd
values of 34, 72, and 16 mL/g were measured in clayey sediments that were amended with Np(V) two years earlier (Kaplan
et al., 2018; Peruski et al., 2018c). In a parallel set of experiments in which Np(IV) was the source, an oxidation state that is
not generally expected in vadose zone sediments, desorption Kd values from lysimeter sediment cores samples were 810 and
1323 mL/g (Peruski et al., 2018d). Importantly, these results confirm expectations that Np(IV) binds more strongly to soils
than Np(V). Finally, these field transport studies demonstrated the presence of mobile Np colloids. The nano-sized colloids
were fragmentations from the original source NpO; solids placed in the lysimeter. Miller et al. (2009) measured Kd values in
SRS sandy and clayey sediment of 4.26 + 0.24 mL/gand 9.05 = 0.61 mL/g, respectively. The latter represents the first Np
Kd in a clayey sediment. Adding NOM resulted in increases in Np Kd values to 13 and 24 mL/g. In the presence of varying
reductants, the Kd values increased slightly between 13 and 24 mL/g. These slight increases presumably resulted from partial
reduction of Np(V) to Np(IV), the stronger sorbing form of Np. An important finding in this study was that Np had little
tendency to reduce under to Np(IV) even under the most strongly reducing conditions expected under natural SRS
conditions. A more recent SRS sediment Np Kd study was conducted by Powell et al. (2010), who reported sandy sediment
Kd values 4.3 +/- 0.2 and 5.3 +/- 0.2 mL/g and for clayey sediment 9 +/1 0.6 and 10.0 +/- 0.3 mL/g. Furthermore, they
demonstrated that 1) there very little Np was associated with mobile colloids, ~1%, 2) the addition of natural organic matter
only moderately increased the Kd values, and 3) few if any conditions likely to exist in the SRS subsurface environment
would likely promote Np(V) reduction to the more strongly binding (Np(I'V) state. The Np sorption study using SRS
sediments found in the literature was Sheppard et al. (1979). In this study, Np Kd values for a soil (pH = 5.1, cation exchange
capacity = 2.5 meq/100 g, 3.6% silt, 0.5% clay, CaCO; = <0.2 mg/kg) were 0.25 and 0.16 mL/g. This sediment is lower in
clay content and pH than our assumed typical sediments for the “Sandy Sediment” or “Clayey Sediment”. The 4-year flow
field lysimeter experiments, along with the desorption (vs. (ad)sorption) experiments provide important guidance for the
selection of Kd values (Maloubier et al., 2017; Peruski et al., 2017a; Peruski et al., 2018a; Peruski et al., 2018c; Peruski et
al., 2018d). These first-time desorption Kd measurements of Np from SRS sediments were much greater than previous
(ad)sorption Kd values. This outcome is not surprising because the desorption process is the rate limiting process, and as
such the more important values compared to adsorption Kd values for reactive transport PA purposes.
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Based on these high pedigree experiments, as well as earlier (ad)sorption laboratory studies, the recommended Kd values
for the sandy and clayey sediments are 4 and 20 mL/g, respectively (an increase from 3 and 9 mL/g, respectively, as reported
in the previous data package (Kaplan 2016).

Pu

1000

6000

A great deal of Pu sorption studies has recently been completed by SRNL and Clemson University (Fjeld et al., 2004;
Kaplan et al., 2006; Kaplan et al., 2004a, b; Kaplan et al., 2001; Kaplan and Wilhite, 2001; Powell et al., 2004, 2005).
Almond et al. (2012b) reviewed site specific Pu Kd values and concluded that there are a wide range of values. Their Pu Kd
included 65 values derived from laboratory (ad)sorption experiments ranging in contact times between 1 and 33 days and
included 34 measurements with sandy sediments and 31 measurements with clayey sediments. Looking at only
measurements made at pH 4.5 to 7.0 (far field SRS conditions), the median Pu Kd in sandy sediment was1800 mL/g with a
95 percentile range between 210 and 20,000 mL/g. Similarly, for clayey sediment the median Pu Kd in sandy sediment was
8600 mL/g with a 95-percentile ranging from 1000 to 33,000 mL/g. Kaplan et al. (2004a), in a laboratory experiment using
a clayey sediment showed that after 50-hr that 99% of the Pu added as Pu(V) had converted to Pu(IV) in the sediment/water
system. Demirkanli et al. (2007) using computer simulation of a lysimeter study using clayey sediments reported that during
a 24-yr simulation that 99.99% of the Pu existed as Pu(IlI/IV). Using X-ray adsorption spectroscopy, Kaplan et al. (2008b)
did not detected any oxidized forms of Pu in SRS sediments that had been in field lysimeters for 11 years. The conclusion
from these studies were that Pu exists in the SRS subsurface environment almost exclusively as the Pu(IV), the strong
binding from of Pu, irrespective of the oxidation state that the Pu was introduced to the sediment. Recent studies at the
Radionuclide Field Lysimeter Experiment (RadFLEx) using sediment (clayey texture) subsamples collected from a 3.4-year-
old core that contained a PuO,(s) source (Lysimeter L44), revealed that Pu(IV) was strongly bound to the sediment with
Kddesorption ranging from 10,853 to 41,166 mL/g (1:15 sediment:10mM-NaCl; triplicate; 14 day contact) (Maloubier et al.,
2020; Maloubier et al., 2017; Peruski et al., 2017b). In another lysimeter core (L41) that was amended with Pu(V)NH4(CO3)
and had been left at the lysimeter RadFLEx facility for 3-yr, Kduesorpiion measurements ranged from 900 to 2400 mL/g
(Maloubier et al., 2020; Maloubier et al., 2017; Peruski et al., 2018b). Pu from the Pu(V) source moved much further down
the lysimeter than the Pu from the Pu(IV). They measured that most of the sediment bound Pu had been converted to
Pu(IV); separate kinetic studies demonstrated that it took only hours for the Pu(V) to convert to Pu(IV) once it made contact
with the lysimeter sediment (Maloubier et al., 2017). These recent lysimeter studies provide important mechanistic
geochemical information from long-term flow conditions. Based on the critical review by Almond et al. (2012b) of
(ad)sorption Pu Kd values, showing median values of 1800 mL/g for sandy sediments, it is recommended here that the Sandy
Sediment Kd best value be increased from 650 (Kaplan 2016) to 1000 mL/g. No changes are recommended for the clayey
sediment Kd value.

Th, Zr

900

2000

Tetravalent Cations: Kaplan and Serkiz (2004) reported that SRS sandy sediment had a Zr(IV) Kd = 991 + 352 mL/g at pH
5.3; SRS clayey sediment had a Zr(IV) Kd = 1969 + 561 mL/g at pH 5.3 (Kaplan and Serkiz 2004). Kaplan and Serkiz
(2004) reported that SRS sandy sediment had a Th(IV) Kd = 245 + 0 mL/g (the standard error is in fact zero) at pH 5.3; SRS
clayey sediment Th(IV) Kd = 99 + 48 mL/g at pH 5.3. The latter two Th(IV) data appears suspect in that greater sorption to
sand than clay is inconsistent with basic principles of surface chemistry. This latter value will drive the uncertainty high and
the “Conservative” estimates low. Thibault et al. (1990) in their Kd compilation of sorption values from throughout the
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world provide a very wide range of Th Kd values, with almost all values being >10,000 mL/g, however, a few values were as
low as 35 mL/g.

Pb, Po,
Sn

2000

5000

Divalent Soft Metals: Bibler and Marson (1992) reported that Pb Kd values for a SRS burial ground sediment (TF1, 40-60
mesh) was generally >10,000 mL/g, a second burial ground sediment (TF2 40-60 mesh) was 63 to 925 mL/g, and a sediment
from near the ETF (40-60 mesh) facility had Pb Kd values generally >2,000,000 mL/g. It appears quite likely that all these
experiments were conducted at concentrations above the solubility of Pb, and thus reflect precipitation more than adsorption;
the experiments were conducted at an initial Pb concentration of 5 mg/L Pb?*. Furthermore, the <40-mesh fraction of the
sediment was not included in these experiments, thus greater sorption would likely have been measured with the entire
sediment. In a compilation put together for groundwater modelers throughout the world, the estimated range of Kd values
for sediments with a pH of 4 to 6.3 was 940 to 8,650 mL/g. Finally, these elements tend to have low solubility values.
Solubility limits can easily be exceeded by these elements. Therefore it is especially important to consider using solubility
constraints rather than Kd values when concentrations are slightly elevated for these elements.

Hg

800

1000

There has been two Hg?" sorption study conducted with SRS sediments (Bibler and Marson, 1992; Kaplan and Iverson,
1999). The study by Bibler and Marson (1992) will not be discussed because they only used limited particle size fractions
(40 to 60 mesh or 80 to 100 mesh sediment fractions) and they conducted their test using extremely high background ionic
strength solutions, non-environmentally relevant levels, which would be expected to greatly influence sorption
measurements. Kaplan and Iverson (1999) measured Hg?" values of an SRS vadose zone sand and clay sediment samples,
meant as end members of the types of sediments encountered at the SRS. The sand had Kd values ranging from 956 to 2452
mL/g, while the clay sample had Kd values 1296 to 8517 mL/g. Kd values measured in the clay sediment did not vary
systematically with pH: at pH 3.1, 4.1, and 9.3 the Hg-Kd = 58, 1296 and 429 mL/g, respectively. Elevating CI, a Hg
complexing ligand known to reduce Hg sorption, concentrations by 0, 2, or 20 mg/L CI;, caused only marginal decreases in
Hg Kd: 1296, 773, and 967 mL/g, respectively. Based on these data, Kaplan and Iverson (1999) concluded that the most
likely Kd for this system was 800 mL/g for the sand and 1000 mL/g for the clay. The corresponding reasonably conservative
Kd values for the sand and clay were 600 and 700 mL/g, respectively.

Ca, Sr

20

Alkaline Earth Elements (Group IIA): Kaplan and Serkiz (2004) reported that SRS sandy sediment Sr Kd =5 + 1 mL/g at pH
5.3; SRS clayey sediment Sr Kd = 17 + 0 mL/g at pH 5.3. Hoeffner (1985) reported SRS sandy sediment (9% clay) Sr Kd = 3
mL/g, pH ~4.7; SRS clayey sediment (23% clay) Sr Kd = 9 mL/g, pH ~4.7; very strong pH effect on Sr Kd values on SRS
sediments: for sandy sediment (9% clay) between pH 2 to 4.8 (background) Kd slightly increased from 4 to 19, then
increased sharply from pH 4.8 to 6.0-7.0, where the Kd became 2000 mL/g, then the Kd decreased gradually to 100 mL/g as
the pH increased to pH 11 (Hoeffner 1985). Prout (1958) study quantifying Sr sorption to SRS sediments is purposely not
included here because of compromised experimental procedures. Sr sorption is almost entirely by cation exchange (EPA
1999), and as such, is readily reversible upon changes in groundwater chemistry. Another important environmental factor
influencing Sr Kd values is the presence ofnative and stable Sr, which was shown to be 2100 and 3800 mg/kg in sandy and
clayey SRS sediment, respectively (Powell et al. 2010). Depending on the ionic strength of the background solution (0.02 to
0.1 M NacCl), Powell et al. (2010) measure Sr Kd values between 5.8 and 6.0 mL/g in sandy soil and 8 and 32 mL/g in clayey
sediment. Estimates in look-up table reflect the weak and readily-exchangeable sorption mechanism.
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Based on the results of Kaplan and Serkiz (2004) and Powell et al. (2010), the best clayey sediment value was estimated
to be 17 mL/g; rounded to one significant figure is 20 mL/g.

Ba

30

Because the chemistry of elements in the IIA group of the periodic table (Be, Mg, Ca, Sr, Ba, and Ra) trend in a predictable
manner in terms of aqueous chemistry and binding to soils (Chen and Hayes, 1999; Sposito, 1989), Powell et al. (2010)
estimated Ba Kd values based on measured site-specific values of Sr and Ra. The theoretical trend is that as elements
increase in atomic weight in this group, sorption increases. As such, Ba would be expected to have a Kd value greater than
that of Sr, but less than that of Ra. They estimated the Ba Kd to be the average of the sandy and clayey sediment
measurements: 20 mL/g for sandy sediment and 100 mL/g for clayey sediment. More recently, Coutelot et al. (2020)
conducted Ba Kdgesorpion measurements (10 mM NacCl, 1/10 sediment-to-solution ratios, 30 days equilibration) using
lysimeter samples (clayey sediment) that had been amended with '*3Ba (Lysimeter L26). The **Ba had been in contact with
sediment for 4 yr as part of the field lysimeter program (RadFLEx) and had an average (n = 15) Kduesorpiion = 28.5 £3.7
mL/g. This is the first Ba Kd values measured with SRS sediments, and as such will have greater influence on estimated best
values provided here for the PA. Kaplan (2016) in the earlier version of this document, provided the best estimate for sandy
sediment of 20 mL/g and for clayey sediment of 100 mL/g. These best estimate values here reflect the logic of IIA group
chemistry based on periodicity as well as the new measurements reported by Coutelot et al. (2020).

Ra

30

200

Recently Ra values were measured using SRS sandy and clayey sediments in a solution of similar ionic strength as SRS
groundwater (~0.02 M NaCl) (Powell et al. 2010). In the sandy sediment the Kd values were 30 + 0.3 mL/g, in clayey
sediment the Ra Kd values were 185 +£ 26 mL/g. Based on these measurements and to be geochemically consistent with the
known trend (Chen and Hayes, 1999; Sposito, 1989) that Kd values increase in the order of: Sr < Ba < Ra, the recommended
values of Ra Kd values were selected. Therefore the trends for Sr, Ba, and Ra Kd values for sandy sediments are 5, 20, and
30 mL/g, respectively, and for clayey sediments are 20, 100, and 200 mL/g, respectively.

Mo, Nb,
Se, Te

1000

1000

Selenate (SeO4>) sorbs strongly to SRS sediments between the pH values of 3.9 and 6.7 (Kaplan and Serkiz 2006). With 0
mg/L C from fulvic acid added to SRS groundwater, selenate Kd values for a clayey subsurface SRS sediment were
10414+0.7 mL/g at pH 3.9; 1041+ 0.4 mL/g at pH 5.3, and 1041+0.3 mL/g at pH 6.7 (Kaplan and Serkiz 2006). The authors
remarked that there appeared to be an upper sorption limit reached yielded such similar Kd values as a function of pH.
Under similar experimental conditions but using a subsurface sandy sediment, selenate Kd values were 1041+ 0 mL/g at pH
3.9, 1311+ 384 mL/g at pH 5.3, and 601+ 65 mL/g at pH 6.7 (Kaplan and Serkiz 2006). The sandy sediment, but not the
clayey sediment, showed the characteristic decrease in Kd values as the pH increased. Consistent with the large Kd values
reported by Kaplan and Serkiz (2006), more recently Seaman and Chang (2013) reported Se Kd values to a clayey SDU-6
sediment of >1400 mL/g.

There is little Nb sediment sorption data. Recently, Soderlund et al. (2015) reported that Kd values tended to decrease
with increasing pH (typical of anions). At pH 7 Kd values for a soil in contact with a simulated soil solution was ~10,000
mL/g and at pH 5.5 (closer to SRS groundwater pH values), Kd values were >100,000 mL/g. The Kd value change with pH
was attributed to changes in the speciation of Nb, where the speciation became more negatively charged at high pH values:
below pH 6 was Nb(OH)s; pH 6-9 was Nb(OH)s"; and pH >9 was Nb(OH),>. They also reported Kd values of 500,000 mL/g
for pure kaolinite, the dominant mineral in SRS clay-size fraction. Echevarria et al. (2005) also reported extremely high Nb
Kd values for three soils of >1000 mL/g after 1 day of contact with amended Nb. In previous geochemical data packages
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(Kaplan, 2010) , it was assumed that Nb was an anion, and geochemically behaved more like CI' or NOs". These studies
indicate that Nb, in fact, sorbs very strongly to soils.

20

200

Thibault et al. (1990) report Mn Kd values for sand textured sediments of 14, 18, 24, 29, 30, 50, 70, 71,150, 2000 mL/g, and
for clay sediments of 250, 2100, and 10,000 mL/g. Willett and Bond (1995) used highly weathered soils similar to those
found on the SRS and reported Kd values of 4 (pH 5), 5 (pH 6), and 9.5 (pH 7) mL/g. The increase Mn sorption with pH was
attributed to the tendency for Mn to hydrolyze at elevated pH levels. However, the soils used by Willett and Bond (1995)
had much lower Fe-oxide concentrations than SRS sediments, which would underestimate the Mn sorption potential of SRS
sediments. Given the lack of site specific information, the recommended best estimates are towards the lower range
identified in Thibault et al. (1990), but greater than those reported by Willett and Bond (1995) .

100

200

Crapse et al. (2004) measured in situ As Kd values in D-Area, SRS, by collecting porewater/sediment paired samples along a
pH gradient. The As Kd values varied by 3 orders of magnitude along the transect and did not vary in a consistent manner
with pH. At pH 5.5, the Kd values varied from about 30 to 20,000 mL/g (Crapse et al. (2004); Figure 45). Also, note that Sb
below can be considered a chemical analog.

Sb

3000

3000

Oxidizing: Sb(IIT) as HSbO," and Sb(OH)3’. Sb sorption studies have been conducted with SRS burial ground sediments
with deionized water or groundwater (Hoeffner 1985). They indicate Sb sorbs strongly to our sediment, with a near linear
decrease in logKd values and pH. The decrease in sorption at the more basic pH levels may be a result of formation of
anionic Sb complexes, such as Sb(OH)4 ™ and SbO,". Between pH 5 and 6, the five measured Kd values were between 3000
and 4000 mL/g. At pH 10.5, the Sb Kd value was 22 mL/g. SRS lysimeter studies indicate that a small amount of Sbis in a
mobile anionic form (Hoeffner 1985). The literature indicates there have been very few Sb sorption studies conducted.
Ames and Rai (1978) reviewed Sb sorption and concluded that over the pH range of 4 to 8 that Sb exists as a neutral and
complexed species. In high pH and high ionic strength systems, Sb Kd values were very low, 0 to 2 mL/g (38). When Ca
concentrations were high, such as in a concrete system, Sb appeared to coprecipitate with CaCOs, yielding Kd values in the
range of 17 to 122 mL/g. Beneath leaking high level waste tanks in Hanford, Sb was found to migrate rapidly through the
subsurface sediment (at the same rate as Co and ruthenium) Ames and Rai (1978). The high mobility may be attributed to
the tendency of Sb to form complex or hydrolyzed species which are neutral or negatively charged. Recently, Seaman and
Chang (2013) measured Sb Kd values of >1200 mL/g for SDU-6 SRS sediments, providing additional support that Sb sorbs
strongly to SRS sediments.

Re, Tc

0.6

1.8

Tc exists as the anion TcOy s in oxidized systems, such as the vadose zone and the aquifer. Hoeftner (1985) reported
correlation between clay content in SRS sediments and Tc Kd: <10% clay Kd=0.17 mL/g, ~10% clay Kd = 0.14 mL/g, ~10%
clay Kd = 0.23 mL/g, 11% clay Kd=0.10 mL/g, 30% clay Kd=0.33 mL/g, 43% clay Kd=1.31 mL/g, 45% clay Kd =1.16
mL/g. Kaplan (2005) reported TcO4 sorption to an SRS sediment occurred only when the pH was <4.3; the Kd values to this
sandy subsurface sediment increased from 0 at pH 4.3 to ~0.11 at pH 3.7. Sorption studies with ReOs to a clayey subsurface
SRS sediment in SRS groundwater as a function of pH all had a Kd of ~0 mL/g: -0.6 £ 0.6 mL/g at pH 3.9; -0.3 = 0.1 mL/g
atpH 5.3; -0.1 £ 0.3mL/g at pH 6.7 (Kaplan and Serkiz 2006). Similar studies conducted with sandy subsurface SRS
sediment showed no sorption between the pH of 3.9 and 6.7: Kd =-0.4 + 0.3mL/g at pH 3.9, Kd =-0.2 £ 0.4mL/g at pH 5.3,
and Kd = 0 + 0.2mL/g at pH 6.7 (Kaplan and Serkiz 2006). The variability in these latter studies was quite high due to the
limited number of replicates, only two replicates. Montgomery et al. (2017) conducted a series of batch adsorption tests in
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support of the lysimeter program (clayey sediment) to provide insight into the role of organic ligands amendments on
radionuclide Kd values. They measure Tc Kd values ranging from -3.0 to 1.1 mL/g, with an average of -0.2 mL/g.
However, they indicate that Tc or Re sorption is very limited to these SRS sediments. Kaplan et al. (2008a) measured Tc Kd
values in 26 sediments collected from E-Area SRS. The mean was 3.4 + 0.5 mL/g and ranged from -2.9 to 11.2 mL/g. The
95-percentile range was 2.4 to 4.4 mL/g. The Upper Vadose Zone and Lower Vadose Zone, which consist primarily of
clayey and sandy sediments, respectively, did not have significantly differently Kd values, which is inconsistent with
Hoeffner (1985). The recommended value originates from the median value of 47 Tc Kd values, which includes the 26 Kd
values from E-Area reported by Kaplan et al. (2008a): the median value for clayey sediment = 1.8 mL/g and for sandy
sediment = 0.6 mL/g (Kaplan 2009).

300

400

Dong et al. (2012) conducted an in-depth study of U binding to SRS subsurface sediment. They concluded that the Fe-
oxyhydroxide coating the soil particles were responsible for most of the U binding to these soils and that there was a strong
pH dependency of U binding to soils. At pH 5.5 (background), U Kd values for a sediment with higher levels of clay were
~3000 mL/g, and for a sandier sediment, the Kd value was ~700 mL/g. Seaman and Kaplan (2010) measured U(VI) Kd
values using SRS site specific sediments and simulated groundwater. U(VI) Kd values in the sandy sediment were ~450
mL/g at pH 5.5 (background pH) and remained largely constant between pH 3 to 9. When the pH was raised above pH 10.5,
the Kd values raised sharply to ~800 mL/g. In a clayey sediment, the U Kd values followed similar trends, but the Kd values
were larger. Between pH 3 and 9 the Kd values were largely constant at 500 mL/g; when the pH was raised above pH 10.5,
the Kd value increased to >23,000 mL/g. Barnett et al. (2002) reported a Kd value of ~300 mL/g for a clayey SRS sediment.
However, like Dong et al. (2012) they reported much greater changes in Kd values with changes in pH values than was
reported by Seaman and Kaplan (2010). Finally, Montgomery et al. (2017) conducted a series of batch adsorption tests in
support of the lysimeter program (clayey sediment) to provide insight into the role of organic ligands amendments on
radionuclide Kd values. They measure U Kd values ranging from 785 to 849 mL/g, with an average of 813 mL/g.
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Table 17. Distribution coefficients (Kd values, mL/g): Oxidizing Cementitious Environment.
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Ar, Kr,
Rn

0

0

0

Until studies are conducted to prove otherwise (such as tritium; see below), it will be necessary to
assume their Kd values = 0 mL/g.

Re, Tc

0.8

0.8

0.5

TcOy4 adsorption to oxidized cementitious material has been measured between 1 and 10 mL/g (Allard
etal., 1984). Kaplan and Coates (2007) measured TcO4 Kd values in Ca(OH)-saturated and CaCOs-
saturated solutions in ground, 40-yr old concrete, simulating 1%/2" and 3™ Stages, respectively. The
measured Kd values under oxidizing condition were 0.8 and 1.4 mL/g, respectively. Lilley et al. (2009)
reported TcO4™ Kd values measured under oxidizing conditions of 3.30 mL/g to a 50 year-old aged
cement; 5.08 mL/g to a Saltstone Vault 2 (25% slag) cementitious sample; and 4.77 & 2.75 mL/g to
two Saltstone simulant samples. Almond and Kaplan (2011) conducted leaching studies under reducing
and oxidizing conditions with Vault 4, Cell E samples from the Saltstone Disposal Facility. Under
oxidizing conditions, a Kd value of 12 mL/g was measured. It was not substantiated whether the
samples were fully oxidized (i.e., that all the reduction capacity was oxidized) during this study and
therefore, it is possible that had the study been conducted over a much longer period, that greater Tc
release, or lower Kd values would have been measured. Baker et al. (2000) measured Tc(VII) Kd
values of <I mL/g for NRVB (Nirex Reference Vault Backfill: 25% OPC, 10% Limestone, 30%
hydrated lime, 35% water) cementitious materials at pH 12.8. Serne et al. (1992) conducted a large
number of diffusion tests involving Tc(VII) and nitrate in cement waste forms. Seven effective
diffusion (D.p) values were measured on a slag-free blend (CRW); the average D,y for Tc was 5 x 107
cm?/s and for NO3 was 3 x 10 ® cm?/s. Assuming NOs™ has a Kd = 0 mL/g, D.y= Do/R¢ (Do = diffusion
coefficient in the absence of any solids) and Ry = 1+ Kd*density/porosity, then Tc Kd in these tests
were ~5 mL/g. All of the Dy values reported by Westsik et al. (2013) and Um et al. (2016) were
conducted with slag-containing formulations, and were therefore not considered here. After a
comprehensive review of the cement literature, Ochs et al. (2016) concluded that TcO4 Ky values do
not change between Stages I, 11, and 111, and a best estimate is 1 mL/g for all three stages. The
recommended values listed here account for the observation that most TcOs4™ sorption studies in the
literature or measured using SRS materials reported non-zero TcO4 Kd value.

‘H

A great deal of recent research has been conducted using careful measurements of tritium sorption to
cement (Ochs et al., 2016; Tits, 2003; Wieland and Van Loon, 2003). Through the use of batch
sorption and diffusion experiments they measured similar Kd value, 0.8 = 0.2 mL/g and 0.8 = 0.1 mL/g,
respectively. In Wieland and Van Loon’s (2003) look-up table for cement Kd values, they suggest using
a value of 1 mL/g for tritium. However, there is also a great deal of data indicating that trittum does not
sorb and that experimental evidence indicating sorption can be attributed to errors in mass balance
(reviewed by Krupka et al. 2004). That is, during diffusion tests or batch sorption test, researchers
incorrectly assign tritium existing in the concrete/cement pore water as “sorbed trittum” during their
mass balance calculations (Kd calculations).
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CLF

0

10

1

Ochs et al. (2016) recently completed a review of Cl Kd values and reported that about % of the values
were >1 mL/g and about half were >10 mL/g. They observed that iodine (also a monovalent halide) Kd
values were about an order of magnitude greater in Stage II (pH 12.5) than in Stage I (pH >12.5). They
also concluded that stable CI in repository environments can be quite high, ~1 mM CI (Bayliss et al.,
1991; Pointeau et al., 2008) and may greatly diminished CI Kd values. This latter observation would be
especially relevant to Cl uptake during the 1% Stage. Evans (2008) reported 5 different processes
involved in Cl uptake by cement systems: including coprecipitation, chemisorption onto Ca-sulfate
(C3S) phases, formation of Friedel’s salts, surface complexation, binding to CSH gel. Based on
diffusion studies with French sulfate-resistant cement Cl Kd values were 25 mL/g (Sarott et al., 1992)
and noted that Cl was retarded with respect to NOj3™. Atkins and Glasser (1992) also reported
measurable amounts of Cl sorption to cement, but it was not possible to calculate a Kd using the data
provided in the paper. Cl Kd to cement powder after 24 h contact time = 0.8 mL/g (Atkins and Glasser,
1992).

Cr

10

10

CrO4* immobilization as a result of carbonation (the natural process by which concrete becomes coated
with CaCOs mineral phases) has been documented (Macias et al., 1997). CrO4* can also be substituted
for sulfate in ettringite (Gougar et al., 1996) and can participate in ion-exchange with OH". It is
anticipated that divalent CrO4* will not be as readily exchanged by monovalent anions, such CI and F-.
Ochs et al. (2002) reported CrO4> K, values were between 10 and 100 mL/g when put in contact with
various non-reducing cement pastes. They developed a predictive model of CrO4> uptake by
correlating Kd values to cement sulfate concentrations. It is very likely that CrO4* Kd values should be
much greater than the recommended values of 10 mL/g, but additional measurements are necessary
under appropriate SRS conditions to confirm this before it is possible to recommend larger values.
During Stage III the Kd values were reduced to 1 mL/g because system pH levels eventually decreases
to background levels of pH 5.5; a pH level that would promote carbonate mineral dissolve and the
release of co-precipitated Cr.

N
(nitrate,
nitrite)

Nitrate and nitrite are assumed to be non-reactive (non-sorbing) to cementitious materials.

At 1

10

Iodine can exist as either iodide (I') or iodate (I05") in nature. Based on thermodynamic
considerations, iodine is expected to exist as a mixture of iodate and iodide under oxidizing conditions
and only as iodide under reducing conditions. This is important because iodide sorbs less than iodate to
cementitious materials (Evans 2008; Allard et al. 1984). 1-Kd measured on 7 types of concrete samples
increased gradually over 3-mo, then leveled off at 25 to 130 mL/g (Allard et al., 1984; Dayal et al.,
1989). Iodide sorption to cement is highly reversible when chloride is in the aqueous phase, suggesting
that iodide is very weakly bound to cement surfaces and not precipitated onto the surface of the cement
(Atkins and Glasser, 1992). The impact of chloride concentrations on iodine sorption is important
because chloride generally exists in much greater concentrations, ~10”° M, than iodine, which exist at
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concentrations closer to ~10M (Wang et al., 2009). Increasing pH >12.5 resulted in decreased iodide
sorption, which was likely caused by a decrease in the number of surface positive-charged site. (Atkins
and Glasser, 1992). Todide sorption increased with increased Ca/Si ratios of CSH (Atkins and Glasser,
1992), (which is at its maximum during Stage II and initial part of Stage III). Recommended Kd values
are lower in Stage I because of high concentration of aqueous salts. Iodide sorbed stronger to cement
than Cs (Allard et al., 1984). A recent review of I cement Kd values showed that in Stage I, when the
pH range was >12.5, that I Kd generally varied between 10 and 300 mL/g (Ochs et al. 2016). Jakob et
al. (1999) reported I Kd values that ranged between 10 and 50 mL/g, based on diffusion tests. Allard et
al. (1984) suspected that the high sorption of iodine on cements was due to iodine existing as iodate, the
stronger sorbing species. Pointeau et al. (2008) noted that Kd values to hardened cement increased by
an order of magnitude as experimental conditions changed from those representing Stage I to those
representing Stage II. As the pH decreased further, to values expected during Stage I1I and CSH phase
(the most iodine reactive phases) concentrations continue to decrease, the I Kd decreased again.

Kaplan and Coates (2007) measured iodide Kd values in Ca(OH)-saturated and CaCOs-saturated
solutions in ground, 40-yr old SRS concrete, simulating Stage 1&I1, and Stage III, respectively. The
measured Kd values were 14.8 and 14.4 mL/g, respectively. Finally, Serne et al. (1992) measured
effective diffusion coefficients, Doy, in reducing and oxidizing cementitious waste formulations. The
oxidized samples had D.gvalues of 1E-10 to 3E-9 cm?/s and the reduced samples had D4 values 2 E-8
to 8E-8 cm?/s. The oxidized but not the reduced samples were retarded with respect to the Dey of Na.
Recently, there have been reports of iodine, primarily in the form of iodate being incorporated in grout
(Aimoz et al., 2012a; Aimoz et al., 2012b; Atkins and Glasser, 1992; Avalos et al.; Gillispie et al.,
2020; Guo et al., 2020; Reigel and Hill, 2016). Possible sorption sinks in cement include aluminoferrite
monosulfate, ettringite (aluminoferrite tri-sulfate), and calcium-silicate-hydrate phases. For sorption
onto aluminoferrite monosulfate and ettringite, I /105 substitutes for SO4>~ Using X-ray absorption fine
structure (EXAFS), Guo et al. (2020) showed that minimal I" was incorporated into ettringite (0.05%),
whereas 10;™ exhibited a high affinity for ettringite via anion substitution for SO4 (96%). Bonhoure et
al. (2002) used I K-edge X-ray absorption spectroscopy to demonstrate that calcium-silicate-hydrate
phases was not an especially important uptake-controlling phase for IO;™. Their findings supports
earlier finding that the aluminoferrite monosulfate and ettringite are much more efficient scavenger for
I than calcium-silicate-hydrate phases (Atkins and Glasser, 1992). Recently, Avalos et al. (2021)
further noted that aqueous 103 can be immobilized into calcite as it coprecipitates on the surfaces of
cementitious materials, especially when pH <10.

Given these geochemical considerations, of pH, ionic strength, and changes in solid phase
mineralogy, iodine Kd values are expected to be greatest during Stage II. After a detailed review of the
literature, Krupka et al. (2004) recommended “reasonably conservative” Kd values for the Hanford IDF
for Stages I, 11, and III of 10, 5, and 1 mL/g, respectively. More recently, Flach et al. (2016)
recommended I Kd values for the Hanford IDF of 4, 8, and 2 mL/g for Stages I, II, and III, respectively.
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Flach et al. (2016) indicated that especially conservative values were necessary because at the time of
writing, the composition of the cementitious waste form was not selected and there was a lot of
uncertainty associated with the iodine speciation in the wide range of waste sources being proposed for
the IDF. Ochs et al. (2016) recommended best I Kd values for Stages I, II, and IIT of 1, 10, and 1 mL/g,
respectively for both oxidizing and reducing cementitious conditions. The slightly lower values
recommended by Ochs et al. (2016) than recommended here can be attributed in part to Ochs et al.
(2016) not distinguishing between reducing and oxidizing conditions, as is done here. Also, Ochs et al.
(2016) provide “conservative estimates,” where these are “best estimates.” Tests conducted under
oxidizing conditions, measured non-zero I Kd values, generally between 10 and 300 mL/g. As will be
discussed below (Table 18), recommended I Kd values under reducing conditions are 0, 2, and 0 mL/g
for Stages I, I, and III, respectively. Additionally, the best values reported here are also based on site-
specific data noted above by Kaplan and Coates (2007).

Inorganic

Cc©

2000

5000

50

14C chemistry is especially complicated in cementitious environments and is not well characterized by
the Kd construct. It is influenced by carbon dioxide in the gas/water/solid phase equilibrium, isotopic
exchange, adsorption, precipitation, and coprecipitation. Inorganic C exists in pH environments >10
almost exclusively as CO3* and as at pH decreases below pH 10, an increasing percentage of HCOj5 is
present (Allard et al., 1984). The three parameters influencing “C concentrations the most in
cementitious environments is the large amount of stable 2COs> present in the system (isotopic
exchange, solubility (dissolved Ca concentrations), and pH. The total dissolved C concentration is
about 8 uM and 300 uM at pH 12.5 and 13.5, respectively (Stage I) (Wang et al. 2009). When
portlandite dissolves and the pH drops below 12.5, Ca concentrations will be regulated by the solubility
of CSH phases of decreasing Ca/Si ratio. As the Ca/Si ratio drops, Ca concentration in solution drops
also and the dissolved C concentration will increase.

Studies that demonstrate that steady state was achieved ('*COs? sorption kinetics is slow) reported
very large Kd values: for concrete and cement paste, Kd = 1600 to 10,000 mL/g (Allard et al., 1981);
for sulfur-resistant portland cement, Kd = 6000 mL/g (Bayliss et al., 1988); for crushed concrete, Kd =
1850 mL/g (Hietanen et al., 1985); for mortar grains, 30,000 mL/g (Matsumoto et al., 1995); for OPC
(0% BFS) and CSH phases, Kd = 2000 and 1800 to 3900 mL/g, respectively (Noshita et al., 1988).

The Kd values adopted here are based on the rational offered by Evans (2008), Jacques et al. (2008),
and Wang et al. (2009). They concluded that the effective Kd for '*COs* is equal to the ratio of the
quantity of CO3? in the cement to the solubility limit of CaCOj in the pore solution. There are two
important conclusions from this work. First, #COs* sorption to cementitious materials is best
represented by a solubility term and secondly, the release of '*CO;* into the aqueous phase is
independent of the '“COs> inventory. In addition to simply setting the Kd values based on solubility
calculations, they further refined the Kd values by assuming that only 10% of the COs> was assessable
for isotopic exchange (because some COs> would be buried within the calcite mineral and not in
contact with the aqueous phase). Jacques et al. (2008) later estimated this “assessable percentage” to be
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23% based on additional theoretical rigor. Jacques et al. (2008) reported Kd values using this technique
of between 1000 to 5000 mL/g in Stage I (pH 13.5 to 12.2), 5000 mL/g in Stage II (pH 12.2), and 5000
to 2000 mL/g in Stage III (pH 12.2 to 9). Based on these recommendations by Jacques et al. (2008),
Wang et al. (2009) adopted for Stage I, II, and III, Kd values of 2000, 5000, and 2000 mL/g,
respectively. For this report, the best estimate Kd values for Stage I and II were taken directly from
Wang et al. (2009). For Stage III, the best estimate Kd value was decreased from their recommended
2000 mL/g to 50 mL/g because Wang et al. (2009) assumed the final pH in Stage III was pH 9, whereas
SRS background pH is pH 5.5, which is expected to support lower porewater COs> concentrations and
carbonate phases are expected to dissolve at pH levels below 7.5. Early during Stage 111, sorption is
expected to be very high (~5000 to 50000 mL/g; Wang et al. 2009), and much later in Stage III, once
only calcite remains,'*C-carbonate sorption is expected to be much lower (~1 mL/g; Allard et al. 1981).
Ac, Al, 6000 6000 600 Trivalent cation Kd values for concrete consistently exceed those for sediments. Am Kd values of >
Am, BK, 10,000 mL/g were reported by Ewart et al. (1992). Am Kd value of 12,000 mL/g were estimated based
Bi, Ce, on diffusion tests in cement (Bayliss et al., 1991). Am Kd values ranged from 2,500 to 35,000 mL/g for
Cf, Cm, seven fresh concrete blends (Allard et al., 1984; Hoglund et al., 1985). Am Kd for 65-yr old concrete
Es, Eu, sample were 10,000 mL/g (Allard et al., 1984; Hoglund et al., 1985). Fresh cement Am Kd were 2000
Fe, Fm, mL/g for 24-h contact time (Kato and Yanase, 1993). Eu Kd of 2,400 mL/g were measured after a
Gd, Lu, contact time of only 24-h (Kato and Yanase, 1993). These very large Kd values likely reflect
Sm, Y precipitation reaction that occurred during the sorption measurements. Kaplan and Coates (2007)
measured Am(III), Ce(Ill), and Y (III) Kd values in Ca(OH)-saturated and CaCOs-saturated solutions in
ground, 40-yr old concrete recovered from the SRS, simulating Stages I&II and 111, respectively. The
measured Am(IIT) Kd values were 6,031 and 4,112 mL/g, respectively. The measured Ce(I1l) Kd
values were 6,003 and 4,652 mL/g, respectively. Both sets of Kd values were quite similar. Y(IIT) Kd
values were 4,830 mL/g in Ca(OH)-saturated solution (Stages I & II), and 4,738 mL/g in CaCO:s-
saturated solution (Stage III). By way of comparison, Ochs et al. (2016), after an exhaustive review of
the literature relevant to the Belgium proposed repository, recommended Am(III) Kd values for Stage I
of 10,000 mL/g, Stage IT of 10,000 mL/g, and for Stage III of 10,000 mL/g.
Ag, Cd, 4000 4000 400 Selected Monovalent and Divalent Transitions Metals: Using SRS materials, Kaplan and Coates (2007)
Co, Cu, measured Cd(II) and Co(II) Kd values in Ca(OH)-saturated and CaCOs-saturated solutions in ground,
Pd, Pt, 40-yr old concrete, simulating Stages [&II, and Stage III, respectively. The measured Cd(Il) Kd values
Zn were 9,907 mL/g and 3,180 mL/g, respectively. The measured Co(II) Kd values were 4,343mL/g in

Ca(OH)-saturated solutions and 3,994 mL/g in CaCOs-saturated solutions. Using an actual aged
saltstone core sample recovered the Saltstone Disposal Facility, Almond et al. (2012b) reported
desorption Co Kd values using a cement leachate simulate under bench top oxidizing conditions of
5,600 mL/g, and under inert glovebag conditions of 1,700 mL/g. Aqueous Ag concentrations are likely
to be controlled by AgCly, solubility because Cl" concentrations will be especially high in Saltstone and
during Stage I of cement evolution; AgCl solubility at pH 12 is 10°M during Stages II and III, and
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about 10°M during Stage 1, when the pH is >12.5 (Ochs et al. 2016). No reliable Ag sorption to
cementitious materials studies were found in the literature. Similarly, no reliable Pd sorption data was
found in the literature.

70

400

400

Seven studies were identified from the literature that included Ni sorption to cement or cement
phases (Aggarwal et al., 2000; Hietanen et al., 1984; Holgersson et al., 1998; Jakob et al., 1999;
Pilkington and Stone, 1990; Wieland et al., 2000; Wieland et al., 2006). But in all cases, distinction
between reversible sorption and solubility controls were not made, and as such, the measured Kd values
are compromised. For example, Hietanen et al (1984) reported Kd values that ranged from 500 to 3000
mL/g, Kato and Yanase (1993) reported a Ni Kd value of 1500 mL/g, and Pilkington and Stone (1990)
reported Kd values that ranged from 500 to 3000 mL/g.

Evans (2008) summarized that possible uptake mechanism on cement phases for Ni include:
ettringite accommodating Ni at the divalent metal site in the crystal structure, non-electrostatic sorption
on CSH, co-precipitation or surface complexation via hydroxyl groups, and precipitation by solubility
limiting processes. Thus, there are several competing processes influencing Kd values of which Ni
solubility of various Ni solid-solution phases control aqueous Ni concentrations (Evans, 2008).
Considering stable Ni cement concentrations and converting pH-dependent (Stage dependent) solubility
term into Kd values, Ochs et al. (2016) recommended Kd values: 65, 400, and 400 mL/g for Stage I, II,
and III, respectively.

Ba, Ra

200®

100®

200®

Ra sorbs to cementitious materials in a near identical manner as Sr, primarily cation exchange (Tits
et al., 2004). However, Ra Kd values to cementitious materials are consistently greater than those of Sr
(Tits et al., 2004; Ochs et al. 2016). Related, CSH has a selectivity coefficient of Ra to Ca (the
preferential uptake of dissolved Ra when dissolve Ca is also present) of ~5, whereas the Sr to Ca
selectivity coefficient is 1. Therefore, recommended Ra Kd values are greater than those for Sr. When
aqueous Ca concentrations are at their highest during Stage II, recommended Ra Kd values are at their
lowest. Bayliss et al. (1991) and Berry et al. (1988a) measured Ra Kd values onto ordinary Portland
cement and as a function of Ra concentration. They reported Kd values that ranged from 50 to 530
mL/g. Ochs et al. (2016) recommended Ra Kd values of 300, 160, and 800 mL/g for Stages I, II, and
I, respectively. It is recommended here that Ba and Ra Kd values for Stages I, II, and III be 200, 100,
and 200 mL/g, respectively.

Regarding the footnotes in columns 2, 3, and 4, the presence of sulfur can greatly increase Kd values
of alkaline earth metals (Ba, Ra, and Sr). BFS contributes sulfur to cementitious waste forms. BFS
exists in many SRS cementitious material formulations, including saltstone and materials used for tank
disposition, and most formulations used for LLW disposal (except those for Components-in-Grout and
Intermediate Level Vault (Section 5.0). Almond and Kaplan (2011) measured very high apparent Kd
values for Ba from an actual saltstone core sample recovered from the Saltstone Disposal Facility:
>15,000 mL/g under oxidizing conditions, and 7400 mL/g under inert gas conditions. While
radionuclide immobilization in the presence of slag is commonly attributed to the reduction process, for

96




SRNL-STI-2021-00017. Rev. 0

Constit-
uent of
Concern

Oxidizing
Cement
Stage 1®

Oxidizing
Cement
Stage 1@

Oxidizing
Cement
Stage I11®

Comments/References®

the alkaline earth metals, additional immobilization results from the formation of a sulfate/sulfide
precipitate. Barium sulfate is highly insoluble in water (k; = 10-1° M; Barium sulfide has only a slightly
higher solubility value of ks = 5 x 101 M). These latter results using site specific materials are
especially representative of conditions expected in cementitious systems containing BFS, either reduced
or oxidized, where larger concentrations of sulfur exist in the waste form. As the saltstone undergoes
oxidation, the sulfide converts to sulfate, which is also highly effective at immobilizing the alkaline
metal earth elements. Therefore, larger Kd values are warranted for these elements in OPC/BFS-blends
than in OPC blends. For reoxidized cementitious materials containing slag, it is recommended that Kd
values for Stages I, I1, and I1I of 6000, 6000, and 600 mL/g, respectively, be used.

Sr

90®

20®

90®

Stable Sr, exists in very high concentrations with respect to radiostrontium in cements, ranging from
100 to 1000 ppm, ~10- M. The presence of large amounts of an isotope is expected to influence
radiostrontium geochemical behavior. Wieland et al. (2007) showed that radiostrontium was reversibly
and linearly sorbed to cement. Furthermore, they showed that radiostrontium and stable Sr had similar
Kd values; stable Sr had Kd values between 80 to 110 mL/g and %3Sr had Kd values of 100 to 120 mL/g.
They also noted that varying natural Sr concentrations did not influence radiostrontium Kd values.
Several researchers (Evans, 2008; Tits et al., 2004; Tits et al., 2006) concluded that CSH phases in
hardened Portland cement sorbed Sr?* via cation exchange. More specifically, the silanol groups
(=Si0") are responsible for Sr exchange sites. Therefore, as the Ca:Si ratio of CSH decreases during the
3t Stage, Sr sorption increases (Ochs et al. 2016). Wieland et al. (2007) showed that the CSH phases
have equal affinities for Ca and Sr, i.e., they have selection coefficient = ~1. Some Sr-cementitious
material Kd values follow. Sr Kd values were influenced by aqueous Ca concentrations, which steadily
decreases during the 2" Stage while CSH phases loses Ca and the Ca:Si ratio steadily decreases
(Sugiyama and Fujita, 1999; Tits et al., 2004). Presumably the Ca?* competes with the Sr**;
consequently, St Kd values would tend to increase during the 3™ Stage. In pH environments of >12.5
(Stage I): Wieland et al. (2007) reported Kd values of 80 to 110 mL/g for sulfur resistant Portland
cement and between and 300 to 400 mL/g for CSH phases; Tits et al. (2004) reported Kd values of 100
to 4000 for CSH phases. In pH environments of ~12.5 (Stage II): Kaplan and Coates (2007) reported
Sr Kd value of 28.1 mL/g in 40-yr old concrete with a CaOH»-saturated background solution. Wieland
et al. (2008) reported a Kd value of 28 mL/g to CSH phases in an alkali-free background solution;
Hietanen et al. (1985) reported Kd values of 1 to 5 for concrete samples. For pH environments of 10.5
to 12 (3" Stage): Suiyama and Jujita (1999) reported Kd values between 5 to 170 mL/g for OPC/BFS
and 50 to 2000 mL/g for CSH of varying Cs:Si ratios. Kaplan and Coates (2007) reported a Kd of 39
mL/g for 40-years old SRS concrete with a CaCOs-saturated background solution.

In summary, it appears that Sr Kd values decreased during Stage II as a result of competing elevated
aqueous Ca levels (Tits et al., 2004). Because CSH slowly decreases the Ca:Si ratios during Stage 11
(competing aqueous Ca concentrations decrease), it is expected that Sr Kd values will increase again
during Stage I1I. By way of comparison, Ochs et al. (2016) recommended Sr Kd values of 100, 30, and
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100 mL/g for Stages I, II, and III, respectively. It is recommended here that Sr Kd values for slag-free
cementitious materials (e.g., Components-In-Grout and Intermediate Level Vault) be 90, 20, and 90
mL/g for Stages I, II, and III, respectively.

Regarding the footnotes in columns 2, 3, and 4, the presence of sulfur can greatly increase Kd values
of alkaline earth metals (Ba, Ra, and Sr). BFS contributes sulfur to cementitious waste forms. BFS
exists in many SRS cementitious material formulations, including saltstone and materials used for tank
disposition, and most formulations used for LLW disposal (except those for Components-in-Grout and
Intermediate Level Vault (Section 5.0). The presence of large amounts of stable Sr is expected to be
especially important in systems with high sulfur concentrations, as exists in BFS-blends. When sulfate
concentrations are high, SrSO4 precipitates. SrSO4 has a solubility of 3.2 x 10”7 M (strontium sulfite
solubility product is even lower, SrSO; k, = 4 x 10 M). Almond and Kaplan (2011) measured very
high apparent Sr Kd values in an actual saltstone core sample recovered from the Saltstone Disposal
Facility: 5728 mL/g under oxidizing conditions, and 737 mL/g under inert gas conditions. For
reoxidized cementitious materials containing slag, it is recommended that Kd values for Stages I, 11,
and III of 1000, 1000, and 100 mL/g, respectively, be used.

Ca

90

20

90

There have not been any tracer concentration levels sorption studies conducted with Ca, consequently
Kd estimates are based on Sr uptake studies (as described above). One important difference between
Ca and Sr, is that Ca likely does not bond with or precipitate with S as much as with Sr. This can be
attributed to the much greater concentrations of Ca (thereby overwhelming the capacity of S to complex
it) and the weaker complexation between Ca and S than between Sr and S.

Sn

4000

4000

2000

Sn exists in cementitious environments in the +4 state (Wieland and Van Loon, 2003) and as such
readily hydrolyses. Using sulfate resistant Portland cement, Sn Kd values were >30,000 mL/g; this
likely reflected some precipitation (Wieland and Van Loon, 2003). Kaplan and Coates (2007)
measured Sn Kd values in Ca(OH)-saturated and CaCOs-saturated solutions in ground, 40-yr old
concrete, simulating Stages I & II, and III, respectively. The measured Kd values were 3,900 and 3,360
mL/g, respectively.

Cs, Fr,
K, Rb

20

10

Cs Ky values in hardened HTS cement discs, pH 13.3 were close to 3 mL/g (Sarott et al., 1992).
Wieland and Van Loon (2003) reviewed Cs K, values of various cementitious materials and reported a
very narrow range: from 0.2 to 5.0 mL/g.

It is recommended here that Stage I K; values should be decreased compared to Stage II and III
because high ionic strength likely results in competitive exchange (desorption). This has been shown
experimentally (Wieland and Van Loon, 2003). Kaplan and Coates (2007) measured Cs" Kd values in
Ca(OH)-saturated and CaCOs-saturated solutions in ground, 40-yr old concrete, simulating Stages 1&I1,
and III, respectively. The measured K, values were 21 and 17.6 mL/g, respectively. Using an actual
aged saltstone core sample recovered the Saltstone Disposal Facility, Almond and Kaplan (2011)
reported desorption K, values using a cement leachate simulate under bench top oxidizing conditions of
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18 mL/g, and under inert glovebag conditions (reducing conditions) of 21 mL/g. Thus, there was little
difference in measured Kd values between oxidizing and reducing cementitious material conditions.

The recommended values here are largely in agreement with the previous values selected by Krupka
et al. (2004) and Ochs et al. (2016). Krupka et al. (2004) recommended “reasonably conservative” Cs
K, values for oxidizing cement for Stages I, II, and III of 2, 20, and 20 mL/g, respectively. Ochs et al.
(2016) in a detailed review of the general literature recommended best Cs K, values for Stages I, 11, and
IIT of “insufficient data”, 2, and 20 mL/g, respectively.

Tl

200

200

80

Seaman and Kaplan (2010) measured T1 Kd values of an agent cement using a saturated Ca(OH)»
solution to simulate a Stage II system and a saturated-CaCOj solution to simulate a Stage III system;
the Kd values were 198 + 2 and 201 + 0.3 mL/g, respectively. Measurements made with BFS
formulations were near identical to these values, 193 to 195 mL/g. These values are the only T1 Kd
values found in SRS reports or the broader literature.

Sodium is in the 1A group of elements with Cs, Fr, Tb, and K, but it would be expected to sorb
appreciably less strongly due to its strong energy of hydration (water molecules are tightly bound to the
Na*, thereby not permitting the metal ion to come into direct contact with the cementitious material
surface). There are extremely high stable Na concentrations present in these systems, especially in the
case of saltstone waste forms, which will promote cation exchange with the radioactive sodium.

Nb

1000

1000

500

Nb aqueous speciation under oxidizing and reducing cementitious conditions is likely Nb¥(OH);*
(Wang et al. 2009). Due to the lack of thermodynamic data, Sn stability constants have been used in
such calculations as a chemical analogue of Nb behavior (Wang et al. 2009). Pilkington and Stone
(1990) measured Nb,Os solubility in BFS/OPC leachate at 2E-7 M. Baker et al. (1994) measured Nb
solubility values in cementitious leachate between pH 9 to 12 of 1E-8 M; above pH 12, the solubility
increased to has high as 1E-6 M. Talerico et al. (2004) suggested that Ca concentrations, especially
high during Stage I, may promote Nb precipitation by forming Ca-Nb-oxide phases. Measurements
showed that the solubility of Nb salts is probably lower than Nb,Os, in the range of 5E-9° to SE-8 M,
depending on pH and Ca concentrations ((Baker et al., 1994; Berner, 2002). Such low solubility values
likely impact Nb releases from cementitious wasteforms. Pilkington and Stone (1990) measured Nb Kd
values ranging from 500 to 80,000 mL/g on different cement blends at pH 12 to 13. Baker et al. (1994)
reported Kd values of 40,000 mL/g in pH 12.2 saline solutions. Ochs et al. (2016) reported Nb Kd
values for various cement pastes and CSH phases of 100,000 mL/g for Stage I conditions, 240,000
mL/g for Stage II conditions, and 40,000 to 70,000 mL/g for Stage III conditions. CSH phases were
shown to be the dominant solid phase controlling Nb uptake (Baker et al., 1994). Therefore, Stage III
Kd values likely are lower than the other stages because CSH concentrations during this stage continue
to decrease with time. The mechanism of Nb sorption in not known and therefore introduces some
uncertainty to estimated Kd values. But sorption is very strong and appears to involve a combination of
sorption and solubility, depending on aqueous conditions.
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Np, Pa

10,000

10,000

5,000

Neptunium sorption to aged SRS cement samples were conducted by Miller et al. (2009). They used an
ICP-MS which permitted them much lower detection limits than conventional radiometric analytical
methods and as a result, much lower Kd values were measured. They added Np(V) at varying
concentrations to ground 50 year old cement samples and measured constant aqueous Np concentration
at le-12 M, indicating solubility controls. Six triple Np Kd values were measure with ground aged
concrete, all were >100,000 mL/g. Previous measurements by Kaplan and Coates (2007) measured
lower Kd values, but were running up against the analytical limits of the instruments. These
radionuclides are assumed to exist in the +5 oxidation state. Np sorption test to 7 different 65-yr old
cements using cement pore water reached steady state after 30 days, Kd values ranged from 1500 to
9500 mL/g (Allard et al., 1984; Hoglund et al., 1985). As is the case with all large Kd values, these
values may reflect some precipitation occurring during the adsorption measurement. Kaplan and
Coates (2007) measured NpO, and PaO," Kd values in Ca(OH)-saturated and CaCO;-saturated
solutions in ground, 40-yr old concrete, simulating Stages 1&I1, and III, respectively. The measured
NpO»~ Kd values were 1,652 and 1,318 mL/g, respectively. The measured PaO,” Kd values were 1,630
and 1074 mL/g, respectively. Ochs et al. (2016) reported that there was insufficient data in the
literature (even though he acknowledged the work of Allard et al. (1984) and Hoglund et al. (1985)) to
provide recommended Kd values. This was in part because Np(V) has been shown to quickly undergo
reduction to Np(IV) within 6 months of being added to a cementitious material without BFS added
(Zhao et al., 2000). Additional spectroscopy research related to the impact of redox on Np binding to
cementitious materials has been reported (Gaona et al., 2011; Tits et al., 2014). However, they did
make recommended Np(I'V) Kd values of 30,000, 30,000, and 30,000 for Stages I, 11, and III,
respectively. It is assumed here that the very high Np Kd values noted in this review to cements
without BFS in the formulation can be attributed to the added Np(V) converting to Np(IV) once added
to the highly alkaline conditions of the cement. In turn the Np(IV) forming sparingly soluble phases
and also sorbed to the cementitious material surfaces.

Se, Te,

For selenate, relatively weak sorption was observed on hardened cement paste, but strong sorption
was observed on ettringite. A series of experiments with different selenate/sulfate ratios demonstrated
that selenate replaces sulfate in the ettringite structure and allowed development of an empirical solid-
solution model relating the sorption of selenate to the sulfate concentration in the solid and solution.
This is consistent with the findings of Baur and Johnson (2003). Based on a literature review by Ochs et
al. (2010), Se(VI) is preferentially taken up by the sulfate-aluminate minerals (ettringite, monosulfate),
and that selenite and selenate can substitute for sulfate ions. Potentially this could result in either or
both Se species appearing in the ALOs3-Fe,Os-tri (Aft) and Al,O3-Fe,O;s-tri (AFm) phases of cement by
lattice substitution as well as their sorption on CSH. Thus, sorption of selenate would be favored by a
high content of sulfate-aluminate minerals and a low aqueous concentration of competing sulfate ions.
There are much fewer selenate than selenite cementitious material uptake studies. Lothenbach et al.
(1999) measured selenate uptake in > 40 experimental conditions across a wide range of pH levels and
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contact times to various cement phases and cement formulations of varying ages. While uptake by
ettringite (a sulfate containing mineral) was high (Kd = 50 — 70 mL/g), uptake to various hardened
cement paste samples ranged from 0 to 18 mL/g (Lothenbach et al. (1999); Samples designated Fresh
CEM and Aged CEM). Ochs et al. (2002) did not notice a change in Se Kd values between pH 10 and
13; therefore, Kd values were kept the same for all three stages.

Regarding Mo, the only aqueous species relevant to a cement system is the molybdate, Mo¥'04>. In
slag cements, however, sufficient sulfide could be present to form MoS;(). Only one study was found
regarding Mo uptake by cementitious materials. Kato et al. (2002) reported Kd values between 4 and
70 mL/g for molybdate uptake by hardened cement paste between pH 12.1 and 12.5. These Kd values
are consistent with those of selenate, SeO4*, a chemical analogue, which has the same oxidation state of
+6, charge of -2, and structure with 4 oxygen atoms. However, Se is not necessarily a good analogue
for Mo under reducing conditions, because the latter likely does not undergo reduction to +4 under
cementitious conditions.

In the absence of site specific Kd values, the recommended best estimate Kd values used here were
taken from Ochs et al. (2016). They recommended Se and Mo Kd values of 3, 3, and 3 mL/g for
oxidizing cement during Stages I, II, and III, respectively.

100

100

10

No site-specific measurements have been reported. These recommended values were taken from
Bradbury and Sarott (1995).

As, Sb

300

300

100

Almond and Kaplan (2011) measured As desorption from core-samples recovered from the
Saltstone Disposal Facility under oxidizing conditions, on the bench top, and reported a Kd value of
318 mL/g. This is the first As Kd measurement made with site-specific cementitious materials.
Previously, As Kd values were based on the assumption that As (as AsO4*") behave like phosphate
(PO4*). (It is noted that Almond and Kaplan (2011) recommend that the best estimate for As Kd for
reducing systems be set to 320 mL/g. Given the paucity of data, a more conservative value is suggested
here.)

Hg, Pb,
Po

300

300

100

Soft divalent cations : Bayliss et al. (1991) conducted a series of sorption experiments with Pb and
crushed sulfate resisting Portland cement and ordinary Portland cement/blast furnace slag pastes with
an Eh of +50 to -500 mV. The main findings were that sorption was concentration and cement
composition dependent. Data strongly suggested solubility controls on Pb aqueous concentrations.
Bradbury and Sarott (1995) suggested Kd values of 500, 500, & 500 mL/g for these three stages,
respectively.

Kaplan and Coates (2007) measured Hg Kd values in three cementitious materials (50 year old aged
concrete sample recovered from a demolition site, saltstone sample, and a highly oxidized saltstone
sample) in which 2°Hg?* was spiked to a suspension of ground material, permitted to equilibrate, and
then desorption K, values were measured under atmospheric conditions. In the non-reducing aged
cement, K, values ranged from 289 to 568 mg/L; in the saltstone sample (again, measured under
oxidizing conditions), the Ky values ranged from 1095 to 1173 mg/L. In the highly oxidized saltstone
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samples, the K, value was 841 mL/g. More recently, Bannochie (2015) reported Hg speciation
measurements of SRS Tank 50 samples and the TCLP results when that solution was used to make a
laboratory saltstone sample. The Tank 50 sample had 126 mg/L total Hg, the saltstone had a total Hg
concentration of about 50.4 mg/kg Hg, and the TCLP (conducted in oxidizing conditions) had a total
Hg concentration of 0.151 mg/L. As a first approximation, a Ky value based on these values is 334
mL/g. The likely K; would be greater under reducing conditions. The key finding by Bannochie (2015)
was that 80% of the leached Hg from the TCLP tests was in the methyl-Hg form, demonstrating the
importance of speciation on Hg leaching from cementitious materials. It is unknown what the Hg
speciation is in Hanford secondary solid waste. Especially low K, values are recommended here
because of the uncertainty regarding the waste form and status of the Hg in the various types of solid
secondary waste. Furthermore, solubility controls are likely very important in predicting Hg leaching
given the highly reactive nature of Hg towards solids and in high sulfur concentration environments.
The recommended values here are less than those generally reported in the literature because there is a
wide range of sources of Hg in solid waste. In regard to saltstone, the impact of varying Hg species
(Bannochie, 2015) on sorption is not clear, and therefore some conservatism needs to be accounted for
in the recommended Kd values.

Pu,Th, Zr

10,000

10,000

2000

Concrete containing reducing agents (blast furnace slag, BFS) did not have greater Pu Kd values
than those that did not contain BFS. High Kd values are attributed more to low solubility of Pu in high
pH systems, than to adsorption/absorption processes. Using three 65-yr-old crushed concrete samples
and seven fresh concrete samples, Th-Kd values were 2,500 to 5,500 mL/g (Allard et al., 1984;
Hoglund et al., 1985). Th- Kd values were consistently less than Am Kd values, greater than U- Kd
values, and very similar to Np and Pu Kd values (Allard et al., 1984; Hoglund et al., 1985). Pu- Kd
values ranged from 1,000 to 12,000 mL/g (Allard et al., 1984; Hoglund et al., 1985). Using a sulfate
resistant Portland cement, Th Kd values were measured to be 100,000 mL/g (Wieland and Van Loon
2003). Kaplan and Coates (2007) measured Pu Kd values added as Pu(VI) but likely reduced to Pu(IV)
in Ca(OH)-saturated and CaCOs-saturated solutions in ground, 40-yr old concrete, simulating 1%/2"¢
and 3" Stages, respectively; the measured Kd values were 100,000 and 92,000 mL/g, respectively.
Pu(V/VI) would likely not remain in this oxidation state for long, even under normal oxidizing
conditions, before it would reduce to Pu(IV). Using an actual aged saltstone core sample recovered the
Saltstone Disposal Facility and simulated cement leachate, Almond and Kaplan (2011) reported
desorption Pu Kd values under bench top oxidizing conditions of 4600 mL/g, and under inert glovebag
conditions of >2500 mL/g.

1000

5000

5000

Ochs et al. (2016), recommended U(VI) K, values for Stages I, 11, and III of 2,000, 30,000, and
30,000 mL/g, respectively. The two primary factors controlling U(VI) sorption to cementitious
materials is aqueous Ca and pH conditions (Ochs et al. 2016). There are few studies in which U
oxidation state were systematically investigated. The only exception is the study by Bayliss et al.
(1996), in which both U(IV) and U(VI) sorption were measured in otherwise identical conditions. No
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major differences in Ky were reported. Harfouche et al. (2006) used EXAFS to identify U(VI)
incorporated into CSH phases. Several authors have reported the formation of calcium urinate (Evans,
2008; Wellman et al., 2007). Wellman et al. (2007) reported that U(VI) precipitates in concrete without
BFS as insoluble uranyl-oxyhydroxide phases initially, and over time these phases transform to uranyl-
silicate phases and then ultimately to uranyl phosphate phases as long as adequate phosphate is present.
Together these results indicate that solubility is an important controlling process in the release of
aqueous U.

Pointeau et al. (2004) reported that U uptake by degraded cement and CSH was linear between 1073
to 1077 M. This suggests two things, sorption is linear in this range and that CSH is the phase controlling
U sorption. Sorption on silanol groups (=SiO") that changed with variable charge (pH) and Ca:Si ratios
were reported to be important factors controlling U uptake. They noted increases in U K, values with
decreasing pH, which was in part attributed to the coincidental release of Ca to the aqueous phase.
Between pH 12.2 to 10 (within the pH range of the 3™ Stage), the measured U Kd values increased from
30,000 to 150,000 mL/g. More recently, Pointeau et al. (2008), reported that during the 1%t and 2"
Stage, U Ky values in hardened cement paste ranged from 1,000 to 4,000 mL/g. It was not until the
portlandite was dissolved (the start of the 3™ Stage), that U Kd values increased significantly by at least
an order of magnitude. The observed increase in Kd with degradation of cement towards lower pH and
lower Ca concentration range seems to be consistent with the theory that Ca is competing with sorbing
sites on cement for uranium. Similarly, Tits et al. (2008) measured U Kd values of CSH phases over a
wide range of pH values and reported values in the range of 1000 to 1,000,000 mL/g. It is noteworthy
that while the values reported by Tits et al. (2008) were similar to those of Pointeau et al. (2004), they
used different cementitious materials: CSH and hardened cement paste, respectively. Because pH and
aqueous Ca concentrations change in a systematic manner, it is not possible to separate their respective
influences on U uptake (Ochs et al. 2016). Also, opposing observations have been noted regarding the
influence of Ca on U uptake: some experiments report that Ca compete with U for sorption sites,
whereas other experiments indicate that Ca promote the precipitation of U-Ca solid solution
endmembers. Regarding U oxidation state, Bayliss et al. (1996) measured U(IV) and U(VI) sorption
under otherwise identical conditions. No major differences in K; were reported. Evans (2008)
concluded that sorption to silanol groups (=SiO) likely controls uptake at total U concentration less
than 10 to 10~ molar, beyond which solubility of either CaUQs (Tits et al. 2008) or CaU,05 (Valsami-
Jones and Ragnarsdottir, 1997) control aqueous U concentrations. Ochs et al. (2016) recommended K4
values of 2000, 30,000, and 30,000 mL/g for Stages I, II, and III, respectively. Because the formulation
of the IDF cementitious waste forms have not been finalized, lower Kd than those recommended by
Ochs et al. (2016) were selected to account for this uncertainty. It is anticipated that much of the
pessimistic-bias built into these recommended best estimates will be eliminated once measurements are
conducted under site specific conditions.

@ The age of each of the stages is facility specific because it depends on the amount of water that passes through the cementitious material (see Section 4.4).
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® The presence of sulfur can greatly increase Kd values of alkaline earth metals (Ba, Ra, and Sr). Kd values for these elements are higher in cement systems
containing BFS, a source of sulfur. A second set of recommended best estimate Kd values are provided in the “Comments/Reference” column for these

elements.

© Inorganic carbon geochemistry is complicated. The use of only the Kd value without the associated solubility value in a cementitious environment will
greatly overestimate the true mobility of C through this environment. An excellent review of inorganic C chemistry and its impact of '*C attenuation in

cementitious materials is presented in Wang et al. (2009).
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3H, Ar, As, C, Ca, Cl, Cs, F, Fr, K, Kr, Mn, N,
Na, Nb, Ni, Po, Pu, Rb, Rn, Sb, Sn, Sr, Th, Tl, Zr

Use same Kd values as reported in Table 17 for Oxidizing Cementitious Solids. No changes in Kd
values are recommended because the constituents of concern are either not redox sensitive or there is not
any information available to indicate if the Kd values varies and to what extent it varies.

Ag, Cd, 5000 5000 1000 Selected transitions monovalent and divalent metals: Kaplan and Coates (2007) measured Cd and Co
Co, Cu, Kd values in Ca(OH)-saturated and CaCOs-saturated solutions in ground, SRS reducing grout, simulating
Pb, Pd, 15/2" and 3™ Stages, respectively. The measured Cd Kd values were 297,000 and 17,500 mL/g,

Pt, Zn respectively. The measured Co Kd values were 15,000 and 6,500 mL/g, respectively. It is likely the

sulfides are forming strong bonds to these transition metals, perhaps forming sulfide precipitates.

Ac, Al, 7000 7000 1000 Trivalent Cations: Kaplan and Coates (2007) measured Am, Ce, and Y Kd values in Ca(OH)-saturated
Am, Bi, and CaCOs-saturated solutions in ground, SRS reducing grout, simulating 1%/2"¢ and 3™ Stages,

Bk, Ce, respectively. The measured Am Kd values were 42,900 and 17,000 mL/g, respectively. The measured Ce
Cf, Cm, Kd values were 104,000 and 4,560 mL/g, respectively. The measured Y Kd values were 64,800 and 5,300
Es, Eu, mL/g, respectively. It is likely the sulfides were forming strong bonds to multivalent cations, perhaps
Fe, Fm, forming sulfide precipitates. Sorption to trivalent cations under reducing conditions and with reducing
Gd, Lu, grout had higher Kd values than under oxidizing conditions.

Sm, Y

Tc, Re 1000 1000 1000 Under reducing conditions, it is recommended that Tc(I'V) sorption be characterized with a solubility

term; Kd values are provided here to offer alternative modeling approaches and to accommodate any
potential numerical models that cannot use k; values. TcY!'O4 gets reduced to Tc*, which like other
tetravalent cations sorbs strongly to surfaces. Lukens et al. (2005) conducted fundamental studies using
SRS slag and grout mixtures. In their study, they added Tc(VII) to a reducing grout and using X-ray
Absorption Spectroscopy, specifically, XANES, they observed the slow transformation of Tc(VII) to
TcY10,-H20 to Tc!VSy. This process was monitored in the grout over a course of 45 months. Arai and
Powell (2015), used XANES to showed that while Tc(VII) existed in Saltstone samples after 29 days, no
Tc(VII) was present after 117 days (Arai and Powell, 2014, 2015). They also observed that, as the samples
aged, that there was a growing percentage of the Tc in association with S as TcSy. See a discussion of Tc
solubility values under reducing conditions in Table 21. The high Kd values selected for these conditions
reflect in part the low solubility of Tc under these conditions. Lilley et al (2009) measured TcYO4
sorption to two SRS Saltstone simulants containing 45% slag but did not reach steady state. In one
experiment they measured a Kd of 18 mL/g and in the other a Kd of 3660 mL/g. Estes et al. (2012)
measure Tc Kd values for four types of cement recovered from the SRS in an inert glove bag. After 319
days, two formulations containing BFS had Kd values ranging between 2001 and 8300 mL/g (samples
Vault 2 and TR545). Seaman et al. (2018) measured effective diffusivity values of Tc in saltstone over a
range of curing times (2 — 20 mo), Tank 50 simulants, and sources of BFS; values were consistently three
orders-of-magnitude slower than the conservative tracer, NOs", SE-11 cm?/s vs. 5E-8 cm?/s, respectively.
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Furthermore, they concluded, based on thermodynamic modeling considerations that the Tc solid phase
controlling solubility was likely TcO,-2H,O(s) or TcO,-1.6H>O(s) (Seaman and Coutelot, 2017; Seaman et
al., 2018; Seaman et al., 2019)

There have been several reviews of Tc uptake by reducing cementitious materials (Icenhower et al.,
2010; Kaplan et al., 2011; Ochs et al., 2016; Pabalan et al., 2009; Ridge, 2015; Westsik et al., 2013;
Westsik Jr et al., 2014). (Additional relevant discuss is present in Table 21.) Ochs et al. (2016)
recommended best Tc(IV) Ky values for the reducing cementitious waste forms at the Belgium proposed
repository of 3000, 3000, and 3000 mL/g for Stages I, II, and III, respectively.

Hg

500

500

100

Immobilization of Hg from various industrial sources into cementitious waste forms has been studied
extensively (Razzell, 1990; Svensson and Allard, 2007, 2008; Svensson et al., 2006). Mercury does not
form sufficiently insoluble (hydr)oxides, and a sulfur source needs to be added to promote the formation of
the sparingly soluble HgS phase. While many researchers have pointed to cinnabar, a crystalline form of
HgS, as a natural analogue for the HgS phase in cementitious materials controlling Hg solubility, this may
be an oversimplification because there are many less crystalline and meta-stable forms of the mineral,
resulting in a wide range of solubilities. Furthermore, redox status of the waste monolith is a crucial
parameter for the formation of HgS. In samples where only slag was used as a sulfur source, Svensson and
Allard (2008) reported D, values of 1.5E-15 to 3.7E-14 ¢m?/s. In the same trial with slag-free formulations
(OPC and sand), the D, values were 3.8E-14 to 1.8E-11 cm?*/s (based on long-term test results). Given that
a conservative element, such as Na, may have a D, value in the order of 1E-8 cm?/s, these studies indicate
that Hg is strongly bound by cementitious materials, and that reducing conditions may be expected to
decrease D, values (increase sorption) by at least an order of magnitude. Another important general
conclusion from this work is that Hg D, values vary greatly with the speciation of Hg in the waste form. If
HgsS is not likely formed, e.g., Hg(0) and Hg(II) are present, than D, values may increase (are more readily
leached) to 1E-9 to 1E-11 cm?/s.

More recently, Bannochie (2015) reported Hg speciation measurements of SRS Tank 50 samples and
the TCLP results when that solution was used to make in the laboratory a saltstone sample. The Tank 50
sample had 126 mg/L total Hg, the saltstone had a total Hg concentration of about 50.4 mg/kg Hg, and the
TCLP (conducted in oxidizing conditions) had a total Hg concentration of 0.151 mg/L. As a first
approximation, a Ky value based on these values is 334 mL/g. This K, value would have been greater had
it been measured under reducing conditions. The key finding by Bannochie (2015) was that 80% of the
leached Hg from the TCLP tests was in the methyl-Hg form, underscoring the importance of speciation on
Hg leaching.

In summary, the presence of sulfides in reducing cementitious waste forms is extremely effective at
immobilizing ionic forms of Hg, with Kd values >10,000 mL/g, based on the extremely low solubility
values of various Hg-sulfide phases. However, because the Hg speciation in solid waste or in saltstone is
not known. While a majority of the Hg is expected to exist in the strongly immobilized ionic form (e.g.,
Hg?"), full speciation of Hg in the solid waste and saltstone is not known, therefore additional pessimistic-
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bias needs to be added to the recommended best estimate values. It is recommended that the best estimates
be 500, 500, and 100 mL/g for Stages I, II, and III, respectively. The Stage III value is lowered to account
for loss of sulfur from the cementitious material and the conversion of sulfide to sulfate. It is very likely
that once additional research is carried out with site specific samples, that much of this conservatism can
be removed.

Ba, Ra

6000

6000

600

Barium sulfate is highly insoluble in water (ks = 10" M; Barium sulfide has only a slightly higher
solubility value of ks = 5 x 10"'°M). Almond and Kaplan (2011) measured very high apparent Kd values
for Ba from an actual saltstone core sample recovered from the Saltstone Disposal Facility: >15,000 mL/g
under oxidizing conditions, and 7400 mL/g under inert gas conditions. While radionuclide immobilization
in the presence of slag is commonly attributed to the reduction process, for Ba, immobilization is likely the
result of the formation of a sulfate/sulfide precipitate. These latter results using site specific materials are
especially representative of conditions expected under disposal conditions. Therefore, larger Kd values are
warranted for Sr (and Ba) OPC/BFS-blends than in traditional OPC blends.

Sr

1000

1000

100

Stable Sr, exists in very high concentrations with respect to radiostrontium in cements, ranging from
100 to 1000 ppm. The presence of large amounts of stable Sr is expected to be especially important in
systems with high sulfur concentrations, as exists in BFS-blends. When sulfate concentrations are high,
SrSQy precipitates. SrSO4 has a solubility of 3.2 x 10”7 M (strontium sulfite solubility product is even
lower, SrSOs ks = 4 x 10 M). Almond and Kaplan (2010) measured very high apparent St Kd values in an
actual saltstone core sample recovered from the Saltstone Disposal Facility: 5728 mL/g under oxidizing
conditions, and 737 mL/g under inert gas conditions. Similarly, Reigel and Hill (2016) measured
appreciably lower apparent Sr Kd values in an actual saltstone core sample recovered from the Saltstone
Disposal Facility: ~40 mL/g under oxidizing conditions, and ~50 mL/g under inert gas conditions. The
cause for the discrepancy of these results compared to earlier results and literature results is not known.
While radionuclide immobilization in the presence of slag is commonly attributed to the reduction of the
radionuclide to a less mobile oxidation state, in the case of Sr (and Ba), the presence of sulfur, the reducing
agent, is responsible for immobilization through the formation of sulfate/sulfide precipitates. These latter
results using site specific materials are especially representative of conditions expected under disposal
conditions. Therefore, larger Kd values are warranted for Sr (and Ba) OPC/BFS-blends than in traditional
OPC blends.

Cr

1000

1000

1000

Under reducing conditions, it is recommended that Cr(III) sorption be characterized with a solubility term;
K, values are provided here to offer alternative modeling approaches and to accommodate any potential
numerical models that cannot use ks values. Kindness et al. (1994) reported that <0.01 ppm Cr leached
from a well cured OPC/BFS monolith prepared with water and spiked with 5000 ppm Cr(III). Using these
values, a Ky value is >500,000 mL/g, and an apparent solubility value, solubility values of <2E-7 mol/L.
Bajt et al. (1993) observed XAS spectra of the reduction of Cr(VI) in SRS reducing grout to Cr(III). Rai et
al. (1987) measured the solubility of Cr(III) at varying pH and ionic strengths and as varying solid phases.
Evans (2008) reported that Cr(III) is structurally incorporated into numerous cement phases, including
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hydrogarnet, and CSH phases, where the Cr*" replaces octahedrally coordinated AI**. Polettini and Pomi
(2003) reported that Cr** could substitute into Si sites of CSH. Westsik et al. (2013) reported Cr apparent
diffusion coefficients for 26 Cast Stone (BFS-cement) samples with a wide range of formulations. Cr
apparent diffusion coefficients (10712 to 10!* cm?/sec) were 4 to 6 orders-of-magnitude slower than nitrate,
nitrite, and Na (assumed to be conservative tracers with no retardation; 10 cm?/s), indicative of significant
retardation. Cr effective diffusion rates were also 2 to 4 orders-of-magnitude lower than Tc. Assuming
reversible and linear sorption is responsible for the Cr retention to the Cast Stone, the D, value are
inversely related to retardation factor, which in turn is directly related to Ky (i.e., D. = Dy¢/Ry). Cr Ky values
may be as much as 6 orders of magnitude greater than nitrate/nitrite/Na K, values, and 2 to 4 orders of
magnitude greater than Tc K, values. While this work suggests that Cr Kd values may by >10,000 mL/g,
lower values are recommended here to account for wide range of sources and forms of Cr in the solid and
liquid waste on the SRS.

Three studies have shown that I Kd values under reducing conditions are much less than under oxidizing
condition. Westsik et al. (2013) and Serne et al. (1992) showed that I had diffusion coefficients similar to
nitrate, nitrite and Na, suggesting that no I retardation occurred. Atkins and Glasser (1992) showed that I
Kd values for reducing cement was 5 mL/g and for OPC-cement was 40 mL/g. Similarly, Allard et al.
(1984) report I Kd values of 3 mL/g for slag-containing cements and for slag-free cement (ordinary
Portland cement) they reported an I Kd value of 125 mL/g. It is likely that part of the reason for the
differences between I Kd values can be attributed to changes in I speciation; reducing conditions will have
a greater percentage of iodide, the weakly sorbing species, and oxidizing conditions with have a greater
percentage of iodate, the more strongly sorbing species and the species most likely to coprecipitate in
various CSH phases. Reigel and Hill (2016) measured desorption '?° Kd values in an inert glovebag of
saltstone cores recovered from the Saltstone Disposal Facility of -1, 5, 4, and 2 mL/g under conditions that
would most closely approximate those of Stage II. These latter Kd measurements represent the highest
pedigree data. Kaplan and Coates (2007) measured on the benchtop (exposed to air) iodide I (iodide) Kd
values in Ca(OH), saturated and CaCOs-saturated solutions in ground, SRS reducing grout, simulating
Stages I&II, and Stage I11, respectively. The measured I" Kd values were 6.2 and 11 mL/g, respectively.
The best estimate Kd value in Stage I is set to 0 mL/g because of high ionic strength and low redox. Kd
values in the 2" stage are slightly increased to capture the results from actual Saltstone samples noted
above (Reigel and Hill, 2016). In Stage III, the Kd value is reduced again because all CSH phases have
been exhausted and cementitious leachates have elevated ionic strength. Recent effective diffusivity
measured of saltstone made with different sources of BFS by Seaman et al. (2018) indicated that '*T was
not retained by the grout, more specifically, that '?[ effective diffusivity was similar to that of nitrate, 10%
to 10 cm?s.

Np, Pa

10,000

10,000

5000

Np(V) added to cementitious materials without BFS under goes oxidation state transformation to more
strongly binding species, Np(VI) and Np(IV) (Gaona et al., 2011; Tits et al., 2014; Zhao et al., 2000).
These transformed oxidation states are likely responsible for the unexpectedly high Kd values noted in the
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literature. These XANES and EXFS studies have shown that that the Np formed sparingly soluble phases,
co-precipitated, and also sorbed to the cementitious material surfaces. Kaplan and Coates (2007) measured
Np(V) and Pa(V) (often considered chemical analogues) Kd values in Ca(OH), —saturated and CaCO:s-
saturated solutions in ground, SRS reducing grout, simulating Stages I & II, and Stage III, respectively. It
is not clear whether each element underwent reduction to the +4 species, based on thermodynamic
considerations alone, they would be expected to have been reduced. The Np Kd values in the Ca(OH),
solution were 3,949 m/g and in the CaCOj3 solution was 2,779 mL/g. .) The Pa Kd values in the Ca(OH),
solution was 9,890 mL/g and in the CaCOs solution was 8,049 mL/g. Kaplan et al. (2008a) using reducing
DDA simulant Saltstone (25 wt-% slag) and Vault 2 concrete (10% slag) measured Np(V) Kd values that
were all “greater than values”. Commutatively, the Kd values were >4218 mL/g. Lilley et al. (2009)
measured 10 cementitious Np Kd values >1E6 mL/g, using varying types of solids (50-year old cement,
two SRS Saltstone simulants, and Vault 2 Cement), and contact times of 1 or 4 days, and 3 NpOy
concentrations. They demonstrated that solubility was controlling sorption. (See discussion in apparent
solubility look-up tables.) Ochs et al. (2016) recommended Np(IV) Kd values of 30,000, 30,000, and
30,000 for Stages I, II, and III, respectively.

Se, Mo,
Te

300

300

200

Se may exist as either Se(IV) or Se(0) under reducing conditions (Ochs et al., 2010). Selenite sorbed
appreciably on nearly all hardened cement paste minerals, as well as to harden cement paste. The sorption
mechanism is not known but appears to include a combination of substitutions into sulfate containing
phases, such as ettringite, and surface complexation, ligand exchange, and adsorption. Twenty-seven
cementitious formulations (varying water/solid, silica fume %, and clay concentration) were used to
measure selenite (SeO3%) Kd values from an alkaline solution Kd values ranging from 250 to 930 mL/g
(Johnson et al. 2000). Several researchers have measured selenite Kd values for various formulations of
hardened cement paste formulations: Johnson et al. (2000) measured >570 mL/g (included slag in
formulation), Pointeau et al. (2008) measured Kd values >1000 mL/g after 1000 days of curing, and Mace
et al. (2007) measured Kd values of >3250 mL/g. In a review of Se Kd values, Ochs et al. (2010) reported
little difference as a function of pH between 9 and 13, therefore it is reasonable to keep the same Kd values
the same for all three Stages.

Regarding Mo, the only aqueous species relevant to a cement system is the MoOs>. In slag cements,
however, sufficient sulfide could be present to form MoS,.

Pu

10,000

10,000

2000

Kaplan and Coates (2007) measured Pu(VI) Kd values in Ca(OH);-saturated and CaCO;-saturated
solutions in ground, SRS reducing grout, simulating Stages 1&I1, and Stage III, respectively. The Pu(VI)
likely reduced to Pu(IV). The measured Pu Kd values were 5760 and 11055 mL/g, respectively. In the
same study, Kaplan and Coates (2007) also measured Sn (tin) sorption, also a tetravalent cation. It had a
Kd of 71,762 mL/g in Ca(OH), and 5520 mL/g in the CaCOs solutions. Using SRS DDA simulated
Saltstone, Kaplan et al. (2008d) measured a Kd of 12,176 mL/g in Ca(OH), saturated solution and a Kd of
165,570 mL/g in a CaCQs saturated solution. The first solution was design to simulate Stages [&II aqueous
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conditions, whereas the second solution was to simulate Stage III. Pu(VI) was added but it likely reduced
to Pu(IV) during the course of the measurement.

Ochs et al. (2016) recommended using Pu(IV) Kd values of 5000, 30,000 and 30,000 mL/g for Stages I,
11, and III, respectively.
U 5000 5000 5000 Precipitation and coprecipitation are important U immobilization processes under oxidizing and

reducing cementitious conditions. Most studies of U immobilization have been conducted with non-
reducing grout. The only exception is the study by Bayliss et al. (1996) in which both U(IV) and U(VI)
sorption were measured in otherwise identical conditions. They reported no major differences in U(IV) and
U(VI) Kd values. Another indication of the strong U binding potential of potential BFS-containing
cementitious materials was reported by Cantrell et al. (2016), where they concluded that the best U
effective diffusion coefficients, D,, value for Cast Stone is <6E-16 cm?/s (which is approximately
equivalent to Kd value >1,000,000 mL/g), which was the slowest noted diffusion of all radionuclides
investigated.

As part of an extensive review of the literature, Ochs et al. (2016) concluded that there were no
significant differences between recommended U K values for the three cement stages; for Stages I, II, and
111, they recommended 30,000, 30,000, and 30,000 mL/g, respectively. The recommended values here
have been set lower than those recommended by Ochs et al. (2016) to capture the uncertainty associated
with the disposal of U as possibly several different species (e.g., U speciation in saltstone versus in solid
waste).

@ The age of each of the stages is facility specific because it depends on the amount of water that passes through the cementitious material (see Section 4.4).
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All constituents of concern except Ba, Ra,

and Sr

Used Kd values noted in Table 17 for oxidizing cementitious materials.

Ba, Ra

6000

6000

600

The presence of sulfur can greatly increase Kd values of alkaline earth metals (Ba, Ra, and Sr).
BFS contributes sulfur to cementitious waste forms. BFS exists in many SRS cementitious material
formulations, including saltstone and materials used for tank closure, and most formulations used for
several solid LLW disposal (Section 5.0). Almond and Kaplan (2011) measured the solubility of Ba
from a core sample recovered from the SRS Saltstone Disposal Facility using simulated
cementitious leachate. Under oxidizing conditions, the solubility was <1.9 x 107 M Ba and under
reducing conditions, the solubility was 3.9 x 10”7 M Ba. This same data expressed as apparent Kd
values was >15,000 mL/g under oxidizing conditions, and 7400 mL/g under inert gas conditions.
While radionuclide immobilization in the presence of slag is commonly attributed to the reduction
process, for the alkaline earth metals, additional immobilization results from the formation of a
sulfate/sulfide precipitate. Barium sulfate is highly insoluble in water (k; = 1071 M; Barium sulfide
has only a slightly higher solubility value of k; = 5 x 10"'M). These latter results using site specific
materials are especially representative of conditions expected in cementitious systems containing
BFS, either reduced or oxidized, where larger concentrations of sulfur exist in the waste form. As
the saltstone ages, i.e., undergoes oxidation, the sulfide converts to sulfate, which is also highly
effective at immobilizing the alkaline metal earth elements. Therefore, larger Kd values are
warranted for these elements in OPC/BFS-blends than in OPC type blends. For reoxidized
cementitious materials containing slag, it is recommended that Kd values for Stages I, II, and III of
6000, 6000, and 600 mL/g, respectively, be used.

Sr

1000

1000

100

The presence of large amounts of stable Sr is expected to be especially important in systems with
high sulfur concentrations, as exists in BFS-blends. When sulfate concentrations are high, SrSO4
precipitates. SrSO4 has a solubility of 3.2 x 1077 M (strontium sulfite solubility product is even
lower, SrSOs k; = 4 x 10-® M). Almond and Kaplan (2011) measured very high apparent Sr Kd
values in an actual saltstone core sample recovered from the Saltstone Disposal Facility: 5728 mL/g
under oxidizing conditions, and 737 mL/g under inert gas conditions. For oxidized cementitious
materials containing slag, it is recommended that Kd values for Stages I, II, and IIT of 1000, 1000,
and 100 mL/g, respectively, be used.

@ Reoxidized cementitious materials are cementitious materials that include BFS in their formulation and have aged to the point that their reduction capacity
has been exhausted. Unlike redox sensitive radionuclides, such as Tc, I, Np, and Pu (as noted in Table 19), that have different Kd values based on the redox
status of the cementitious material, Ba, Ra, and Sr have large Kd values to cement formulations including BFS, irrespective of the redox status because they
form strong bond to the sulfur in BFS, regardless of whether the S is oxidized or reduced.

®) The age of each of the stages is facility specific because it depends on the amount of water that passes through the cementitious material (see Section 4.4).
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Table 20. Apparent solubility values (ks, mol/L) for the Oxidizing Cementitious Environment.

Constit- Oxidizing | Oxidizing | Oxidizing Comments/References
uent of Cement ks | Cement ks | Cement ks
Concern | Stagel® | Stage I® | Stage III®
*H, A{, As, NA NA NA No solubility constrains are assumed to exist with these radionuclides.
At, Cl, Cr,
Cs,F, Fr, 1,
K, Kr, Mn,
Mo, N, Na,
Nb, Pu, Rb,
Re, Rn, Sb,
Se, Tc, Te,
T1
c® 107 106 103 Solubility, ks: For a cement dominated repository environment, at relatively low flow or
stagnant groundwater flow conditions, the near field, alkaline chemical conditions are likely
to exert control on calcite solubility and thus inhibit '“C release from the waste form. The
solubility will be primarily controlled by natural carbonate concentrations, not '“C-carbonate
concentrations. Natural carbonate concentrations, in turn will be largely controlled by pH.
Based on thermodynamic calculations, Bradbury and Sarott (1995) calculated the
concentration of aqueous and solid phase natural carbonate concentrations as a function of
pH. These values were used in this table. Krupka et al. (2004) came up with similar results.
For young concrete, they assumed that portlandite controls Ca concentrations to 10 M and
CO;* at 10° M (Krupka et al., 2004). Ca concentrations are set by the solubility of calcite to
“fix” the carbonate concentration. For aged cement the Ca is controlled at 102 M by some
undefined reactions (Krupka et al. 2004). Subsurface C chemistry in a cementitious
environment has been reviewed (Dayal et al., 1989; Dayal and Reardon, 1992) and modeling
gaseous '“C in cementitious environments in the SRS subsurface has been discussed by
Kaplan (2005).
Kd values ©: As discussed in Section 6.1 and shown in Table 17, the paired Kd value
associated with these & values for Stages [, 11, and III, are 2000, 5000, and 50, respectively.
Ac, Al, 1ot 108 107 Solubility, ks: All +3 oxidation state: Young Concrete: Am solubility in concrete rinsate at
Am, Bk, pH 12 =8e-11 M, at pH 13 = le-11 to 7e-12 M Am (Ewart et al., 1992). Solid phase
Bi, Ce, controlling solubility assumed to be Am(OH); or Am(OH)COs3 (Brady and Kozak, 1995;
Cf, Cm, Ewart et al., 1992; Ochs et al., 2016). Using a variety of cements and contact times of 100
Es, Eu, days under oxidizing conditions measured Am solubility average was le-11 M (Allard et al.,
Fe, Fm, 1984). Experiments with sulfate resistant Portland cement consistently had Eu concentrations
Gd, Lu, <le-11 M. Time-resolved laser fluorescence spectroscopy (TRLFS) showed that Eu was
Sm, Y incorporated within CSH and another fraction had properties suggesting it was within a
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structure like Eu(OH); (Atkins et al., 1993). Similarly, Cm was shown to be incorporated
into the structure of calcium-silicate-hydrate (CSH) gels (Wieland and Van Loon, 2003).
Moderately Aged Concrete: Am solubility in concrete rinsate (no solid phase) at pH 10 to 11
was le-8 to 1.5e-10 M Am (Ewart et al., 1992).

Kd values ©: As discussed in Section 6.1 and shown in Table 17, the paired Kd value
associated with these &, values for Stages I, II, and III, are 6000, 6000, and 600, respectively.

Ag, Cd, 107 107 10 Select Monovalent and Divalent Transitions Metals
Co, Cu, Solubility, &s: Solid phase assumed to control solubility is Co(OH), (Allard et al. 1984;
Pd, Pt, Zn Wieland and Van Loon, 2003). Experiments with sulfate resistant Portland cement had Co

solubility values of 5e-8 and 2e-7 M at pH 13.3 (Wieland and Van Loon, 2003). The
solubility of Co(OH), was calculated to be 6.5e-5 M (Wieland and Van Loon, 2003; Ochs et
al. 2016). Calculated values are considered less reliable than experimental values.
Experiments and calculations have also been done with aged cement end members under
alkaline cement conditions (Ewart et al., 1992; Brady and Kozak, 1995; Krupka and Serne
1998). Several experiments show solubility controls (Ewart et al., 1992; Brady and Kozak,
1995; Krupka and Serne 1998). Solubility controls of Ni are shown by (Atkins et al., 1993;
Hietanen et al., 1985; Pilkington and Stone, 1990).

Kd values ©: As discussed in Section 6.1 and shown in Table 17, the paired Kd value
associated with these &, values for Stages I, II, and III, are 4000, 4000, and 400, respectively.

Ni 107 107 106 Solubility, ks: Ni concentrations consistently in range of 5e-8 to 2e-7 M regardless of the
solid/liquid ratio (Wieland and Van Loon, 2003; Ochs et al. 2016).

Kd values ©: As discussed in Section 6.1 and shown in Table 17, the paired Kd value
associated with these & values for Stages [, 11, and III, are 70, 400, and 400, respectively.

Hg, Pb, 107 107 10¢ Solubility, ks: For a discussion about the basis for selecting the &, value, see above in this
Po table the discussion for Ag, Cd, Co, Cu, Pd, Pt, Zn.
Kd values ©: As discussed in Section 6.1 and shown in Table 17, the paired Kd value
associated with these & values for Stages I, 11, and III, are 300, 300, and 100, respectively.

Sn 107 107 107 Solubility, ks: For a discussion about the basis for selecting the £ value, see above in this
table the discussion for Ag, Cd, Co, Cu, Hg, Ni, Pb, Pd, Po, Pt, Sn, and Zn.

Kd values ©: As discussed in Section 6.1 and shown in Table 17, the paired Kd value
associated with these &, values for Stages I, II, and III, are 4000, 4000, and 200, respectively.

Np, Pa 10-13 1013 107 Solubility, ks: Neptunium sorption to aged SRS cement samples were conducted by Miller
et al. (2009). They used an ICP-MS which permitted them much lower detection limits than
conventional radiometric analytical methods and as a result, much lower Kd values were
measured. They added Np(V) at varying concentrations to ground 50-year old cement
samples and measured constant aqueous Np concentration at le-13 M, indicating solubility
controls. Oxidation state of radionuclides is +5. Assume that NpO," and PaO," is the
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controlling solid. There is empirical data in Ewart et al. (1992) that predicts much lower
concentrations than thermodynamic predictions (Eward et al., 1992; Brady and Kozak, 1995;
Krupka and Serne, 1998). Allard et al. (1984) added Np(V) to a variety of cements &
measured solubility after 100 days of 4e-9 M. Solubility of Np(IV) is ~1e-8 M for pH 9.75
through pH 12.6 (3). Thus, according to Allard et al. (1984) and Ewart et al (1992) solubility
of Np is about the same in concrete whether it is in +4 or +5 state. Miller et al (2009) had
appreciably better detection limits than Ewart et al. (1992) and the former were working with
aged material whereas the latter were working with fresh materials.

Kd values ©: As discussed in Section 6.1 and shown in Table 17, the paired Kd value
associated with these k& values for Stages I, II, and III, are 10,000, 10,000, and 5000,
respectively.

10°¢

10°¢

106

Solubility, ks: Ra solubility has been measured under a wide range of geochemical
conditions, and it’s tendency to coprecipitate under environmental conditions with other
alkaline metal earths has been the subject of several studies (Grandia et al., 2008; Monnin
and Galinier, 1988; Ochs et al., 2016). At moderate sulfate concentrations, several alkaline
earth metals (Sr, Ba, and Ra) have been shown to precipitate as X-SO,4 phases.

Kd values ©: As discussed in Section 6.1 and shown in Table 17, the paired Kd value
associated with these & values for Stages I, II, and III, are 200, 100, and 200 mL/g,
respectively. Note that when the system involves a slag-amended cement that has aged and
has since re-oxidize (as is the case with aged saltstone or grout in tank disposition) the Ra has
a paired Kd value of Stages I, 11, and III, of 6000, 6000, 600 mL/g, respectively.

Ba

10°

10°

NA

Solubility, ks: Ba, Ca, and Sr solubility has been measured under a wide range of
geochemical conditions, and it’s tendency to coprecipitate under environmental conditions
with other alkaline metal earths has been the subject of several studies (Grandia et al., 2008;
Monnin and Galinier, 1988; Ochs et al., 2016). At moderate sulfate concentrations, several
alkaline earth metals (Sr, Ba, and Ra) have been shown to precipitate as X-SO4 phases.

Kd values ©: As discussed in Section 6.1 and shown in Table 17, the paired Kd value
associated with these & values for Stages I, II, and III, are 200, 100, and 200, respectively.
Note that when the system involves a slag-amended cement that has aged and has since re-
oxidize (as is the case with aged saltstone or grout in tank disposition) the Ra has a paired Kd
value of Stages I, 11, and III, of 6000, 6000, 600 mL/g, respectively.

Sr

107

107

NA

Solubility, &s: Ba, Ca, and Sr solubility has been measured under a wide range of
geochemical conditions, and it’s tendency to coprecipitate under environmental conditions
with other alkaline metal earths has been the subject of several studies (Grandia et al., 2008;
Monnin and Galinier, 1988; Ochs et al., 2016). At moderate sulfate concentrations, several
alkaline earth metals (Sr, Ba, and Ra) have been shown to precipitate as X-SO4 phases.
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Constit- Oxidizing | Oxidizing | Oxidizing Comments/References
uent of Cement ks | Cement ks | Cement ks
Concern | Stagel® | Stage II® | Stage III®
Kd values ©: As discussed in Section 6.1 and shown in Table 17, the paired Kd value
associated with these & values for Stages I, II, and III, are 90, 20, and 90, respectively. Note
that when the system involves a slag-amended cement that has aged and has since re-oxidize
(as is the case with aged saltstone or grout in tank disposition) the Ra has a paired Kd value
of Stages I, 11, and III, of 1000, 1000, 100 mL/g, respectively.
U 106 103 106 Solubility, ks: Solubility controlling phases are likely U(VI) hydrous oxide [schoepite] and

uranophase [calcium U(VI) silicate] (Brady and Kozak 1995; Ochs et al. 2016). Brady and
Kozak (1995) calculated a solubility of 10 M U(VI). Ochs et al. (2016) calculated U(VI)
solubility at pH >12.2 was in the order of 10> M, and between pH 10 and 12.2, U(VI)
solubility was <10"'2M. King and Hobbs (2015) recently noted that U solubility under
oxidizing conditions simulating tank disposal, measured solubility values of 1.1E-4 to 1.4E-4
M. These are rather unique conditions that are generally not representative of most LLW
SRS disposal conditions.

Kd values ©: As discussed in Section 6.1 and shown in Table 17, the paired Kd value
associated with these k& values for Stages I, II, and III, are 1000, 5000, and 5000,
respectively.

@ The age of each of the stages is facility specific because it depends on the amount of water that passes through the cementitious material (see

Section 4.4).

® Inorganic carbon geochemistry is complicated. The use of only the Kd value without the associated solubility value in a cementitious environment
will greatly overestimate the true mobility of C through this environment. An excellent review of inorganic C chemistry and its impact of 1*C
attenuation in cementitious materials is presented in Wang et al. (2009).

© All k; values have associated Kd values, where aqueous solute concentrations are controlled by the &; value above the critical solubility value and by
the Kd value above the critical solubility value. This is discussed in Section 6.1 and depicted in Figure 1 — Bottom.
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Table 21. Apparent solubility values (ks; mol/L) for the Reducing Cementitious Environment.

Constit- | Reducing Reducing Reducing Comments/References
uent of | Cement ks | Cement ks | Cement ks
Concern | Stage I® Stage I1® | Stage I1I®

/n, 71,

SH, Ac, Ag, Al, Am, Ar, As, At, Bi, Bk, C, Ca, Cd,
Ce, Cf, Cl, Cm, Co, Cs, Cu, Es, Eu, Fr, F, Fe, Fm, Gd,
Hg, I, Lu, K, Kr, Mn, Mo, N, Na, Nb, Ni, Pb, Pd, Po,
Pt, Pu(V/VI), Rb, Rn, Sb, Se, Sm, Sn, Te, Tl, Th, Y,

These constituents of concern are assumed to have the same apparent solubility values and
distribution coefficients as for the Oxidizing Cementitious (Table 20Error! Reference source
not found.). Redox is not expected to influence apparent solubility values for these
radionuclides.

Ba, Ra

107

107

107

Solubility (ks) & Kd: The presence of sulfur can greatly increase Kd values of alkaline earth
metals (Ba, Ra, and Sr). BFS contributes sulfur to cementitious waste forms. BFS exists in
many SRS cementitious material formulations, including saltstone and materials used for tank
disposition, and most formulations used for solid LLW disposal (except those for Components-
in-Grout and Intermediate Level Vault grout filled materials (Section 5.0). Almond and Kaplan
(2011) measured the solubility of Ba from a core sample recovered from the SRS Saltstone
Disposal Facility using simulated cementitious leachate. Under oxidizing conditions, the
solubility was <1.9 x 10”7 M Ba and under reducing conditions, the solubility was 3.9 x 107 M
Ba. This same data expressed as apparent Kd values was >15,000 mL/g under oxidizing
conditions, and 7400 mL/g under inert gas conditions. While radionuclide immobilization in the
presence of slag is commonly attributed to the reduction process, for the alkaline earth metals,
additional immobilization results from the formation of a sulfate/sulfide precipitate. Barium
sulfate is highly insoluble in water (k, = 101 M; Barium sulfide has only a slightly higher
solubility value of ks = 5 x 1071 M) (Angus and Glasser, 1985). These latter results using site
specific materials are especially representative of conditions expected in cementitious systems
containing BFS, either reduced or oxidized, where larger concentrations of sulfur exist in the
waste form. As the saltstone undergoes oxidation, the sulfide converts to sulfate, which is also
highly effective at immobilizing the alkaline metal earth elements. Therefore, larger Kd values
are warranted for these elements in OPC/BFS-blends than in OPC type blends. For reoxidized
cementitious materials containing slag, it is recommended that Kd values for Stages I, II, and III
of 6000, 6000, and 600 mL/g, respectively, be used.

Kd values ®: As discussed in Section 6.1 and shown in Table 18, the paired Kd value
associated with these k; values for Stages I, II, and III, are 6000, 6000, and 600 mL/g,
respectively.

Sr

10

10

10

Solubility, ks: SrSO; has a solubility of 3.2 x 10”7 M (strontium sulfite solubility product is
even lower, SrSO; k; = 4 x 108 M). SrCOs is generally the controlling solubility phase.
However, Sr may coprecipitate as (Ca,Sr)COs; which has an even lower solubility value (Angus
and Glasser, 1985). But solubility controls are only important at pH <11, i.e., in the absence of
Ca(OH); and high ratios of calcium-silicate-hydrate gel. Therefore, coprecipitation is unlikely in
the paste matrix, but may occur at the cement/leachate interface. For this reason, Atkins and

116




SRNL-STI-2021-00017. Rev. 0

Constit-
uent of
Concern

Reducing
Cement ks
Stage 1@

Reducing
Cement ks
Stage 1@

Reducing
Cement ks
Stage 111®

Comments/References

Glasser (1992) recommend a minimum Sr solubility of ~2e-5 M. Almond and Kaplan (2011)
measured the Sr solubility from a core sample recovered from the SRS Saltstone Disposal
Facility using simulated cementitious leachate. Under oxidizing conditions, the solubility was
7.8E-7 M Sr and under reducing conditions, the solubility was 6.0E-6 M Sr. This solubility
value is likely to decrease even further if coprecipitation occurs (Ochs et al., 2016). No solubility
data is provided for “Aged Cement in the 3™ Stage” because it is believed that it will likely not
precipitate in this stage.

Kd values ®: As discussed in Section 6.1 and shown in Table 18, the paired Kd value
associated with these k; values for Stages I, 11, and III, are 1000, 1000, and 100 mL/g,
respectively.

Te(V),
Re(IV)

10°

10°

10°¢

Solubility, ks: Two recent Tc solubility values were made on actual aged Saltstone cores
recovered from the Saltstone Disposal Facility; as such, these measurements represent values
with high pedigree. Actual saltstone solubility values measured under largely reducing
conditions (in both cases some O, was detected in the glovebag) were 2E-10 M (Almond and
Kaplan, 2011) and 3E-8 M (Reigel and Hill, 2016). There were also three experimental Tc
solubility values measured under reducing conditions with simulated saltstone samples. A flow-
through experiment showed that Tc solubility ranged from 2E-6 to 1 E-7 M in saltstone leachate
(pH was 12.66 and Eh was -0.38 V) (Cantrell and Williams, 2012). In a batch experiment
conducted in an inert environment with simulated saltstone, Tc solubility after 319 days was
between 9E-9 and SE-10 M in a simulated saltstone leachate of pH ~11.8 and Eh -0.44 V (Estes
et al., 2012). In the same study but using reducing vault concrete (a slag-containing cement),
Estes et al. (2012) measured a solubility in the pH 10.9 and Eh -0.40 V leachate of 4.5E-10 M
Tc. Um et al. (2016), using a hydrated lime, 35% OPC, and 45% BFS formulation, reported a Tc
solubility of 4.3E-9 M. Thermodynamic modeling captured the data trends and the magnitude of
these experimental data from the SRS reasonably well (Li and Kaplan, 2012). The Tc solubility
during Stage III has a lower solubility to account for the general transformation of Tc into a more
soluble phase (as observed through spectroscopy; (Arai and Powell, 2015; Lukens et al., 2005;
Um et al., 2013) as the Eh of the system gradually becomes increasingly oxidized and the solid
phase Tc speciation transitions to more soluble species. Um et al. (2016) measured Tc(I'V)
solubility in a reducing grout formulation, LSW waste (20% hydrated lime, 35% OPC, 45%
BFS) and reported a best values of 3.4 x 10 M. Pinkston (2013) reviewed and conducted
thermodynamic calculation related to some early experiments, but did not review results from
actual Saltstone Disposal Facility studies. Bayliss et al. (1991) adsorbed Tc onto Portland cement
or concrete in an anoxic glove box with 0.05 M dithionite in 1.5 M NaCl (simulating Stage I) for
28 days in 50:1 water:crushed cement: K; = 5000 mL/g and measured Tc solubility was 10! M.
Assuming Tc,S7 as the solubility controlling phase, it was calculated that reducing grout used in
the SRS saltstone program would maintain Tc at a concentration of 1.4 x 102° M (2.4E-8 pCi/L)
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Constit- | Reducing Reducing Reducing Comments/References
uent of | Cement ks | Cement ks | Cement ks
Concern | Stage I®@ Stage I1® | Stage I1I®

(MMES, 1992). Allard et al. (1984) calculated that reducing concrete would maintain Tc at a
concentration <1E-10 M. The selected represented the lower range of values in the literature.
The only lower solubility values were reported by Cantrell and Williams (2012), however, their
flow through test may not have been at steady state. EPA 1315 Leaching studies with Tc-
amended saltstone indicate that after 2 months, Tc solubility was about 4E-9 M (Seaman et al.,
2019). SDU-2A cores had similar Tc apparent solubility values of 2E-9 M (Seaman et al.,
2019).

Kd values ®: As discussed in Section 6.1 and shown in Table 18, the paired Kd value
associated with these k& values for Stages I, II, and III, are 1000, 1000, and 1000 mL/g,
respectively.

Cr 107 10”7 107 Solubility, ks: Bajt et al. (1993) observed XAS spectra of the reduction of Cr(VI) in SRS
reducing grout to Cr(II). Rai et al. (1987) measured the solubility of Cr(III) at varying pH and
ionic strengths and as varying solid phases (at elevated pH environments, he reported Cr(III)
solubilities of <1E-8 M. Kindness et al. (1994) reported that <0.01 ppm Cr leached from a well
cured OPC/BFS monolith prepared with water and spiked with 5000 ppm Cr(III). Using these
values from Kindness et al. (1994), the K, value is >500,000 mL/g, and an apparent solubility
value, k;, is <2E-7 mol/L.

Kd values ®: As discussed in Section 6.1 and shown in Table 18, the paired Kd value
associated with these & values for Stages I, II, and III, are 1000, 1000, and 1000 mL/g,

respectively.
Np(IV), 1013 1013 107 Solubility, ks: Lilley et al (2009) measured Np(V) Kd values in Vault 2 cement containing
Pa(IV) 25% slag and two SRS Saltstone samples under reducing and oxidizing conditions. In oxidizing

conditions, they measured 1072 M solubility. Under reducing conditions, they measured 107> M
solubility values. One of the main reasons they were able to measure such low levels was
because they used an ICP-MS rather than conventional radiometric analytical methods. Under
reducing conditions, both Np and Pa are reduced from +5 to +4. In the tetravalent form they
would be expected to sorb very strongly or be insoluble. Assume that metal hydroxide is the
controlling solid. The empirical laboratory data generated by Ewart et al. (1992) is much lower
than thermodynamic predictions (Neck and Kim, 2001; Ochs et al., 2016). Berry et al. (1988b)
reported that Pa sorbed very strongly, but due to experimental problems (sorption to glassware
and filters) was unable to come up with reliable cement sorption values. It is assumed that the
cementitious materials remain reducing throughout all three stages.

Kd values ®: As discussed in Section 6.1 and shown in Table 18, the paired Kd value
associated with these k&, values for Stages I, 11, and III, are 10,000, 10,000, and 5000 mL/g,
respectively.

Pu 10712 10712 107 Solubility, ks: Lilley et al (2009) measured Pu(V) Kd values in Vault 2 cement containing 25%
slag and 2 Saltstone samples under reducing and oxidizing conditions. In both oxidizing and
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Constit-
uent of
Concern

Reducing
Cement ks
Stage 1@

Reducing
Cement ks
Stage 1@

Reducing
Cement ks
Stage 111®

Comments/References

reducing conditions he measured 10712 M solubility levels. The Pu(V) presumably quickly
reduced to Pu(IV) (or perhaps less likely Pu(Ill)) in these experiments. Pu(IV) solubility
measured by adding Pu(IV) spike into concrete rinsate under reducing conditions without solid
phase and adjusting pH: from 9 to 11 the solubility was 1E-10 to SE-11; essentially not changing
(Brady and Kozak, 1995; Ochs et al., 2016). Assumed Pu(OH)4 controlled solubility. Based on
thermodynamic calculations, solubility limits under reducing cementitious conditions were
estimated to be less than 10°to 107/ M Pu (9). It is assumed that the cementitious materials
remain reducing throughout all three stages. Lilley et al (2009) measured Pu(V) Kd values in
Vault 2 cement containing 25% slag and 2 Saltstone samples under reducing and oxidizing
conditions. In both oxidizing and reducing conditions he measured 10! M solubility levels.
Pu(combo) is a single geochemical parameter for Pu taking into account its many oxidation
states. For this system, all Pu is assumed to exist in the +4 oxidation state. King and Hobbs
(2015) recently noted that Pu solubility under reducing conditions simulating tank disposal,
measured solubility values of <1.6E-12 to 4.6E-10 M. These are rather unique conditions that
are generally not representative of most LLW SRS disposal conditions.

Kd values ®: As discussed in Section 6.1 and shown in Table 18, the paired Kd value
associated with these &, values for Stages I, II, and III, are 10,000, 10,000, and 2000 mL/g,
respectively.

10

107

107

Solubility, &s: U(IV) solubility measured by adding U(IV) spike into concrete rinsate under
reducing conditions without solid phase and adjusting pH: from 5 to 13 the solubility was 8E-7
to 2E-7 M; essentially not changing over that entire pH range (Ewart et al., 1992). This wide pH
range suggests that the solubility concentration limits does not change as a function of cement
Stage. Assumed UO»(crystal) and UO,(amorph) were the solubility controlling phases. Based on
thermodynamic calculations, solubility limits of U under reducing cementitious conditions were
estimated to be less than 10° to 1071 M U(IV) (Brady and Kozak, 1995; Ochs et al., 2016). It is
assumed that the cementitious materials remain reducing throughout all three stages. King and
Hobbs (2015) recently noted that U solubility under reducing conditions simulating tank
disposal, measured solubility values of 1.9E-7 to 2.5E-5 M. These are rather unique conditions
that are generally not representative of most LLW SRS disposal conditions.

Kd values ®: As discussed in Section 6.1 and shown in Table 18, the paired Kd value
associated with these & values for Stages I, II, and III, are 5000, 5000, and 5000 mL/g,
respectively.

@ Discussion of the age of each of the stages is facility specific because it depends on the amount of water that passes through the cementitious material
(see Section 4.4).
®) All &, values have associated Kd values, where aqueous solute concentrations are controlled by the &, value above the critical solubility value and by
the Kd value above the critical solubility value. This is discussed in Section 6.1 and depicted in Figure 1 — Bottom.
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Table 22. Cementitious Leachate Impact Factors, fcemenizeach (EQ. 6).

f CementLeach
Element (Unitless) Analog Comments @
Ac 1.5 Eu trivalent
Because Sr is not a good analog (Sr is a hard base and Ag is much softer),
Ag 3.2 Sr assumed half the impact factor
Al 1.5 Eu trivalent
Am 1.5 Eu trivalent
Ar 1 None inert
As 1.4 Se oxyanion
At 0.1 1 monovalent anion
Ba 3 Sr hard divalent cation
Bi 1.5 Eu trivalent
Bk 1.5 Eu trivalent
C 5 C carbonate
Ca 3 Sr hard divalent cation
Cd 3 Sr hard divalent cation
Ce 1.5 Eu trivalent
Cf 1.5 Eu trivalent
Cl 0.1 Cl monovalent anion
Cm 1.5 Eu trivalent
Because Sr is not a good analog (Sr is a hard base and Co is much softer),
Co 3.2 Sr assumed half the impact factor
Cr 1.4 Se oxyanion
Cs 1 Cs hard monovalent cation
Because Sr is not a good analog (Sr is a hard base and Cu is much softer),
Cu 3.2 Sr assumed half the impact factor
Es 1.5 Eu trivalent
Eu 1.5 Eu trivalent
F 0.1 Cl monovalent anion
Fe 1.5 Eu trivalent
Fm 1.5 Eu trivalent
Fr 1 Cs hard monovalent cation
Gd 1.5 Eu trivalent
H 1 H no impact on *H chemistry, set impact fact to 1.
Because Sr is not a good analog (Sr is a hard base and Hg is much softer),
Hg 3.2 Sr assumed half the impact factor
1 0.1 1 monovalent anion
K 1 Cs hard monovalent cation
Kr 1 None inert
Lu 1.5 Eu trivalent
Mo 1.4 Se oxyanion
Mn 1.4 Se oxyanion
N 0.1 1 monovalent anion
Na 1 Cs hard monovalent cation
Nb 1.4 Se oxyanion
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f CementLeach
Element (Unitless) Analog Comments @
Because Sr is not a good analog (Sr is a hard base and Ni is much softer),
Ni 3.2 Sr assumed half the impact factor
Np 1.5 Np Assume NpOy
Pa 1.5 Np Assume PaOy
Because Sr is not a good analog (Sr is a hard base and Pb is much softer),
Pb 3.2 Sr assumed half the impact factor
Because Sr is not a good analog (Sr is a hard base and Pd is much softer),
Pd 3.2 Sr assumed half the impact factor
Po 2 Pu Tetravalent, Pu is only a marginal analog
Pt 3.2 Pu Ni analog
Pu 2 Pu Pu is Solubility controlled at pH >9
Ra 3 Sr hard divalent cation
Rb 1 Cs hard monovalent cation
Re 0.1 Tc monovalent anion, ReO4
Rn 1 None Inert
Sb 1.4 Se Oxyanion
Se 1.4 Se Assumed dominate phase SeO4*
Sm 1.5 Eu trivalent
Sn is actually a soft divalent metal, whereas Sr is a hard metal therefore,
Sn 3 Sr not a good analog match
Sr 3 Sr hard divalent cation
Tc 0.1 Tc Monovalent oxyanion
Te 1.4 Se Assumed dominate phase TeQ4>
Th 2 Pu Pu is predominantly +4 in sediments
Tl 1 Cs Cs is a hard-monovalent cation; Tl is appreciably softer, not a good analog
U 3 Sr hard divalent cation
Y 1.5 Eu trivalent
Zn 3 Sr hard divalent cation
Zr 2 Pu Tetravalent, Pu is only a marginal analog

@ All data in this table in based on experimentation conducted with offsite material (Cantrell et al. 2007).
Cementitious Leachate Impact Factors are discussed in more detail in Section 4.4.5 and 4.4.6, in particular Table 2.
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7.0 FUTURE RESEARCH AND DATA NEEDS

In the process of collecting data for this geochemical data package, several data needs were
identified. Identifying data needs is part of the PA maintenance program, which provides a
vehicle to update PA calculations when new or improved data become available or when new
information is learned that requires additional modeling scenarios to be conducted. The
following is a list of the key geochemical areas that require additional research.

1. Kd Values for Cementitious Leachate Impacted Sediment Environments: Measure Kd
values for key constituents of concern under conditions simulating cementitious leachate
sediment environments (Sections 4.4.5 and 4.4.6).

2. Solubility controls in cementitious waste forms: Many elements, besides Tc, may be best
represented as controlled by solubility, especially in oxidizing and/or reducing
cementitious materials. In many cases, besides being more accurate of the geochemistry
occurring in the cementitious waste forms, it would reduce conservatism. Specific
elements that almost certainly would be better represented by solubility as opposed to
sorption controls include, but not limited to Ba, Cr, Np, Pa, Pb, Pu, Sr, and U.

3. Reactive Transport Modeling: Although Kd and apparent solubility values are
convenient for use in transport models, they are not robust parameters applicable to the
evolving geochemical conditions expected over the duration of the PA calculations
(Sections 3.1 and 3.3). For this reason, it is necessary to rely on site-specific and
condition-specific experiments to provide insight into how the constituents of concern
interact with the solid phase. A reactive transport model requires that important ancillary
aqueous solutes, such as pH or dissolved organic carbon concentrations be modeled along
with the radionuclide concentrations. Changes in the concentrations of these ancillary
parameters are known to greatly influence the mobility of many constituents of concern.
The present PA attempts to estimate the impact of these ancillary parameters by
organizing the Kd values into Conceptual Environments, but a more elegant and robust
approach would be to model the spatial and temporal changes of key ancillary parameters
that may in turn influence how constituents of concern interact with the solid phase.
There are several software programs presently available to accomplish this, but they
would need to be parameterized for SRS conditions.

4. C-14 Geochemistry in Cementitious and Natural SRS Subsurface Environments: There
is little information about inorganic C chemistry under natural SRS subsurface
conditions. Given the importance of C-14 to risk calculations, additional attention should
be directed at understanding how C-14 interacts with sediments at varying pH levels and
in the presence of natural organic matter. The latter is especially important for composite
analyses or where cellulose degradation products may be present.

5. Impact of Corrosion Products on Constituents of Concern Immobilization in
Cementitious Systems: All cementitious waste disposal systems include either iron
structural support, such as rebar, or are incased in iron structures, such as in tanks. Few
studies exist that provide insight into the long-term geochemical (as oppose to structural)
impact of iron corrosion on constituent of concern immobilization in cementitious
systems. It is anticipated that while greater flow rates will exist in an aged cementitious
system, that the presence of iron as mixed-oxides in the system may greatly increase the
immobilization of some radionuclides, such as Pu and U.
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